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ABSTRACT 

 

The Nhlabane Estuary is a small temporary open/closed estuary along the Northern KwaZulu-Natal 

coastline, 40 km north of Richards Bay. Historically, the Nhlabane Estuary formed the tidally 

influenced lower reaches of the Nhlabane coastal lake system, but in 1978, its connection with the 

coastal lake was permanently severed by the construction of a weir across the upper end of the 

estuary. The weir altered the natural flushing regime of the estuary, resulting in the estuary mouth 

often remaining closed for a number of years. Dune mining operations around the estuary raised 

concerns about trace metal concentrations in the estuary. This study was initiated following concerns 

about the ecological integrity of the estuary in relation to reduced freshwater input into the system and 

its effect on the macrobenthic community, as well as the potential trace metal contamination of the 

estuary water, sediment and biota due to mining activities. The study aimed to describe the 

macrobenthic community of the Nhlabane Estuary during the post-drought period 1996-1999, to 

assess the ecotoxicological status of the Nhlabane Estuary in relation to dune mining activities and to 

determine the suitability of two resident amphipod species,  Corophium triaenonyx and 

Grandidierella lignorum, as potential test organisms for sediment toxicity testing in estuarine 

environments.  

 

Quarterly samples of the benthos, water and sediment were collected at six sites in the estuary over 

the period 1996-1999. Physical water quality parameters were measured in situ at each sampling 

station. At the start of the study, the estuary showed a highly stressed benthic community 

characterized by low species richness and densities, caused by a combination of a naturally occurring 

drought event exacerbated by anthropogenically induced lack of freshwater input into the system. The 

number of taxa and benthic densities increased significantly after the mouth was breached.  The 32 

macrobenthic taxa recorded during the four year study period were dominated by estuarine 

crustaceans, notably the two amphipods amphipods, C. triaenonyx and G. lignorum, and the 

polychaetes Ceratonereis keiskamma, Desdemona ornata and Prionospio sexoculata and the tanaid 

Apseudes digitalis. Multivariate analysis showed a marked temporal change in the benthic 

community, reflected in significant changes in the number of taxa, density, species richness and 

species diversity during the 1996-1996 study period. This represented a recovery in the Nhlabane 

Estuary benthic following the extended period of mouth closure during the 1992-1995 drought.  

 

Trace metal concentrations in the Nhlabane Estuary water, sediment and invertebrate tissues were 

consistently lower than in regional anthropogenically influenced estuaries. Normalization of Nhlabane 
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Estuary sediment metal concentrations to background concentrations for  uncontaminated KwaZulu-

Natal coastal areas showed the system to be uncontaminated, with dune mining not being the cause of 

pollution in the system. Trace metal concentrations in the two amphipod species, G. lignorum and C. 

triaenonyx, also compared favorably with that found in similar species, providing further evidence of 

the relatively uncontaminated conditions in the system. 

 

Amphipods are commonly utilized throughout the world to test the toxicity of potentially 

contaminated sediments in marine and estuarine environments, because they are ecologically relevant, 

are sensitive to sediment contaminants and are suitable for laboratory experimentation.  Laboratory 

studies with cadmium, zinc and copper to test the suitability of the two local amphipod species, 

Grandidierella lignorum and Corophium triaenonyx as test organisms in sediment toxicity tests, 

showed that both species accumulated Cu and Zn in their bodies in relation to increasing 

concentrations of the metals in the sediment. The ability to accumulate trace metals during exposure 

to contaminated sediments is one of the primary requirements in sediment bioassay test organisms, 

and results from this study have clearly shown both species to be sensitive to and accumulate 

bioavailable Cu and Zn in sediment.  

 

Lack of estuarine management means that estuaries in South Africa have been subjected to increasing 

pressure, both indirectly from the effects of catchment utilization, which affect their water supply, and 

directly from the increasingly industrial and residential development along the coastal zone. As a 

result, many South African estuaries have become functionally degraded, which has resulted in a loss 

of species. The Nhlabane system is located in a forestry dominated catchment, so the system is 

subjected to limited industrial and residential encroachment and organic and inorganic chemical 

contamination. Results from this study showed that trace metal concentrations in the water and 

sediment were low and within environmentally acceptable levels. Construction of the Nhlabane weir, 

however, deprived the Nhlabane Estuary of adequate freshwater and altered the natural flushing 

regime. The functioning of the estuary and the state of its biotic communities are largely dependent on 

the maintenance of the estuarine-marine link, which in turn are directly related to freshwater input 

from the lake. In an Estuarine Flow Requirement (EFR) study, which forms part of the RDM based 

Ecological Reserve Determination process for aquatic ecosystems in South Africa, water allocations 

were determined to maintain the ecological integrity of the Nhlabane Estuary.  The EFR study 

recommended that during droughts the system be permitted to close for a year, but that this was only 

acceptable 1 year in 3. The recommended environmental flows for the estuary have not been 

implemented by DWAF and no allocation of water is allowed for the Reserve for the estuary. As such, 

abstraction of water from the lake is still causing water levels in the lake to be consistently below 

overflow levels.  
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Results from this study showed that the Nhlabane Estuary, once regarded as one of the most pristine 

estuaries along our coastline, has been adversely affected by impoundment of the lake to the point 

where it ceases to be a functional estuary for periods of time extending over a number of years. 

Although this study has shown that the ecotoxicological condition of the estuary is generally good, the 

system is hydrologically stressed due to freshwater deprivation. There is currently no management 

plan for the estuary that can address these issues. Based on this, the following key issues should be 

addressed if the future ecological functioning of the Nhlabane Estuary is  to be ensured: 

�  It is imperative that the Ecological Reserve for the estuary be implemented, as this will ensure that 

freshwater allocations for the estuary be adhered to. 

�  A management plan should be designed and implemented for the estuary by MCM in which all 

stakeholders are represented. 

�  Management of the estuary should incorporate not only the estuarine environment, but also be 

directed at a catchment level.  

�  A monitoring program consisting of key ecological components, which should complement the 

existing database and investigate long-term temporal and spatial changes in important biotic 

communities in the estuary, should be regarded as a priority. 

�  The Nhlabane Estuary should be considered to be of high conservation importance as it is one of 

the few estuaries along the coastline that is not adversely affected by industrial development, 

other than dune mining, in its catchment. Motivation for the Nhlabane Estuary to be made a 

Estuarine Conservation Areas (ECAs) should be considered. 
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1. Introduction 
 
 
1.1 General Introduction 
 
Human populations are changing the earth’s ecosystems in fundamental ways, especially estuarine 

and inshore areas. This is evident in  a number of indicators, such as changing land cover and use, 

reduction in natural habitats, changes in the chemistry of the Earth’s atmosphere and water, fluxes of 

biogeochemical elements and materials and changes in diversity of life (Elliot and Quintino 2007). 

Consequences of rapid industrial expansion in recent decades have been an increase in demand for 

mineral resources, energy, housing, increased output of sewage and other waste products, and 

utilization of freshwater (Flemer and Champ 2006), with most of these affecting worldwide estuarine 

habitats.  Estuaries are, by nature of their locality at the transition zone between marine and freshwater 

environments,  traps of particulate material, including nutrients and waste material, and as such are 

vulnerable to nutrient over-enrichment and bioaccumulation of toxic waste.  

 

An estuary is the meeting place of a river or lake system and the sea. Here, freshwater and seawater 

mix, water flow is influenced by the tides, wave action is reduced, and sediment and nutrients are 

deposited during normal conditions and eroded during floods. This combination of processes creates a 

unique and rich ecosystem known for its biodiversity, and for the important functions that it performs, 

such as providing nursery areas for fish and invertebrate communities, conduits for species which 

move between ocean and rivers and rich feeding grounds for significant populations of migratory 

birds (Begg 1978). Since estuaries constitute transition zones where fresh water from land drainage 

mixes with seawater, they create some of the most biologically productive areas on earth (Kennish 

2002). Estuaries act as nursery areas for many marine and riverine organisms, support life-cycle 

completion of many fish and invertebrate species, are generally areas of high productivity due to the 

high nutrient load, provide numerous forms of recreation and are highly preferred residential areas. 

Financially they are important for trade and ecotourism and provide ports for commercial shipping, all 

which contribute significantly to the regional and national economy. However, as coastal populations 

increases and more people settle near estuaries and as more freshwater is abstracted from rivers, the 

ecological integrity of many South African estuaries is being threatened (Begg 1978, Lamberth and 

Turpie 2003).  

 

South Africa is characterized by a semi-arid climate with a highly seasonal and variable rainfall 

pattern. Growing demand for fresh water in southern Africa has led to widespread impoundment of 

rivers, often without adequate consideration of the impacts on estuarine ecosystems (Whitfield 2005). 

When river flow patterns are altered by impoundments and by surface and subsurface water 
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abstraction, and the natural flow regime and the intensity and frequency of flood events are thereby 

modified, these disturbances change natural fluctuations within estuarine ecosystems. Changes in the 

frequency and magnitude of river floods can greatly alter the sedimentary processes, depth profiles 

and mouth configuration in estuaries, thereby affecting the frequency and duration of open mouth 

conditions and the size of the tidal prism within an estuary, all of which ultimately affect the 

ecological functioning of the system (Reddering and Rust 1990, Whitfield 2005). Estuaries are 

dynamic ecosystems in which resident organisms are adapted to natural fluctuations in flow and 

salinity. Loss of estuarine variability through alteration of the natural flow regime in rivers often leads 

to wide spread changes in biotic communities, with species that are well adapted to fluctuating 

estuarine conditions declining in abundance relative to those species that benefit from a more 

‘constant’ environment. Freshwater deprivation also has the potential to restructure energy flow 

within the affected estuary, causing a shift from pelagic to benthic primary production (Allanson and 

Read 1995). Freshwater inflow is therefore vital to both pelagic productivity and the maintenance of a 

range of food chains within the estuarine environment (Schlacher and Wooldridge 1996).  

 
What is an estuary? Due to their complex nature, estuaries vary considerably in geomorphology, 

hydrography, salinity, tidal characteristics, sedimentation, and ecosystem energetics. As a result, 

biotic communities also differ substantially in estuarine systems. Elliott and McLusky (2002) 

reviewed definitions for estuaries used during recent years and concluded that there are difficulties in 

incorporating the importance of factors such as tidal influence and geographical limits into one 

universally accepted definition of an estuary for all parts of the world. Although a number of 

definitions for estuaries have been reviewed over the years, the most widely used definition for 

Southern African estuaries is that proposed by Day (1980): An estuary is defined as “a partially 

enclosed coastal body of water which is either permanently or periodically open to the sea and within 

which there is a measurable variation of salinity due to the mixture of sea water with freshwater 

derived from land drainage”.  

 

1.2 Estuaries in South Africa 

 
The southern African coastline from Maputo Bay in Mozambique in the east to Angola in the west is 

uniquely characterized amongst southern hemisphere coastlines by the combination of few near shore 

islands, strong wave action, and a very small number of sheltered bays. The estuaries along our 

coastline are therefore almost the only coastal habitats which are able to provide shelter from wave 

action and an environment in which salinities range from predominantly marine to fresh. South Africa 

is well endowed with estuaries, with 259 recognised functioning estuaries along its 3 100 km coastline 

(Whitfield 1992, 2000). Whitfield (1992) has described three biogeographic subdivisions of South 

African estuaries, these being the Cool Temperate zone on the west coast, the Warm Temperate zone 
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which extends from False Bay to the Mbashe estuary in the Eastern Cape, and the Subtropical Zone 

on the east coast between the Mbashe estuary and Kosi Bay. These three biogeographic regions 

originated from the different oceanic conditions formed off the South African east and west coasts due 

to the presence of the warm Agulhas current along the east coast and the cold Benguela current along 

the west coast. Estuaries within these zones have been shown to have relatively distinct faunal 

communities, and have also been found to differ significantly in their physico-chemical characteristics 

(Harrison 2004). Warm temperate estuaries are generally characterised by high salinities and low 

turbidities due to low rainfall and runoff, high seawater input and evaporative loss, while subtropical 

estuaries tend to have lower salinities and higher turbidity, due to relatively high runoff (Harrison 

2004). The biodiversity of estuaries in the cool-temperate zone is considerably lower than in the 

warm-temperate zone, with the subtropical estuaries having the highest species diversity of plants and 

animals. Despite the increase in biodiversity from the south western to the north eastern part of the 

country, the proportion of endemic species is much higher in the south than along the east coast 

(Breen and McKenzie 2001).  

 

South African estuaries have been classified into five types by Whitfield (1992, 2000) (Table 1.1):  
 

1. Estuarine bay: The small number of large natural and artificially formed bays are permanently 

linked to the sea and the salinity and water temperatures are strongly marine influenced.  

Marine and estuarine organisms dominate these systems and extensive 

wetland/mangrove swamps occur. 

2. Permanently open estuaries:  Vertical and horizontal salinity gradients are present and are 

influenced by river flow, tidal range and mouth conditions.  Physical conditions are 

marine dominated controlled during flow normal conditions and by river input during 

flood conditions. 

3. River mouths: Riverine influences dominate the physical processes in these estuaries.  The mouth 

is generally permanently open but the tidal prism is small and strong riverine outflow 

prevents marine intrusion.    Heavy silt loads are frequent in these estuaries often 

resulting in shallow mouths.   

4. Estuarine lakes: These are usually large (>1 200 ha) drowned river valleys separated from the sea 

by vegetated sand dune systems.  The dune can result in complete separation of the lake 

from the sea resulting in a coastal lake.  Estuarine lakes can be either permanently or 

temporarily linked to the sea and salinity within them is highly variable.  The tidal prism 

is small, and marine and river input have little influence on water temperatures, which 

are directly related to solar heating and radiation.  Estuarine, marine and freshwater 

organisms all occur depending on the salinity condition of the system. 
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5. Temporarily Open/Closed Estuary (TOCE):  This is by far the most common type of estuary in 

South Africa. Sand bars often form in the mouths of these estuaries as a result of a 

combination of low river flow conditions and longshore sediment movement, blocking 

off connection with the sea.  Seasonal flooding from river runoff causes breaching  of the 

mouth, followed by rapid infilling from marine and fluvial sediment.  Hypersaline 

conditions occur in these estuaries during times of drought. Due to their dependence on 

catchment runoff, these estuaries are vulnerable to poor catchment management and 

water abstraction. Tidal and riverine inputs control physical conditions in these systems 

when the mouth is open, but is independent of them when the mouth is closed.  Marine, 

estuarine and freshwater life forms are all found in these systems, depending on the state 

of the mouth. Whitfield and Bate (2007) promoted the distinction between intermittently 

open estuaries (IOE’s) and intermittently closed estuaries (ICE’s), with IOE’s being 

defined as estuaries which, on average, have no link with the sea for more than 50% of 

the time, while ICE’s comprise estuaries which, on average, have a channel linking the 

lower reaches to the sea for more than 50% of the time. Due to lack of data, for most 

estuaries it is not possible to determine whether they are IOE’s or ICE’s, so for the 

purpose of this study, the term Temporarily Open/Closed Estuary (TOCE) is retained. 

 

Table 1.1. Characteristics of the different types of estuaries and the number of estuaries of each type 

in each biogeographical zone (modified from Whitfield 2000). 

 

As shown in Table 1.1, the majority of South Africa’s estuaries are TOCE’s. This dominance is the 

result of the topography of our coastline which creates numerous small systems with relatively small 

catchments along the narrow southern and south-eastern coastal strips, with limited tidal exchange 

when open and a high energy surf-zone that can move large amounts of sediment into and across 

estuary mouths (Whitfield and Bate 2007). This numerical dominance of TOCE’s is particularly 

evident among east coast subtropical estuaries south of the Thukela estuary, with 98 of the 121 

subtropical estuaries falling into this category. North of the Thukela estuary, the coastal plain widens 

Type Tidal prism
Mixing 
process

Average 
salinity

Cool 
Temperate

Warm 
Temperate

Sub-
tropical

Total 
number

Total Size 
(ha)

Estuarine Bay Large  (>10 x 106 m3 ) Tidal 20 – 35 0 1 3 4 (2%) 8 145 (11%)
Permanently Open Moderate  (1-10 x 106 m3) Tidal/riverine 10 - >35 2 28 15 45 (17%) 10 961 (15%)

River Mouth Small  (<1 x 106 m3) Riverine <10 2 6 3 11 (4%) 1 222 (2%)
Estuarine Lake Negligible  (<0.1 x 106 m3) Wind 1 - > 35 0 4 2 6 (2%) 47 524 (65%)

Temporarily Open/Closed Absent Wind 1 - > 35 7 88 98 193 (75%) 5 140 (7%)

Total 11 127 121 259 72 992

Number per region
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considerably resulting in far fewer but larger estuaries, with the ten estuaries found north of the 

Thukela up to Kosi Bay comprising 95% of the estuarine area in KwaZulu-Natal, a section of 

coastline containing 72 estuaries. The subtropical zone contains 68% of South Africa’s estuarine 

habitat, with Lake St Lucia alone comprising just over 50% of the country’s estuarine area (350km2) 

(Whitfield 2000). Despite the fact that the St Lucia estuary is a World Heritage site, reductions in 

freshwater inputs have severely compromised its estuarine functioning as a nursery habitat during 

recent years (Cyrus and Vivier 1996). There is thus now a greater reliance on the remaining estuaries 

in the subtropical zone for maintenance of vital estuarine functions. 

 

1.3 Environmental threats and estuarine degradation 

Estuaries worldwide are subjected to a range of human impacts that increasingly compromise their 

ecological integrity, through rapid population growth and uncontrolled industrial development in 

many coastal regions (Chapman 2007a, Rainbow 2007). Ecosystem functioning and water quality in 

estuaries are often compromised by excessive nutrient input, the accumulation of chemical 

contaminants as well as direct and indirect habitat destruction (Kennish 2002). Estuarine degradation 

through effluent contamination and habitat alteration has far reaching ecological consequences, 

modifying the structure, function, and controls of estuarine ecosystems and contributing to the decline 

of biodiversity (Rainbow 2002). 

 

South Africa is no exception with regard to this worldwide trend in estuarine degradation. The 

condition of South African estuaries has been a matter of concern since the early 1970’s, particularly 

in KwaZulu-Natal,  when it was recognised that few estuaries in this region remained in their natural 

state (Turpie 2004). Begg (1978) found that only 20 of the 72 KwaZulu-Natal estuaries were in a 

good condition. Heydorn (1986) reported that of the 66 small estuaries in KwaZulu-Natal, about half 

were in moderate condition, while only 24% were in good condition. Ramm (1990) found, based on 

the health of their fish communities, KwaZulu-Natal estuaries to be generally degraded, with more 

than 75% being moderately, strongly or severely degraded. In a more recent assessment on the 

condition of our estuaries, Whitfield (2000) also reported that only 26% of the small KwaZulu-Natal 

estuaries could be considered to be in a good condition (defined as no major negative anthropogenic 

influences on either the estuary or catchment). Turpie (2004) reviewed all available information and 

showed that although the overall health of South African estuaries appeared to be relatively good, in 

certain areas, such as the KwaZulu-Natal coastline, the majority of estuaries were in poor to fair 

health. In addition, 63% of subtropical TOCE were considered to be under high to very high 

environmental pressure with regard to freshwater deprivation and catchment management, 

respectively.   
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Estuaries are natural wastefields and repositories of contaminants generated by human activities due 

to their location at the transition zone between freshwater and coastal marine systems. One of the 

greatest concerns in estuarine areas worldwide is the increase in concentrations of trace metals in 

water and sediment, which tend to settle out in these areas due to the sheltered nature of estuaries 

(Rainbow 2007). Estuarine sediments therefore bind and accumulate trace metals to often high 

concentrations, which may threaten the health of biotic communities and higher trophic levels 

dependent on estuarine environments through bioaccumulation in animal tissues (Marsden and 

Rainbow 2004). Biotic communities can undergo considerable changes due to these contaminants, 

including the loss of rare or sensitive species, decreased species abundance, shifts in the age structure 

of populations, and altered trophic interactions (Rainbow 2002). Toxic substances which accumulate 

in estuarine food chains also pose a potential health threat to humans who consume contaminated fish 

and invertebrates (Kennish 2002).  

 

Although the analysis of metal concentrations in estuarine sediment and water is usefull, it does not 

reflect the bioavailable and therefore potentially toxic concentration of trace metals in a system. This 

information can only be obtained by measuring the accumulation of trace metals in the body tissues of 

aquatic organisms (Rainbow 2007, Simpson and Batley 2007), thereby obtaining an accurate and 

essential time-integrated measure of trace metal bioavailability and the fraction of metal of direct 

ecotoxicological relevance within a contaminated estuary. The development of biomonitoring 

programmes of trace metal contamination in estuarine waters using selected resident organisms that 

are sensitive to pollution, has progressed rapidly over the past three decades in many parts of the 

world (Rainbow 2002, Chapman 2007a). Although such biomonitoring programmes are employed as 

standard tools in ecosystem monitoring in many coastal areas worldwide, the development of 

biomonitoring programmes in South Africa is almost completely lacking, even though the integrity of 

our estuaries has been of increasing concern during recent years. There is therefore an urgent need for 

the development of biomonitors for estuarine integrity in South Africa, using species that are adapted 

to conditions within our estuaries. 

 

1.4 Macrobenthic invertebrates 
 

Effective estuarine management relies not only on our understanding of the environmental and 

anthropogenic factors that influence the functioning of our estuaries, but also requires a basic  

understanding of the faunal communities characteristic of a particular system and how the biota will 

respond to natural and human induced changes in the estuarine environment (Chapman 2007a). Biotic 

communities of many of our estuaries are poorly studied and understood and as a result, decision 

making is often based on very limited information (Whitfield 2000).  
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Although all levels of biotic communities are important in estuarine functioning, benthic 

macroinvertebrates form a particularly important component of estuarine ecosystems as they are 

amongst the most sensitive biotic components of aquatic ecosystems and are thus useful for assessing 

ecosystem integrity (Rosenburg and Resh 1993, Chapman 2007b). Because of their life-history 

characteristics, benthic organisms are widely used for evaluating impacts of environmental change 

caused by habitat change and environmental contaminants. This results from a tubiculous or 

burrowing lifestyle that reflects local sediment conditions, life spans of adequate length to integrate 

contaminant impact over time, and a broad spectrum of tolerance to contaminants among different 

species within a community (Dauer, 1993). Their close association with estuarine sediment makes 

them intimately involved in physico-chemical processes occurring in the estuary and also renders 

them representative of the specific area being surveyed. Benthic macroinvertebrates should therefore 

form a critical component of estuarine monitoring programmes which are designed to assess temporal 

and spatial changes in response to natural and human induced changes in the estuarine environment 

(Rainbow 2002, Chapman 2007b). They also form a central element of estuarine food webs, being an 

important food resource for many larger crustaceans, fish and birds, and can profoundly influence the 

abundance and species composition of these tertiary consumers (MacKay and Cyrus 2001).  

 

Not only do benthic organisms comprise an essential ecological component of estuarine biota, they 

are also commonly employed as suitable bioindicators of estuarine degradation and contamination 

(Marsden and Rainbow 2004, Chapman 2007b, Gale et al. 2006, Re et al. 2009). Although many 

different benthic organisms such as mussels, oysters and polychaetes are used in estuarine toxicity 

assessments, amphipods are most commonly utilized throughout the world, because they are 

ecologically relevant and are also known to be some of the most sensitive benthic organisms when 

exposed to estuarine contaminants (Rainbow 2007). Although standardized estuarine sediment 

toxicity tests have been developed for a many different amphipod species around the world, no 

estuarine toxicity tests using local benthic organisms have been developed for South African 

subtropical estuaries and as such there is an urgent need to assess the suitability of local species as test 

organisms.   

 
1.5 The Nhlabane Estuary 
 
The Nhlabane Estuary, the focus of this study, is a small 3.2 km long TOCE located midway between 

the Richards Bay Harbour/Mhlathuze Estuary complex and the St Lucia estuary. It is one of only 10 

estuaries found along the 310 km section of Zululand coastline north of the Thukela estuary. Although 

classified as a TOCE, it was until recently regarded as part of a coastal lake (Figure 2.1). Historically, 

the Nhlabane Estuary formed the tidally influenced lower reaches of the Nhlabane coastal lake 

system, but in 1978, its connection with the coastal lake was permanently severed by the construction 

of a weir across the upper end of the estuary. Despite its location away from any major industrial and 
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residential development, the Nhlabane Estuary has a long history of being affected by surrounding 

coastal dune mining activities. The Nhlabane coastal lake system is situated in the dune mining lease 

area mined by Richards Bay Minerals (RBM), which initiated opencast mining for heavy minerals in 

the coastal dunes in 1977. The weir across the upper end of the Nhlabane Estuary was built by RBM 

in order to ensure sufficient freshwater for their opencast mining operations. The weir drastically 

altered the natural seasonal flushing regime of the estuary. Prior to weir construction, the estuary was 

exposed to regular seasonal flushing (Begg 1978), but after 1978, the weir often stopped overflowing 

for extended periods and as such, the estuary mouth sometimes remained closed for a number of years 

(Vivier and Cyrus 1999a). The mouth of the estuary remained closed for a four year period during 

1992-1995 as a result of a regional drought coupled with continued water abstraction from the lake, 

only breaching in August 1995 after above average rainfall in the catchment caused the weir to 

overtop.       

 

Mining operations raised concerns about trace metal concentrations in the estuary. On two occasions, 

in 1993 and 1999, RBM dredged a 6 m deep, 50 m wide channel across the estuary to allow a dredger 

and separation plant to float across the estuary. Dredging of estuarine sediment is known to cause 

resuspension of trace metals adsorbed in the sediment and can lead to elevated metal concentrations in 

the system (Nayar et al. 2004). Although the crossing area was confined by two berm walls that were 

constructed across the estuary to contain the slimes, repeated spills of fine sediment into the estuary in 

1993-1994 caused a considerable amount of dredged slimes to flow into the estuary and settle on the 

bottom, smothering the benthic organisms (Hattingh and Vivier 1995).   

 

This study was initiated after concerns were expressed by estuarine ecologists about the ecological 

integrity of the Nhlabane Estuary in relation to reduced freshwater input into the system caused by the 

weir and its effect on the benthic community, as well as the potential trace metal contamination of the 

estuary water, sediment and biota due to mining activities. The study thus aimed to describe the 

macrobenthic community of the Nhlabane Estuary during the post-drought period 1996-1999 and to 

assess its potential for recovery after the estuarine-marine link was re-established. The study also 

aimed to assess the ecotoxicological status of the Nhlabane Estuary in relation to dune mining 

activities and to determine the suitability of two resident amphipod species,  Corophium triaenonyx 

and Grandidierella lignorum, as potential test organisms for sediment toxicity testing in the Nhlabane 

Estuary and other similar estuarine environments.  

 
 
1.6 Thesis layout 
 
This study has been divided into three main sections. Section one describes the temporal and spatial 

changes in the macrobenthic community of the Nhlabane Estuary (Chapter 3), Section two deals with 
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temporal and spatial changes in trace metal concentrations in the water, sediment and selected benthic 

invertebrates (Chapter 4), while Section 3 describes the suitability of two local amphipod species, 

Corophium triaenonyx and Grandidierella lignorum, as bioindicators of trace metal contamination in 

the Nhlabane Estuary (Chapter 5). These three chapters (Chapters 3-5) have each been written in the 

form of a separate publication and as such, there is a small degree of duplication in the introduction 

sections of these chapters with regards to the historical changes in the Nhlabane Estuary which can 

not be avoided. Chapters 1, 2 and 6 are general chapters. Chapter 1 is the general introduction to the 

study, Chapters 2 describes the study area, while Chapter 6 contains the general discussion and 

conclusion.  
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2. Study area 
 

2.1 Nhlabane catchment 

The Nhlabane coastal system (28º38′S,32º16′E), on the southern end of the Mozambique coastal 

plain, consists of a bilobed freshwater lake and an estuary (Figure 2.1). Lake Nhlabane, a warm, 

shallow, oligotrophic lake, has a surface area of 5.1 km2 at full supply level, a catchment of 107 km2 

and a MAR of 29 106m3/a (Kemper 2000). 

Surface run-off from the catchment drains 

into the lake through three small 

tributaries, the most important of which is 

the Nhlabane River in the northeastern 

corner, with two streams draining into the 

southwestern aspect of the northern 

basin. The catchment is dominated by 

pine and gum plantations (29%), rural 

settlements (43%) and indigenous forest 

9% (Walmsley 1993). The establishment 

of extensive gum plantations has a major 

impact on the hydrology of the system. 

Due to the high rate of evapo-transpiration 

characteristic of gum species, run-off 

from the catchment and thus recharge of 

the lake is decreased by as much as 60% 

in areas of established gum plantations 

(Walmsley 1993). Direct atmospheric 

inflow of water into the lake accounts for 

45% of its total water load.  

 

Figure 2.1 Aerial photo of the Nhlabane Lake and Estuary showing the locality of the Nhlabane Weir. 

The sand coloured areas to the right of the lake indicate active dune mining areas. Image Google 

Earth. 

 

Historical water quality data indicate generally good water quality, with low nutrient concentrations 

throughout the lake. Nitrogen and phosphorous concentrations compare favourably with those from 

other oligotrophic lakes such as Lake Mzingazi and the calculated N/P ratio for Lake Nhlabane is 

lower than that generally recorded in KwaZulu-Natal freshwater impoundments (Wepener et al. 1995, 
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Kemper 2000).  Despite its location away from major industrial and residential development, the 

Nhlabane Estuary has a long history of being affected by dune mining activities. The Nhlabane 

coastal lake system is situated in the centre of the dune mining lease area controlled by Richards Bay 

Minerals (RBM). The opencast mining of heavy minerals in the coastal dunes by RBM started in 

1977. Following extensive exploration since 1968, the Quebec Iron and Titanium company formed 

Richards Bay Minerals in 1976, and mining operations started in July 1977 (Camp 1990). After 

removal of the covering vegetation and topsoil, dredgers floating on a large artificial pond use heavy 

duty water jets to slump the dune wall in front of the pond. Dredged material pass through a floating 

concentrator that separates the heavy minerals from the sand. The heavy mineral concentrate is sent to 

the smelter, while the sand is pumped behind the pond to rebuilt the dredged dunes. RBM leaves a 

300m wide strip of unmined coastal dune along the length of the Nhlabane Estuary as a condition of 

the mining license.  This strip, known as an ecostrip, was intended to protect the estuary and serve as 

a source area for plant and animal recolonization (Camp 1990).  

 

In order to supply the freshwater needs of RBM for their mining operation, a concrete weir was 

constructed by RBM across the upper reaches of the estuary in 1978 to increase the storage capacity 

of the lake and to ensure the supply of raw water to the mining operation. Originally the barrage was 

3.15 m high, elevating the lake level to 3.8 m amsl. In 1984 the wall was further elevated by 0.75 m to 

raise the lake level to 4.55 m amsl. The barrage was finally raised to 6.0 m amsl in 2001 and a fish 

ladder was constructed at the same time to re-establish migration of fish.  Prior to weir construction, 

the southern part of the lake was marine influenced and the system was characterised by a salinity 

gradient and an associated estuarine fauna (Begg 1978). The weir separated the estuary from the lake 

and halted migration of estuarine fauna into and out of the lake. Before weir construction, the estuary 

was exposed to regular seasonal flushing (Begg 1978). After 1978, however, the weir often stopped 

overflowing for extended periods and as such the estuary was only flooded when high seasonal rains 

caused the lake to overflow. 

 

The region was subjected to a drought during the period 1991-1995, during which well below average 

rainfall was recorded. During the years 1992, 1993 and 1994, the catchment only received 45%, 65% 

and 66% of the mean annual rainfall (Vivier et al. 1998). After June 1991, the lake level dropped 

rapidly and by the end of 1992, was recorded at 1.9 m below the overflow level. From early 1991 to 

August 1995 the estuary received no direct inflow of water from the lake, although limited freshwater 

seepage from the lake and the adjacent mining ponds into the estuary still occurred. This, coupled 

with water abstraction from the estuary, caused the estuary to remain closed. This situation was only 

reversed during August 1995 when RBM artificially breached the estuary. The drought continued 

until November 1995, after which good rains again caused the lake to fill and the weir to start 

overflowing. 
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2.2 Topography and Geology 
 

The landscape of the Nhlabane catchment is dominated by the low-lying sandy Mozambique coastal 

plain which is separated from the sea by a 1-2 km wide dune cordon running parallel to the coast. The 

coastal plain is delimited to the west by the elevated topography of the Lebombo Mountains. The 

coastal plain is dominated by the broad alluvial lower reaches of the Mhlathuze River and its 

associated coastal lakes. Four coastal lakes, Mzingazi, Cubhu, Nsezi and Mangeza occur in the 

catchment area.  Lake Nhlabane and its associated estuary lies immediately north-east of the 

Mhlathuze catchment.  

 

The coastal dune barrier, which at times reach altitudes of up to 100 m, is relatively young, possibly 

deposited within the last 15 000 years, and is dominated by fine grained sands. Although the dune 

complex is susceptible to erosion, stability of the dunes is accredited to vegetation cover. The coastal 

dune barrier complex sands range in colour from creamy-white and yellow to light grey, brown and 

red and are fine-grained, well-sorted and contain rich deposits of heavy minerals such as ilemite, rutile 

and zircon, which are being extracted commercially (Camp 1990).  

 

The coastal plain and coastal dune barrier are underlain by poorly consolidated fine grain sands, 

clayey silts and lignite (peat) of the Port Durnford Formation. The Port Durnford sediments overlie a 

Cretaceous marine siltstone deposit which is characteristic of the entire coastal plain. Cretaceous 

deposits have formed a mostly uniform siltstone with occasional thin clay lenses and thin bands of 

hardy limestone (Camp 1990). The fine siltstones are believed to be impermeable and the upper 

surface of this unit forms the base of the coastal aquifer. A thin deposit of calcareous Miocene 

sediments separate the Port Durnford sediments and siltstone beneath the dune cordon (Sudan et al. 

2004). 

 

The soils of the area are generally low to very low in natural fertility because of their high 

permeability, the rapid leaching of nutrients and because they form such a thin veneer, seldom in 

excess of 60 cm (Camp 1990). Despite the soils having low agricultural potential, flat topography, 

warm temperatures and high rainfall provides suitable conditions for sugar cane cultivation and 

forestry. 

 

2.3 Marine Environment 
 
The coastline of KwaZulu-Natal, in common with the rest of South Africa’s coastline, is exposed to 

strong wave action. Consequently the few sheltered beaches are confined to estuary mouths and 

embayments (Begg 1978). The proportion of fine sand in beach sediments is low: grain sizes on the 
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open shore range from about 0.200-1 mm with increasing wave action. The coastline between Cape St 

Lucia and the Tugela River Mouth, which trends in a southwesterly direction, consists mainly of 

sandy beaches backed by high-vegetated dunes (Sudan et al. 2004). There are seven estuaries along 

this 137 km section of the coastline of which the Nhlabane and Siyaya are generally closed by a 

sandbar; the Matigulu/Nyoni is seldom closed; and the Mhlathuze, Richards Bay, Mlalazi and Tugela 

are permanently open. 

 

The most important large-scale oceanographic feature affecting the coastal environment on this stretch 

of coast is the Agulhas Current that flows southwards bringing warm water from the tropics (Begg 

1978). The continental shelf is very narrow in northern Zululand and widens to the south of Richards 

Bay. The Agulhas current following the edge of the narrow continental shelf flows relatively close 

inshore along the coast north of Richards Bay. 

 

2.4 Climate 
 
Coastal Zululand is typified by a subtropical climate with warm moist summers and moderate dry 

winters. January and July have average air temperatures of 25.5°C and 17.6°C, respectively. The 

mean maximum and minimum temperatures during January and June are 30.0°C and 23.4°C, and 

21.1°C and 11.7°C, respectively (data from South African Weather Bureau). 

 

The prevailing winds in the study area are predominantly north-easterly, associated with high-pressure 

systems and fine weather, and south-westerly winds that are associated with westerly waves and 

frontal weather. The annual frequency of occurrence of north-easterly winds is more than 20%, with 

the combined frequency of south-westerly and south-south-westerly winds also exceeding 20%. The 

wind speeds from both of these sectors are generally moderate with strong south-westerly winds in 

excess of 8 m s-1 occurring at times. Other than these synoptically driven winds, a complex pattern of 

thermotopographically induced wind exists in the area that manifest as land-sea breezes by day and 

night, respectively. 

 

The mean annual precipitation in the vicinity of the Nhlabane catchment is estimated to be 1 127 mm 

per annum (Kemper 2000). Most of the rain falls during the summer months (60%) from November to 

March with the maximum falling in the months of January and February. Winter rainfall (May to 

September) is usually associated with frontal weather patterns and typically coincides with cool 

weather. Abnormal rainfall events, which typically coincide with cyclones and cutoff low pressure 

systems, can produce extensive flooding at times.  
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2.5 Study area 

 
The Nhlabane Estuary, a small sub-tropical temporary open/closed estuary (TOCE) only 3.2 km in 

length with a maximum width of 55 m in the lower reaches and a surface area of 0.17 km2, assumes a 

meandering course through its floodplain (Whitfield 2000) (Figure 2.2). The vegetation associated 

with the estuary is dominated by extensive reed swamps surrounding the open water; over 50% of the 

estuarine plant communities are made up of the common reed, Phragmites australis. During periods 

of low salinity, proliferation of emergent macrophytes occur, notably Potamogeton pectinatus and 

Ceratophyllum demersum, Swamp forest species, Barringtonia racemosa (powder puff tree) and 

Hibiscus tiliaceus (lagoon hibiscus) occur along the estuary shoreline. By comparison with other 

Natal estuaries the Nhlabane has a low botanical importance rating score due to the lack of plant 

community diversity and small area of the system (Riddin 1999).   

 

The mouth of the Nhlabane Estuary faces an open coastline and is directly exposed to wave action.  

The beaches at the mouth are very steep, which is typical for this area and is caused by the interaction 

of the local wave climate and the coarse sand particles on these beaches.  The action of breaking 

waves at the beach places large quantities of sediments in suspension, which are flushed into the 

mouth during the incoming tide and thereby provide the main closing force at the mouth. 

 

Prior to the construction of the barrage across the outflow of Lake Nhlabane in 1976, the mouth was 

normally open one to three times a year for periods of one to three weeks at a time (Huizenga and Van 

Niekerk 1999). It was estimated that a total cumulative inflow of 10x106 m3 was required before a 

natural breaching would take place. After a breaching, the outflow of freshwater would have lasted for 

a few days, after which the intrusion of saline marine water would then have occurred at high tides 

until mouth closure (Huizenga and Van Niekerk 1999). Overtopping of the berm by high waves at 

high tides would later have caused additional inflow of marine water, especially in the period shortly 

after closure when the berm was still low.  The influx of marine water under tidal flows would have 

resulted in some saline water reaching the southern basin of Lake Nhlabane as has been observed in 

the past (Begg 1978). Construction of the barrage disrupted the natural seasonal flushing regime of 

the system which normally would have ensured that the estuary breached at least once a year during 

periods of peak rainfall. The reduced freshwater flow into the estuary coupled with water abstraction 

for mining activities reduced the possibility that the estuary would breach naturally and caused the 

system to remain closed for more extended periods of time. 
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Figure 2.2  Map of the Nhlabane Estuary showing the benthic sampling stations Sites 1-6 used during 

the study period. The dredger crossing path, the berm walls and Nhlabane weir are also indicated. 

 

RBM constructed two berm walls across the middle reaches of the estuary during June 1993 in order 

to allow the mining dredger of Mining Pond C to continue its mining operations to the north of the 
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Nhlabane Estuary (Vivier and Cyrus 1999a). Although operational planning called for the berm walls 

to be removed shortly after the dredger crossing in 1993, they remained in place for three years, only 

being removed in May 1996. For the 1st six months of the study period the estuary was thus divided in 

half by two berm walls, with limited water exchange between the upper and lower estuary. A 2nd 

dredger crossing occurred across the middle reaches of the estuary in March 1999, but the berm walls 

were removed very soon after the crossing took occurred. 

 

2.6 Sampling sites 

Six sampling sites were chosen for the study (Figure 2.2). For comparative purposes, the same site 

localities used during the 1992-1995 dredger crossing and drought impact study (Vivier and Cyrus 

1999b) were used in this study. The six mid-channel sampling sites were: 

 

Site 1:  This site was approximately 0.4 km from the mouth opposite a group of Casuarina trees 

on the north dune (Figure 2.3). The channel, about 50 m wide and with a mean depth of 

2.2 m when the system was full, ran along the southern side of the estuary, with a wide 

and shallow bank on the northern side. The steep southern bank was covered in natural 

coastal dune forest (28º 39’ 34.5”S, 32º 15’ 28.4”E).  

 

Figure 2.3 Aerial photo of the lower reaches of the Nhlabane Estuary, taken shortly after the mouth 

was artificially breached in August 1995, showing Site 1 (white arrow) just upstream of the mouth, 

the dune mining operations on both sides of the estuary and Lake Nhlabane in the distance. 

 

Site 2: This site was approximately 0.8 km from the mouth on the downstream end of the last 

Phragmites stand. The estuary at this point, about 50 m wide and with a mean depth of 

1.6 m when the system was full, was fringed by Phragmites on both sides, while the 
1 
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higher steep part of the dune was covered in natural coastal dune forest  (28º 39’ 25.3”S, 

32º 15’ 37.1”E). 

 

Site 3:  This site, about 1.2 km from the mouth, was located in the middle reaches and 50 m 

downstream of the 1993 dredger crossing path  (see Vivier and Cyrus 1999b) (Figure 

2.4). The site was initially selected as the downstream impact site for the dredger crossing 

study. The estuary at this point, about 40 m wide and with a mean depth of only 1.0 m 

when the system was full, was fringed by an extensive stand of Phragmites on the 

northern side, while the steep southern bank was covered in natural coastal dune forest  

(28º 39’ 14.2”S, 32º 15’ 45.7”E). 

 

 

Figure 2.4  Aerial photo of the middle reaches of the Nhlabane Estuary, showing the locality of Site 3 

(white arrow), the berm walls extending across the estuary, the dune mining operations fringing both 

sides of the estuary and Lake Nhlabane in the distance. This image was taken shortly before the berm 

walls were removed in May 1996. 

 

Site 4:  This site was also located in the middle reaches and 50 m upstream of the 1993 dredger 

crossing path, about 200 m from Site 3  (see Vivier and Cyrus 1999b). The site was 

initially selected as the upstream impact site for the dredger crossing study. The estuary at 

this point, about 30 m wide and with a mean depth of 2.0 m when the system was full, 

was fringed by Phragmites on both sides, although patches of Barringtonia racemosa 

trees were found along the edge. During low salinity conditions, emergent macrophytes 

notably Potamogeton pectinatus and Ceratophyllum demersum started to proliferate 

upstream of this point (28º 39’ 08.1”S, 32º 15’ 49.9”E). 
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Site 5:  This site was located 0.7 km upstream of the 1993 dredger crossing path. The site, about 

20 m wide and with a mean depth of 1.8 m when the system was full, was located in the 

meandering middle section of the system and was fringed by an extensive stand of 

Phragmites on the southern side, while the steep northern bank was covered in natural 

coastal dune forest (28º 38’ 58.7”S, 32º 15’ 56.1”E). 

 

Site 6:  This site was located in the upper reaches of the estuary, 0.45 km downstream of the 

Nhlabane weir (Figure 2.5).   The estuary at this point was only about 15 m wide with a 

mean depth of 1.8 m when the system was full, but became very shallow when the system 

was tidal, ranging between 0.4-0.9 m in depth. The site was fringed by an extensive stand 

of Phragmites on the southern side, while the steep northern bank was covered in natural 

coastal dune forest. During low salinity conditions, the area became characterized by 

extensive stands of the emergent macrophytes P. pectinatus and C. demersum (28º 38’ 

42.2”S, 32º 16’ 04.8”E). 

 

 

Figure 2.5  The upper reaches of the Nhlabane Estuary, seen from the Nhlabane weir road bridge 

downstream towards Site 6 (white arrow), with fringing Phragmites mixed with coastal dune forest. 
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3. Changes in the Macrobenthic Community of the Nhlabane Estuary 

 

3.1 Introduction 

The term benthos comes from a Greek word which means "depths of the sea”. Benthic organisms are 

generally referred to as those organisms which live in or on the bottom of an aquatic system, of which 

macrobenthic organisms are regarded as those retained by a 500 µm mesh sieve. They are usually the most 

abundant and diverse group of animals in the aquatic environment and changes in their densities and 

diversities are good indicators of environmental perturbation. In estuaries, benthic organisms comprise a 

broad assemblage of diverse forms, although the most important groups are the polychaetes, crustaceans 

and molluscs. Environmental factors that most affect estuarine benthos are depth, latitude, salinity 

gradients, shelter from wave action, fluctuations in temperature and oxygen levels and the input of detritus 

(Attrill and Power 2000). 

 

Estuaries are dynamic ecosystems that are characterised by often rapid and large-scale variability in 

physical and chemical conditions due to changes in freshwater and marine influences. Macrobenthic 

organisms in estuaries have to be able to accommodate this dynamic nature of an estuary (Flint and Kalke 

1986). Species-specific preferences for a distinct type of estuarine habitat or area within an estuary relate 

to a series of environmental variables such as salinity, grain size distribution, food availability, predator 

abundance, competition, and turbidity. Some estuarine benthic species are able to inhabit most parts of an 

estuarine environment, because of their wide-ranging environmental tolerances, but some are more 

specific in their habitat preference and therefore have a more limited distribution (Teske and Wooldridge 

2003). The spatial distribution of macrobenthic species in relation to their varying tolerances to 

environmental variables is reflected in the diverse benthic communities supported by estuarine 

environments. Although many factors affect the abundance of benthic communities, the spatial 

distribution of benthic invertebrates along an estuarine gradient have been shown to be most often related 

to sediment composition and/or salinity (Teske and Wooldridge 2003). 

   

Macrobenthos form an important component of estuarine ecosystems as they play a vital role in nutrient 

cycling. Benthic organisms are important in the ecology of estuaries both as consumers of plankton and as 

food for bottom feeding fish and as such provide key linkages between primary producers and higher 

trophic levels in estuarine food chains. Because macrobenthos is an important food resource for many 

large species of crustaceans, fish and birds, they can profoundly influence the abundance and species 

composition of these tertiary consumers (Currie and Small 2005). Humans also harvest many species of 

shellfish and crustaceans. 
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In the assessment of estuarine environmental quality through a quantitative approach, the abundance, 

biomass and species richness of macrobenthos have been widely utilised parameters, especially in soft-

bottom communities (Giangrande et al. 2005). Benthic macroinvertebrates are amongst the most reliable 

and sensitive biotic indicators of habitat quality in aquatic ecosystems and are thus useful for assessing 

ecosystem integrity (Rosenburg and Resh 1993). They are largely non-mobile and their close association 

with estuarine sediment, where exposure to contaminants and oxygen stress is most frequent,  makes them 

directly or indirectly involved in most physico-chemical processes in the estuarine environment. Due to 

their sessile nature and relatively long life cycles, benthic invertebrates are representative of the location 

being sampled, which allows monitoring of temporal and spatial changes in response to perturbation in the 

estuarine environment. Numerous studies have demonstrated that macrobenthic invertebrates respond 

predictability to many kinds of natural and anthropogenic stresses  and they reflect environmental 

conditions that vary over time (Mackay and Cyrus 2001). The use of macrobenthos in estuarine and 

marine ecological research, and particularly in evaluating pollution impacts, is especially effective in 

assessing long term changes and detecting input from diffuse sources (Rosenburg and Resh 1993). Benthic 

macroinvertebrates include diverse species with a variety of life features and tolerances to stress, which 

allow their inclusion into different functional response groups. The development of biotic health indices, 

to evaluate the ecological integrity of estuarine ecosystems, based on  benthic communities, have proved 

valuable tools in ecosystem management (Pinto et al. 2009). 

 
The continued proper functioning of an estuary and its ability to maintain a healthy macrobenthic 

community is dependent firstly on the maintenance of the natural dynamism imposed on the system by 

both riverine and marine influences and secondly on regular contact with the marine environment. Few 

estuaries in South Africa are unaffected by impoundments and water abstraction schemes in their 

catchments, which ultimately affect their natural flushing regime and interaction with the marine 

environment. The over-exploitation of water resources in catchments generally have far reaching 

consequences for the ability of estuarine systems to perform their normal processes and functions and the 

effects of impoundments in rivers on the zoobenthic communities of downstream estuarine environments 

are well documented (Reddering and Rust 1990, Whitfield 2005).  

 

The ecological functioning of the Nhlabane coastal lake system, which consists of a bi-lobed freshwater 

lake and a small estuary 3km in length (Figure. 2.1), was drastically altered in 1978 by the constructing of 

a weir across the upper end of the estuary, built to ensure sufficient freshwater for opencast mining 

operations in close proximity to the estuary. This in effect completely changed the character of the coastal 

lake from a tidally influenced system with regular connection to the sea, to a freshwater lake with no 

connection to the sea and a small estuary with an unnaturally limited flushing frequency due to 

impoundment and water abstraction. This resulted in a substantial loss of estuarine habitat due to the 
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prolonged absence of any tidal input into the lake and as a result, the benthic community of the Nhlabane 

Lake has become completely freshwater dominated (Vivier and Cyrus 1999a).  

 

An understanding of the spatial distribution patterns of macrobenthos along estuarine gradients help 

estuarine ecologists and managers to identify the linkages between species distributions and ecological 

processes and therefore to gain insight into the functioning of estuarine ecosystems (Ysebaert et al. 2003).  

Limited information is available on the macrobenthic community of the Nhlabane Estuary. Despite the 

fact that the estuary is located within a coastal opencast dune mining area which has been actively mined 

since 1978, no quantitative data is available on the benthic community of the system from before 1992, 

when the Coastal Research Unit of Zululand (CRUZ) initiated a four year study (1992-1995) on the 

Nhlabane coastal lake and estuary (Vivier and Cyrus 1999a, 1999b). From 1992 to 1995 the estuary mouth 

was closed due to a regional drought which was aggravated by water abstraction from the adjacent 

Nhlabane Lake. Although the benthos of the estuary has been described as typical for a subtropical TOCE 

with a relatively low benthic faunal richness compared to that recorded in many open tidal estuaries 

(Vivier and Cyrus 1999a), the 1992-1995 study was initiated after the mouth of the estuary had been 

closed for about six months and hyposaline conditions had started to develop. The low species richness in 

the estuary during that period and the dominance of a few abundant species were seen as indications of a 

stressed benthic community in response to the low salinity conditions recorded in the system under closed-

mouth conditions (Vivier and Cyrus 1999b).  

 

The mouth of the estuary opened in mid 1995 and regular connection with the marine environment was re-

established. In view of the complete lack of data on the macrobenthic community of the Nhlabane Estuary 

under “normal” open-mouth conditions, this provided an ideal opportunity to study the potential for 

recovery of the macrobenthic community from the drought dominated, hyposaline, closed-mouth state 

experienced during 1992 - mid 1995 to the marine influenced open-mouth state during the period 1996-

1999. An understanding of how an estuary and its biotic communities respond under adverse conditions, 

natural or anthropogenic, can only be achieved by comparing the state of the system during such times to 

the characteristics of the system during open-mouth conditions when a tidal prism is established by regular 

marine and freshwater inputs. The aim of this component of the present study was therefore to describe the 

macrobenthic community of the Nhlabane Estuary under post-drought conditions when the mouth of the 

system frequently opened and to assess the recovery of the benthic community during this period in 

relation to that observed under drought influenced, hyposaline, closed-mouth conditions.  
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3.2 Material and Methods 

 

3.2.1 Sample and data collection 

Quarterly benthic samples were collected over the period 1996-1999 at six sites in the estuary (Figure 2.1). 

A Zabalocki-type Eckman grab, which samples 0.0236 m2 to a minimum depth of 50 mm, was used to 

collect five replicate samples from each site. Samples were decanted five times through a 0.5 mm mesh 

sieve to ensure extraction of at least 95% of the animals (Cyrus and Martin 1988). Samples were preserved 

in a 10% formalin solution, and stained with the vital dye Phloxine B to aid sorting in the laboratory. 

Animals were identified to species level where possible, enumerated and densities calculated as N.m-2.  

 

Concurrent with the collection of benthic samples, physical water quality parameters were measured in 

situ at each sampling station. Bottom measurements were taken of temperature, salinity, electrical 

conductivity, dissolved oxygen, % oxygen saturation, pH and depth using a Hydrolab Datasonde 3 Water 

Quality Multiprobe and Logger system (Hydrolab Corporation, USA). Turbidity samples were collected 

and kept on ice until arrival back at the laboratory, where the turbidities were measured in Nephelometric 

Turbidity Units (NTUs) using a Hellige Direct Reading Turbidimeter. Sediment samples were also 

collected from each site and analysed for sediment particle size, sorting coefficient and organic content by 

the Marine Geoscience Unit, University of KwaZulu-Natal. 

 

Rainfall data for the Nhlabane catchment (South African Weather Bureau) for the period 1961-1999 were 

used to determine by how much the monthly rainfall during the period 1992-1999 deviated from the long 

term monthly mean. Regular information on the mouth condition of the Nhlabane Estuary was difficult to 

obtain due to the isolated locality of the Nhlabane Estuary. The mouth status was recorded during every 

sampling visit, while staff from RBM were asked to provide basic information on the condition of the 

mouth whenever they visited the area. Water level data for the estuary during 1996-1997 was recorded 

during every sampling season, but in early 1998, RBM installed a telemetric water level gauge 

downstream of the Nhlabane weir in the estuary, with water level data being recorded and stored every 3 

min.  

 

3.2.2 Data Analysis 

Diversity indices, i.e. Shannon-Wiener (H’), Margalef’s species richness (D) and Species Evenness (J), 

were used to study changes in community structure. Single factor ANOVA was used to test for temporal 

and spatial differences in univariate variables. Changes in diversity between samples were further 

analysed using k-dominance graphs, which is a plot of the percentage cumulative abundance plotted 

against log species rank and in which the lower lines on the plot represent the highest diversity.  
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Multivariate data analysis was performed using the PRIMER Statistical Package (Clarke 1993). The log 

(x+1) transformed averaged benthic counts were used in determining the Bray Curtis coefficient, followed 

by hierarchical clustering, with group average linking, and ordination of the data through non-metric 

multidimensional scaling (MDS). The ANOSIM function in PRIMER was used to calculate Weighted 

Spearman Rank Correlation Coefficients in order to test for significant spatial and temporal differences in 

the benthic community. The SIMPER procedure was used to test for the influence of individual species on 

the similarity within community groups and the dissimilarity between community groups. The BIOENV 

function was used to determine the key factors that accounted for community patterns.  

 

Principal Component analysis (PCA) and Canonical Correspondence analysis (CCA), using CANOCO 

(Ter Braak and Smilauer 1998), were used to test for correlation between environmental variables and 

between the benthic community composition and environmental variables, respectively. PCA aims to 

describe the variation in a set of standardized environmental variables in terms of a set of uncorrelated 

variables, called principal components, each of which is converted into a linear combination of the 

original variables. Each ordination axis is associated with an eigenvalue, which represents the variance 

extracted by each axis. In CCA, a direct gradient analysis, species community structure is directly related 

to measured environmental factors, which are displayed as arrows. The strength of the correlation of an 

environmental variable is reflected in the length of the arrow, and its association is reflected in the 

acuteness of the angle with the axis.  

 

Figure 3.1 Deviation from the mean monthly rainfall for the Nhlabane catchment over the period 1992-

1999. Bars indicate deviation from the 1961-1999 mean monthly rainfall. The open/closed mouth periods 

are indicated at the top, dark bars indicate closed conditions, clear bars indicate open mouth conditions. 
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3.3 Results 

 

3.3.1 Precipitation and mouth condition 

Deviation from the mean monthly rainfall in the Nhlabane catchment over the period 1992-1999 is shown 

in Figure 3.1. The study area was subjected to a regional drought prior to the onset of the study, over the 

period 1991 to mid 1995, with below average rainfall recorded during this period. This caused lower water 

levels in Lake Nhlabane and as a result, there was no direct flow of water from the lake into the estuary. 

This caused the estuary mouth to remain closed for four years until it was artificially breached in May 

1995. In contrast, the study period, 1996-1999, was characterised by normal to high rainfall, which 

resulted in higher lake levels and frequent overtopping of the barrage. This caused the estuary mouth to 

open on a regular basis during the study period (Figure 3.1), particularly during 1998 and 1999. After 

breaching, the mouth only remained open for a few days at a time before it was closed through wave 

action (Figure 3.2).  

 

Figure 3.2 Monthly water levels in the Nhlabane Estuary during the two year period 1998-1999.  

 

3.3.2 Physico-chemical water quality 

Water temperature during the study period followed a typical seasonal pattern (Figure 3.3). Mean summer 

and winter temperatures were 28.0 ºC (range 25.2-30.4 ºC) and 20.3 ºC (range 18.0-23.1 ºC), respectively. 
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Slightly lower mean temperatures were recorded in the lower reaches at Site 1 ( x = 23.3, range 18.4-30.0 

ºC) than at Site 6 in the upper reaches ( x = 23.9, range 18.6-28.9 ºC).   

 

 

Figure 3.3 Seasonal water temperature, salinity and turbidity at Sites 1-6 in the Nhlabane Estuary over the 

period 1996-1999. Summer (S), Autumn (A), Winter (W), Spring (Sp). 
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Salinity in the estuary was largely determined by mouth conditions, with lower salinities being recorded 

when the mouth was closed ( x = 6.7, range 0.1-13.7), while higher salinities were recorded during tidal 

open-mouth conditions ( x = 19.2, range 11.0-34.5). There was a typical salinity gradient in the system 

during most sampling seasons with highest salinities at Site 1 close to the mouth ( x = 18.3, range 3-34.5) 

and lowest salinities in the upper reaches at Site 6 ( x = 8.9, range 0.1-21.3) (Figure 3.3). A strong salinity 

gradient existed under high flow tidal conditions when the mouth was open, with very low salinities in the 

upper reaches and salinities approaching marine conditions at the mouth.  

 

Water turbidity remained low throughout the study period ( x = 7.6 NTU, range 3-55 NTU) (Figure 3.3). 

The Lake Nhlabane weir, which separated the estuary from the lake, prevented sediment laden water 

draining from the catchment from entering the estuary and as such, only relatively clear water flowed from 

the oligotrophic lake over the weir into the estuary. The reason for the uncharacteristically high turbidities 

recorded in the lower reaches during May 1997 and August 1999 is unclear, because elevated turbidities 

were not recorded elsewhere in the system.  

 

Dissolved oxygen concentrations were generally higher in the lower reaches (Site 1: x = 6.8 mg/l, range 

3.5-9.3 mg/l) compared to the upper reaches (Site 6: x = 5.3 mg/l, range 1.7-8.8 mg/l) (Figure 3.4). 

Highest oxygen concentrations were recorded during cooler winter months ( x = 6.3 mg/l, range 3.0-8.7 

mg/l) compared to summer months ( x = 5.0 mg/l, range 2.2-7.5 mg/l).  

 

Water pH during most sampling seasons ranged between 7.9-8.8 except during May 1996 when pH values 

as low as 6.2 were recorded at Sites 1, 2 and 4 (Figure 3.4). The reason for these low pH values is not 

clear, but the salinities were very low at the time (range 0.1-3.0). Concurrent with the existence of a 

typical estuarine sanity gradient in the system, slightly higher mean pH values were recorded at Site 1 in 

the lower reaches ( x = 7.92, range 6.6-8.5) compared to that recorded at Site 6 in the upper reaches ( x = 

7.87, range 7.2-8.4). 

 

The Nhlabane Estuary, when full, ranged in depth from 2.7 m at Site 1 to 1.7 m at Site 6 (Figure 3.4). The 

mean depth during the study period at Site 1 and Site 6 was 1.7 m and 1.1 m, respectively. The lowest 

depth of 0.3 m was recorded at Sites 2, 3 and 6 during 1996 at spring low tide under open-mouth 

conditions. 

 

3.3.3 Sediment characteristics 

The sediment in the estuary comprised medium to fine grained sand (Figure 3.5), with median phi values 

ranging between 1.0-2.7. No mud was recorded in the system. There was a gradual but highly significant 
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decrease (F = 20.7, P<0.001) in sediment particle size from the mouth of the estuary ( x = 1.6, range 1.5-

1.9) toward the upper reaches ( x = 2.1, range 1.7-2.7), with the exception of Site 5, which contained 

coarser sediment ( x = 1.3, range 1.0-1.5). The sediment ranged from well sorted to moderately sorted 

( x = 0.71, range 0.53-0.85), with the least sorted sediment associated with the relatively coarse sediment  

 

Figure 3.4 Seasonal water dissolved oxygen concentration, ph and water depth at Sites 1-6 in the Nhlabane 

Estuary over the period 1996-1999. Summer (S), Autumn (A), Winter (W), Spring (Sp). 
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recorded at Site 5 ( x = 0.84, range 0.84-0.85). The best sorted sediment was associated with the fine sand 

recorded at Site 6 ( x = 0.65, range 0.53-0.84). Well sorted sand indicates that the majority of the sediment 

sample is made up of grains of the same diameter, whilst poorly sorted sand indicates a mixture of particle 

sizes. 

 

The organic content of the sediment ranged from low to moderately low (Figure 3.5). Lowest organic 

content was recorded at Site 3 ( x = 0.88%, range 0.4-1.42%), while highest content was recorded at Site 4 

( x = 1.33%, range 0.43-2.22%). There was no significant difference in organic content between sampling 

sites (F = 2.1, P<0.05). 

 

Figure 3.5 Median phi and % organic content of the sediment at Sites 1-6 in the Nhlabane Estuary over the 

period 1996-1999. 

 

Table 3.1 Principal Component Analysis eigenvalues and cumulative percentage variance of the 

environmental variables recorded in the Nhlabane Estuary during the period 1996-1999. 

 

3.3.4 Environmental variable ordination 

The results of the PCA on the environmental variables recorded in the Nhlabane Estuary are presented in 

Table 3.1 and Figure 3.6.  The first component axis explained 23.8% of the variability in the data. The  

physical variables best explaining the variability in the estuarine environment were salinity and 

temperature, followed by pH, depth and sediment characteristics. Turbidity and to a lesser extend oxygen 
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concentration were not important variables. Salinity was related to open-mouth conditions, but not to 

organic content, oxygen levels or depth. Water temperature showed a positive correlation with closed 

mouth condition and negative correlation with salinity, indicating that higher temperatures during summer 

months coincided with low salinity closed-mouth conditions. Oxygen concentrations were positively 

correlated with turbidity and sediment organic content, but inversely related to depth and to a lesser degree 

with pH. Particle size was not related to turbidity or depth.  

 

Figure 3.6 Principal component analysis (PCA) of the physical water quality parameters and sediment 

characteristics of the Nhlabane Estuary over the period 1996-1999. 

 

3.3.5 Benthic species composition 

A total of 32 taxa were recorded from the six sampling sites during the four year study period (Table 3.2). 

The total number of taxa recorded per year increased from 21 in 1996 to 29 in 1999, while there were no 

-0.6 0.8

-0
.8

1
.0

Salinity

Turbidity

Temperature

pH

Dissolved oxygen

Depth

Particle
Size

Organic 
content

Mouth Open

Mouth Closed

-0.6 0.8

-0
.8

1
.0

Salinity

Turbidity

Temperature

pH

Dissolved oxygen

Depth

Particle
Size

Organic 
content

Mouth Open

Mouth Closed



Chapter 3 – Macrobenthic Community 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 30

notable differences in the total number of taxa between sites, which ranged between 26-29.  The benthic 

community was dominated by amphipods, notably Corophium triaenonyx and Grandidierella lignorum, 

while the polychaetes Ceratonereis keiskamma, Desdemona ornata and Prionospio sexoculata and the 

tanaid Apseudes digitalis each contributed more than 4% to the total densities recorded. Other numerically 

important taxa included the bivalve Hyathula linulata, the cumacid Iphinoe truncata and oligocheates. 

These nine taxa constituted 96% of the benthic organisms recorded.  

 

Table 3.2 The benthic taxa recorded during the study period, with mean densities (N.m-2) per year and per 

site and the percentage contribution of each taxon to the total densities. 

Taxa

96 97 98 99 1 2 3 4 5 6 Mean % Cont

NEMATODA

Nematoda spp 9 45 6 5 4 40 11 6 23 15 0.07

PLATYHELMINTHES

Platyhelminthes spp 7 3 1 2 6 2 2 2 2 0.01

OLIGOCHAETA

Oligochaeta spp. 52 367 456 1211 48 310 186 728 1602 253 521 2.59

POLYCHAETA 

Capitella capitata 2 2 1 0.4 0.00

Ceratonereis keiskamma 498 843 1411 2115 633 1655 1333 797 1567 1315 1217 6.05

Dendroneries arborifera 2 32 19 15 14 2 2 8 0.04

Desdemona ornata 1685 1440 903 402 544 874 1885 1124 1311 905 1107 5.50

Glycera subaena 24 24 7 49 49 42 50 7 9 1 26 0.13

Prionospio sexoculata 3185 523 1907 792 1668 1314 191 1438 2895 2105 1602 7.96

Polydora spp 1 1 2 1 0.4 0.01

HIRUDINIAE 

Hirudinae spp 1 12 95 26 23 58 54 19 31 14 33 0.16

GASTROPODA

Assiminea ovata 179 210 101 34 419 7 4 19 97 0.48

Melanoides tuberculatus 1 0.4 74 1 1 12 71 23 5 3 19 0.09

BIVALVIA

Hyathula linulata 156 902 1051 480 223 727 1569 623 259 484 648 3.22

Musculus virgiliae 9 4 1 0.4 3 10 1 6 1 2 4 0.02

Solen cylindraceus 1 2 0.4 0.01

CRUSTACEA

Iphinoe truncata 12 181 1419 777 164 1309 104 38 25 403 2.00

Afrochiltonia capensis 6 1 14 1 7 3 21 5 0.03

Bolttsia minuta 4 129 32 8 74 18 68 56 23 41 0.21

Corophium triaenonyx 5103 4512 13437 9234 10461 10870 6531 9192 6167 5208 8071 40.12

Grandidierella lignorum 3762 2080 6386 7214 3606 3731 3121 6759 6718 5229 4861 24.16

Melita zeylanica 1 2 2 1 3 1 0.01

Cyathura carinata 1 2 35 369 18 139 9 296 141 4 101 0.50

Leptanthura laevigata 7 32 77 383 386 335 17 8 3 125 0.62

Munna sheltoni 1 15 103 328 21 148 59 77 275 91 112 0.56

Mesopodopsis africana 2 3 1 0.01

Apseudes digitalis 956 1285 657 625 594 857 31 3024 646 133 881 4.38

Hymenosoma orbiculare 5 1 27 9 14 24 10 12 3 2 11 0.05

Ostracod spp 7 11 73 2 11 1 51 56 17 23 0.11

ARANEAE

Acarina spp 1 1 1 0.00

INSECTA

Chironomid spp 333 119 234 10 24 19 99 329 242 332 174 0.87

SIPUNCULIDAE

Sipunculid spp 11 9 2 3 2 8 11 3 7 6 0.03

Total 15792 12200 27426 25046 19236 21435 17029 24725 22047 16220 20116

Number of taxa 21 22 28 29 29 28 26 26 26 27 32

Year Site
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The dominant taxa recorded during each sampling year are presented in Figure 3.7, while the dominant 

taxa recorded at each site are presented in Figure 3.8.  The amphipods C. triaenonyx and G. lignorum were 

the numerically dominant taxa throught the study period, contributing more than 50% of the benthic 

organisms recorded (Figure 3.7). These were followed by the polychaetes P. sexoculata, D. ornata and C. 

keiskamma, the tanaid A. digitalis and the bivalve H. linulata.  

 

 

Figure 3.7 The numerically dominant taxa recorded during the sampling years 1996-1999 in the Nhlabane 

Estuary. 
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There were no marked differences in the benthic composition along the length of the system during the 

study period. The amphipod C. triaenonyx completely dominated the benthic community in the lower 

reaches, accounting for more than 50% of the benthos recorded (Figure 3.8). This was followed by G. 

lignorum and the three polychaetes P. sexoculata, D. ornata and C. keiskamma. In the upper reaches, G 

lignorum became the dominant amphipod, although C. triaenonyx remained abundant.  

 

All the dominant taxa were present during all sampling years, and at all sampling sites. Of the 32 taxa 

recorded, 17 were present during each of the four sampling years, while three taxa were present during a 

single year only. The taxa absent during 1996 or 1997,  but present during 1998-1999, included the 

amphipods Melita zeylanica and Africhiltonia capensis, the gastropod Assiminea ovata and the 

polychaetes Dendronereis arborifera and Polydora spp. The polychaete Capitella capitata and the 

gastropod Solen cylindraceus were only present during 1996. The majority of taxa (72%) were recorded at 

all six sampling sites, while Mesopodopsis africana, S. cylindraceus and C. capitata were restricted to the 

lower reaches.  

 

 

Figure 3.8 The numerically dominant benthic taxa recorded at Sites 1-6 in the Nhlabane Estuary during 

1996-1999.  
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Figure 3.9 Changes in the number of taxa, densities, species richness, evenness and diversity (+1SE) in the 

benthic community over the 16 season sampling period 1996-1999 in the Nhlabane Estuary. Summer (S), 

Autumn (A), Winter (W), Spring (Sp). 
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The analysis of univariate indices of the benthic community are presented in Table 3.3, Figure 3.9 and 

Figure 3.10.  There were significant changes in the number of taxa, density, species richness and species 

diversity over the 16 seasonal samples during the 1996-1996 study period (Figure 3.9, Table 3.3), but not 

between sampling sites (Figure 3.10, Table 3.3).  The number of taxa, species richness and species 

diversity gradually increased during 1996 and 1997, reaching highs during 1998 (Figure 3.9). Benthic 

densities, with the exception of spring 1996, were considerably lower in 1996 and 1997 compared to 1998 

and 1999. Highest densities were recorded during spring 1998 and winter 1999.  

 

Table 3.3 ANOVA table for the univariate indices of the Nhlabane Estuary benthic community recorded 

during 1996-1999. ANOVA by sample refers to analysis of the 16 seasonal samples collected over the 

1996-1999 period. *P<0.05 ** P<0.005 ***P<0.0005. 

 

Figure 3.10 Changes in the mean number of taxa and densities (+1SE) per site and per year as recorded in 

the Nhlabane Estuary over the period 1996-1999. 

Variable

Variable range F Variable range F Variable range F Variable range F

No of taxa 7.2-16.7 12.43*** 11.3-14.2 1.37 ns 8.5-15.8 41.07*** 10.3-13.8 3.40*

Density 5974-41991 7.65*** 16228-24703 0.88 ns 12161-27415 8.29*** 12839-26313 4.67**

Species richness 1.2-2.5 5.44*** 1.8-2.2 1.25 ns 1.4-2.3 21.29*** 1.75-2.1 1.97 ns

Evenness 0.42-0.68 1.52 ns 0.45-0.58 3.05* 0.54-0.63 2.96 ns 0.53-0.58 0.69 ns

Diversity 1.16-1.53 2.59** 1.20-1.53 2.98* 1.12-1.57 7.82*** 1.40-1.49 0.38 ns

d.f. 15,80 5,90 3,92 3,92
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These changes over the 16 sampling seasons were also reflected in a comparison of the benthic 

community between sampling years, with significant changes in all but species evenness. The mean 

number of taxa recorded during the four sampling years increased significantly from 7.1 in 1996 to 16.7 in 

1998 (Figure 3.10, Table 3.3). Mean densities per year also changed significantly, increasing from 12 199 

N.m-2 in 1997 to 27 424 N.m-2 in 1998.  In contrast, there were no significant differences in the number of 

taxa, densities and species richness between sampling sites over the four year period, although there were 

significant differences in species evenness and diversity, with highest values at Sites 2-5 and lowest values 

at Sites 6 (Figure 3.10, Table 3.3). The highest densities and number of taxa were recorded at Sites 2 and 

4, while lowest values were recorded in the upper reaches at Site 6. There were also significant differences 

in the number of taxa and density between seasons, with lowest values recorded during summer 

(February), increasing gradually after summer through the year to spring. There were no significant 

changes in species richness, evenness and diversity between seasons. 

 

The change in species diversity of the benthic assemblage over the four sampling years is further 

illustrated in Figure 3.11. In a k-dominance plot, the more elevated curves represent less diverse 

assemblages. Diversity of the benthic assemblage increased from 1996 through to 1998, followed by a 

slight decrease in 1999.  

 

 
 
Figure 3.10 k-Dominance plot of the zoobenthic community per year as recorded in the Nhlabane Estuary 

over the period 1996-1999. 
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3.3.6 Temporal and spatial changes in the benthic community 

Multivariate ordination revealed temporal and spatial shifts in the benthic community during the study 

period. Firstly, the benthic community recorded at Site 6 during early 1996 (summer and autumn) was so 

different from that recorded during the rest of the study period, that it completely masked all other 

temporal and spatial differences in the benthic community during the sampling period.  Benthic densities 

from these samples were very low and only one and three taxa were recorded during summer and autumn 

1996, respectively.  Due to the strong influence of these  samples on the benthic ordination, and in order to 

allow more detailed analysis of the benthic community during the four years of sampling, these two Site 6 

samples from 1996 were removed from subsequent ordination analysis.  

 

Figure 3.12 Multidimensional ordination (MDS) of the Nhlabane Estuary benthic community in relation to 

sampling year (A) and sampling site (B).   

 

There was a marked temporal change in the benthic community from 1996 through to 1999 (Figure 3.12a). 

This represented a gradual shift in the benthic community during the four-year study period, reflecting the 

recovery in the Nhlabane Estuary following the extended low salinity closed mouth conditions during the 

1992-1995 drought. The almost complete separation in the ordination between the 1996 and 1999 samples 

is indicative of the extent to which the benthic community changed over the four-year study period. These 

temporal changes in the benthic community were confirmed by analysis of similarity between groups of 

community samples (ANOSIM), which revealed highly significant differences in community structure 

between sampling years (R = 0.541, p = 0.001). The biggest changes were observed within the 1996 and 

1999 benthic communities (Figure 3.12a), while the 1997 and 1998 benthic samples were grouped closer 
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together in the ordination, indicating greater uniformity in the community structure during these years.  

 

In contrast, there were no significant differences in the benthic assemblage between sampling sites (Figure 

3.12b) (R = 0.091, p>0.05), indicating relative spatial uniformity in the benthic community of the estuary. 

 

Figure 3.13 Multidimensional ordination (MDS) of the benthos recorded over the period 1996-1999 at 

Sites 1-6 during the period 1996-1999. 

 

Analysis of the benthic community at each of the six sampling sites over the study period. revealed  a 
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1999 (Figure 3.13). At all sites, the benthic community differed significantly between years (Site 1: R = 
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0.53, p<0.001; Site 2: R = 0.51, p<0.001; Site 3: R = 0.43, p<0.001; Site 4: R = 0.24, p = 0.01; Site 5: R = 

0.34, p<0.001; Site 6: R = 0.35, p<0.001). Notable changes were observed during 1996, particularly at 

Sites 5 and 6, and more specifically during the first two seasons of 1996. This indicates that the benthic 

community of the estuary underwent substantial changes throughout the study period, but mostly so 

during 1996, and particularly at sites 5 and 6. These changes were relatively uniform along the length of 

the estuary at all sampling sites, except at Site 3 (Figure 3.13). The Site 3 community showed a typical 

temporal change from 1996 to 1998, but the 1999 community showed a shift back towards the 1996 

community, particularly during May 1999. The benthic community during May 1999 was depleted with a 

total density of only 556 N.m-2 from 11 taxa, compared to a density of 5534 N.m-2 at this site during 

February.  The Site 2 and Site 4 benthic communities during February 1999 were also quite different from 

the rest of the 1999 samples, indicating a substantial reduction in benthic densities during this time.   

 

Figure 3.14 MDS plot and cluster dendrogram of the Nhlabane Estuary benthic community during the 

period 1996-1999. 1 = summer (S), 2 = autumn (A), 3 = winter (W), 4 = spring (Sp). 

 

The temporal shift in the benthic community was further investigated by averaging the benthic data from 

the different sampling sites during each season (Figure 3.14). The analysis revealed a substantial shift in 
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the benthic community during the study period, particularly during 1996. Three distinct community 

groups were identified in the ordination, these being the 1996 and summer 1997 samples, the autumn-

spring 1997 and summer-autumn 1998 samples and finally the late 1998 and 1999 samples. The 1996 and 

early 1997 group was separated from the remainder at a similarity level of 64%.  

 

 

Figure 3.15 Hierarchical cluster and multidimensional ordination of the averaged benthic community 

recorded at Sites 1-6 during the period 1996-1999. 

 

In order to gain better insight into the spatial distribution of the benthic community, the effect of the 

marked temporal variation in the benthic data was removed by averaging the data over the 16 sampling 

seasons. Inspection of the averaged benthic community revealed a strong linear spatial gradient from Site 

1 at the mouth through the system to Site 6 in the upper reaches (Figure 3.15). The benthic community at 

Site 3 was exceptional as it did not follow this spatial pattern, but was found to more dissimilar to that of 

Sites  2 and 4 than the distant Sites 1 and 6.  In contrast, the benthic communities of Sites 4 and 5 were 
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very similar, even though these sites were considerably further apart than Sites 3 and 4. 

 

Figure 3.16 Hierarchical  cluster and multidimensional ordination showing the association between 

benthic species within the benthic community in the Nhlabane Estuary during the period 1996-1999. 
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Table 3.4 Contribution of the zoobenthic taxa to the mean Bray-Curtis similarity within the three 

community groups identified in the community ordination during the period 1996-1999 in the Nhlabane 

Estuary using SIMPER analysis (See Figure 3.16). Mean % similarity defines the mean similarity within 

groups. Mean % dissimilarity defines the extent of dissimilarity between groups. Only higher contributing 

taxa, making up to 95% of total abundance, were included in the analysis. 

 

Species Mean Density Mean Similarity % Contribution

Corophium triaenonyx 4942 12.8 23.2

Grandidierella lignorum 3196 10.3 18.7

Desdemona ornata 1442 7.9 14.3

Ceratonereis keiskamma 569 7.7 13.9

Prionospio sexoculata 2680 6.9 12.6

Hiathula linulata 437 2.8 5.0

Apseudes digitalis 912 2.8 5.0

Chironomidae 278 1.9 3.5

Species Mean Density Mean Similarity % Contribution

Corophium triaenonyx 6242 15.7 23.1

Grandidierella lignorum 3148 12.2 18.0

Ceratonereis keiskamma 1266 9.1 13.4

Desdemona ornata 1364 7.2 10.6

Hiathula linulata 755 5.5 8.1

Apseudes digitalis 1302 4.9 7.2

Oligochaeta 326 4.9 7.2

Ceratonereis keiskamma 540 4.3 6.4

Chironomidae 104 1.8 2.6

Species Mean Density Mean Similarity % Contribution

Corophium triaenonyx 13394 13.4 21.7

Grandidierella lignorum 8580 12.1 19.5

Ceratonereis keiskamma 1804 7.6 12.2

Prionospio sexoculata 1797 5.5 8.8

Hiathula linulata 729 4.6 7.4

Ipanoe truncata 1259 3.8 6.2

Desdemona ornata 465 2.7 4.4

Munna sheltoni 339 2.5 4.1

Oligochaeta 1150 2.5 4.0

Apseudes digitalis 344 1.7 2.7

Hirudinae 85 1.4 2.2

Cyathura carinata 300 1.0 1.6

Bolttsia minuta 125 0.9 1.5

Group 1 Group 2 Group 3

Group 1

Group 2 41.2

Group 3 50.7 41.1

Mean % dissimilarity between groups

Group 3: Average similarity: 62.1

Group 2: Average similarity: 67.7

Group 1: Average similarity: 54.9
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3.3.7 Association between benthic taxa 

The association between benthic taxa within the community structure of the Nhlabane Estuary based on 

the presence/absence of the taxa is shown in Figure 3.16. The contribution of the benthic taxa to the mean 

similarity within the three main community groups and the mean dissimilarity between groups are 

presented in Table 3.4. Two main groups were formed on the ordination plot, the first of which comprised 

the dominant taxa that were present during most of the study and were recorded throughout the estuary. 

This included the two amphipod and four polychaete taxa that dominated the benthic community 

throughout the study, as well as the tanaid A. digitalis and the gastropod H. linulata.   As shown in Table 

3.4, these were also the taxa contributing most towards the mean similarity within the three community 

groups and as such were most responsible for structuring the benthic assemblage during the study period, 

and with the exception of oligochaetes, formed the dominant taxa in all three community groups. The 

second group of taxa identified in the ordination contained those taxa that were recorded infrequently. Of 

these, the cumacid Ipinoe truncata, the isopod Munna sheltoni, and the Hirudinae were most common, 

while the amphipod Afrochiltonia capensis and the polycheate Dendronereis arborifera were only 

recorded infrequently at higher salinities in the lower reaches.   

 

The average similarity within a community groups is an indication of the degree of variation within the 

group, with lower similarities reflecting a more unstable community dominated by a few abundant taxa. 

The average similarity within the 1996-early 1997 community group was 54.9%, compared to the 67.7% 

within the 1997-1998 group (Table 3.4). In the former group, only eight taxa contributed 95% of the total 

density, whereas in the late 1998-1999 group, with an average similarity of  62.1%,  13 taxa contributed 

95% of the total density.  There was an average dissimilarity between community groups 1 and 3 of 

50.7%, compared to an average dissimilarity of about 41% between  groups 1 and 2 and groups 1 and 3. 

This is an indication of the extent of change within the benthic community during the study period.  

 

3.3.8 Correlation between species assemblage and environmental variables 

 
There was a significant correlation between the benthic assemblage and environmental variables as shown 

through the BIOENV analysis (Table 3.5). The best combination of variables responsible for structuring 

the benthic assemblage of the Nhlabane Estuary was pH, depth, dissolved oxygen concentration and 

sediment organic content (ρ = 0.315). This was followed by a combination of pH, depth, dissolved oxygen 

concentration, sediment organic content, and salinity. The most important single factor in structuring the 

benthic assemblage was pH, followed by organic content and water depth (Table 3.5). The variables 

usually important in structuring the benthic assemblage in estuaries, i.e. salinity and sediment particle size, 

were 5th (ρ = 0.079) and 7th (ρ = 0.041) on the list, respectively. 
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Table 3.5. Weighted Spearman Correlation coefficients between environmental variables and the benthic 

community structure. The best combination of variables indicated in bold.   

 
 

Table 3.6 Canonical Correspondence Analysis (CCA) eigenvalues of the four principal components 

obtained from the correlation between the benthic assemblage and environmental variables in the 

Nhlabane Estuary during the period 1996-1999. Also presented is the variance accounted for by each 

environmental variable, as well as the significance of the contribution of each variable to the benthic 

assemblage.   

 

Number of Correlation Variable 1 Variable 2 Variable 3 Variable 4 Variable 5

variables ρ

1 0.238 pH

1 0.174 Organic content

1 0.096 Depth

1 0.094 Dissolved oxygen

1 0.079 Salinity

1 0.069 Temperature

2 0.286 pH Organic content

2 0.254 pH Depth

3 0.301 pH Depth Organic content

3 0.287 pH Organic content Dissolved oxygen

4 0.315 pH Depth Organic content Dissolved oxygen

4 0.297 pH Depth Organic content Temperature

5 0.314 pH Depth Organic content Dissolved oxygen Salinity

5 0.313 pH Depth Organic content Dissolved oxygen Temperature

Sample statistic (Rho): ρ=0.315, Significance level: p=0.01

Axis 1 2 3 4

Eigenvalues                       :0.238 0.196 0.16 0.113

Cumulative percentage

variance 23.8 43.4 59.4 70.8

Variable Lambda F P

pH      0.06 5.82 0.002

Organic content 0.05 4.25 0.002

Depth 0.03 3.22 0.002

Temperature 0.03 3.22 0.002

Dissolved oxygen 0.02 1.8 0.012

Salinity 0.01 1.76 0.024

Turbidity 0.02 1.19 0.248

Particle size 0.01 0.92 0.542
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Figure 3.17 Canonical Correspondence Analysis (CCA) plots of the correlation between the benthic 

assemblage and environmental variables in the Nhlabane Estuary during the period 1996-1999. (a) is a 

biplot indicating the correlation between environmental variables and the benthic samples collected during 

the four sampling years.  (b) is a biplot indicating the correlation between environmental variables and the 

benthic taxa. (see Figure 3.16 for taxa names). 
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These results were confirmed by the Canonical Correspondence Analysis (CCA), which showed that pH, 

organic content of the sediment, water depth, temperature and dissolved oxygen concentration were the 

environmental variables best correlated with the benthic assemblage (Table 3.6, Figure 3.17). The only 

variables not significantly correlated with the benthic assemblage were turbidity and sediment particle size 

(Table 3.6).  The fact that a number of environmental variables were found to contribute significantly in 

structuring the benthic assemblage, suggests that the community was structured by a number of variables 

and not just by one or two.  The first two principal components accounted for only 43.4% of the variance, 

thus more than 50% of the variance was accounted for by the remaining principal components. This 

relative equal weighting of a number of environmental variables in structuring the benthic assemblage is 

also clearly evident in the CCA biplots. In the environmental variables vs benthic sample biplot (Figure 

3.17a), the role of pH and salinity in structuring the benthic assemblage during 1998-1999 can be seen. 

The effect of salinity on the benthic assemblage was strangely unrelated to mouth condition, but oxygen 

concentrations and water depth were closely related to closed mouth conditions. Temperature, which 

represents natural seasonal variability and was found to be an important variable in structuring the benthic 

assemblage, showed no correlation with mouth condition, water depth or sediment characteristics. More 

importantly, the effect of temperature on the benthic assemblage was inversely related to salinity.  

 

Table 3.7 Correlation coefficient values of the correlation between the dominant benthic taxa and water 

and sediment quality variables in the Nhlabane Estuary over the period 1996-1999. Red indicates a 

significant correlation. 

 

The distribution of the benthic taxa in relation to the environmental variables is shown in Figure 3.17b. 

The distribution of the two most abundant amphipods, C, triaenonyx and G. lignorum, as well as Bolttsia 

minuta, the bivalve Hyathula linulata and oligochaetes, were correlated with higher salinities. The 

distribution of detrital feeders such as the polychaete D. ornata, the tanaid A. digitalis and Chironomidae 

Taxa Salinity Turbidity Tempera- pH Dissolved Depth Particle Organic Mud

ture Oxygen Size content Content

Apseudes digitalis -0.201 0.192 0.064 -0.280* -0.125 0.015 0.062 0.460* 0.137

Ceratonereis keiskamma 0.122 0.071 0.052 0.203* -0.180 0.115 -0.247* -0.238* -0.188

Chironomid spp -0.171 -0.027 -0.055 -0.118 0.038 -0.197 0.208* 0.325* -0.053

Corophium triaenonyx 0.083 0.081 -0.122 0.334* 0.130 0.310* -0.146 -0.135 0.028

Desdemona ornata 0.047 -0.153 -0.164 -0.200 -0.168 -0.209* -0.035 0.030 -0.067

Grandidierella lignorum 0.264* -0.035 -0.276* 0.177 -0.060 -0.080 -0.080 -0.193 0.031

Hyathula linulata -0.038 -0.029 -0.027 0.239* 0.008 -0.008 0.083 -0.064 -0.119

Iphinoe truncata 0.130 0.000 -0.049 0.144 0.049 0.218* 0.026 -0.291* -0.135

Oligochaeta spp. 0.074 -0.022 -0.047 0.149 -0.088 0.121 -0.387* -0.198 -0.004

Prionospio sexoculata 0.267* -0.026 -0.339* 0.001 -0.136 -0.197 -0.044 0.056 -0.006
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was related to organic content in the sediment, but not to pH and salinity. The opportunistic polychaete, P. 

sexoculata, appeared to thrive in high salinity and high organic content conditions. The cumacid I. 

truncata and the isopod L. laevigata were associated with deeper water, while the bivalve Musculaus 

virgiliae, was most abundant in low salinities. 

 

With the use of multiple regression analysis, the correlation between the ten most abundant taxa and the 

environmental variables were investigated (Table 3.7). The correlations coefficients were generally low, 

even those that were significant, indicating that benthic distribution was influenced by a number of 

environmental variables. None of the benthic taxa showed a significant correlation with turbidity, 

dissolved oxygen and mud content, so these variables were of lesser importance in the distribution of the 

benthic taxa. Only G. lignorum and P. sexoculata showed a significant positive correlation with salinity 

and temperature, while A. digitalis and chironomid larvae showed a negative correlation with salinity. 

Oligochaetes and C. keiskamma abundance showed a significant preference for coarser sediment, while 

chironomid larvae showed a significant preference for finer sediment. Two taxa, A. digitalis and 

oligocheates, showed a significant preference for sediment with high organic content, while C. keiskamma 

and I. truncata preferred sediment with low organic content. Corophium triaenonyx and I. truncata were 

most abundant in deeper areas, while D. ornata preferred shallower areas.  

 

3.3.9 Recovery and recolonization of the benthic community  

At the start of the study period, the benthic community was depleted, particularly in the upper reaches at 

Site 6, where during February and May 1996, only one and three taxa were recorded, respectively. After 

breaching of the estuary mouth in August 1995, the lower half of the estuary (Sites 1-3) was exposed to 

marine influence, but marine water was largely prevented from reaching the upper half of the estuary due 

to the berms walls still being in place, which were only removed after the second sampling session in May 

1996. Recovery of the benthic community in the lower half of the estuary thus started shortly after 

breaching in August 1995, i.e. four months before the onset of this study, while recovery in the upper 

reaches were delayed for a further nine months until the berm walls were removed in late May 1996, i.e. 

after the first two sampling seasons of 1996.  Changes in the dominant benthic taxa from the lower, middle 

and upper reaches of the estuary in relation to recovery of the benthic community following breaching of 

the system in August 1995 and removal of the berm walls in May 1996, are indicated in Figure 3.18. 

 

Recovery of the benthic community of the Nhlabane Estuary after the 1992-1995 drought period was 

evident not only in the marked increase in the number of taxa, densities, species richness and diversity 

from early 1996 through to mid 1998 (Figure 3.9 and 3.10), but also in the changes in the abundance of 

individual taxa (Figure 3.18). Table 3.8 presents information on the taxa found to be 1st level colonizers, 

transition taxa and equilibrium taxa (Cardoso et al. 2007). Prior to removal of the berm walls, the upper 



Chapter 3 – Macrobenthic Community 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 47

reaches were dominated by Chironomidae dipteran larvae, which are organisms known to be tolerant of 

disturbed and hypoxic estuarine environments. The first notable change in the benthic community of the 

upper reaches occurred shortly after the berm walls were removed and estuarine conditions were re-

established in the upper reaches. This phase, which occurred at the time when the benthic community was 

severely depleted, was evident in a distinct and rapid increase in the abundance of small opportunistic 

polychaetes,  Prionospio sexoculata and Desdemona ornata.  These species were rapidly out-competed 

and replaced by larger species, particularly G. lignorum, while another amphipod, C triaenonyx, also 

showed a notable increase in numbers. This was followed by a gradual increase in the abundance of 

previously dominant taxa such as G. lignorum, C. triaenonyx and C. keiskamma. Taxa such as Munna 

sheltoni, Hyathula linulata and Bolttsia minuta only appeared much later, when estuarine conditions had 

been re-established. 

 

Table 3.8 Taxa characteristic of the different stages of recolonization during recovery of the Nhlabane 

Estuary benthic community at the six sampling sites over the period 1996-1998. Stages according to 

Cardoso et al. 2007. 

 

 

Site 1st level 

opportunists

2nd level opportunists and 

transition taxa

Equilibrium taxa

Site 1

D. ornata, C triaenonyx, 

P.sexoculata, A. digitalis, G. 

lignorum

C. keiskamma, C triaenonyx, 

P.sexoculata, A. digitalis, G. 

lignorum, H. linulata, L. laevigata, 

M. sheltoni, C. aestuaria, I. 

truncata, A. ovata

Site 2

D. ornata, C triaenonyx, 

Oligochaetae, G. lignorum

C. keiskamma, C triaenonyx,  G. 

lignorum, H. linulata, L. laevigata, 

M. sheltoni, C. aestuaria, I. 

truncata, B. minuta

Site 3

D. ornata, C triaenonyx, 

Oligochaetae, G. lignorum

C. keiskamma, C triaenonyx,  G. 

lignorum, H. linulata, L. laevigata, 

M. sheltoni, C. aestuaria

Site 4

P. sexoculata, D. 

ornata

D. ornata, C triaenonyx, 

Oligochaetae, G. lignorum, P. 

sexoculata, A. digitalis

C. keiskamma, C triaenonyx,  G. 

lignorum, H. linulata, M. sheltoni, C. 

aestuaria, I. truncata, B. minuta, A. 

digitalis

Site 5

P. sexoculata, D. 

ornata, 

Oligocheata

C triaenonyx, Oligochaeta, G. 

lignorum, P. sexoculata, A. 

digitalis

C. keiskamma, C triaenonyx,  G. 

lignorum, H. linulata, M. sheltoni, C. 

aestuaria, I. truncata, B. minuta

Site 6

P. sexoculata, D. 

ornata

C triaenonyx, G. lignorum, A. 

digitalis, D. ornata

C. keiskamma, C triaenonyx,  G. 

lignorum, H. linulata, M. sheltoni, I. 

truncata
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Figure 3.18. Changes in the seasonal densities (N.m-2) of the dominant taxa in the lower (A), middle (B) 

and upper (C) reaches of the Nhlabane Estuary over the period 1996-1999. The arrow indicates when the 

berm walls were removed. 6 = 1996, 7 = 1997, 8 = 1998, 9 = 1999 
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The estuarine habitat in the middle reaches was severely disturbed by the process of berm wall removal, as 

the area between the two berm walls had to be filled with sand to displace silt trapped between the walls 

and then dredged out. While the abundance of most taxa were depressed by these activities, the numbers 

of the opportunistic polychaetes, notably D. ornata, increased. This was again followed by a rapid 

increase in the numbers of the two dominant amphipods, G lignorum and C. triaenonyx. This was again 

followed by a gradual increase in the number of taxa such as C. keiskamma and A. digitalis, while taxa 

such as M. sheltoni, H. linulata, B. minuta, Cyathura aestuaria and Iphinoe truncata only returned much 

later (Table 3.2). In the lower reaches, the start of the study was marked by relatively high numbers of 

dominant estuarine taxa such as C. triaenonyx, while the high numbers of D. ornata suggested that the 

initial phase of recovery had occurred in 1995 prior to the onset of the study.    

 

3.3.10 Comparison with 1992-1995 drought benthic community 

In order to gain further insight into changes in the benthic community during the study period, a 

multivariate analysis comparison was conducted between the benthic community recorded during the 

current study with that recorded during 1992-1995 drought period (Vivier and Cyrus 1999a), when the 

mouth of the estuary remained closed and the estuary became relatively fresh (Figure 3.19). Analysis of 

Similarity (ANOSIM) revealed that there was a significant difference between the benthic assemblage of 

the drought and post-drought periods (R = 0.532, p = 0.001). The classification and MDS ordination 

analysis showed a cyclical temporal shift in  benthic community during the 1992-1999 period (Figure 

3.19). This involved a gradual but distinct shift in the benthic community during the drought period away 

from the 1992 community, followed by a gradual return during the 1996-1999 post-drought period to the 

pre-drought community. Three groups were identified in the cluster analysis at a 65% similarity. Group I 

consisted of the 1992 and early 1993 community, while Group II comprised the remaining 1993 and all of 

the 1994-1995 samples, including the last sample of 1995 after the mouth was breached and the estuary 

was re-opened. Group III comprised the 1996-1999 post-drought assemblage. The 1992 community 

showed a greater similarity with the 1996-1999 post-drought community (62%) than with the 1993-1995 

drougt community (55%), indicating firstly the extend of change caused by the drought in the 1992-1995 

community. This also indicates the extend of recovery in the post-drought community back towards the 

community that existed at the start of the drought.   
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Figure 3.19. Cluster and MDS plots of the changes in the benthic community of the Nhlabane Estuary 

over the period 1992-1999. Numbers 1 to 32 indicate the 32 consecutive sampling seasons during 1996-

1999. 
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3.4 Discussion 

3.4.1 Benthic composition 

The information in the literature on the benthic community of the Nhlabane Estuary is limited to a study 

conducted over the period 1992-1995 on the impact of the 1993 dredger crossing of the estuary (Vivier et 

al. 1998, Vivier and Cyrus 1999a, 1999b, MacKay and Cyrus 2001). No quantitative historical data is 

available on the system prior to 1992. Begg (1978) reported that “regrettably, there is very little 

information available on the fauna” of the system and Steffen, Robertson and Kirsten (1989), in an EIA of 

the 1993 Nhlabane Estuary dredger crossing, stated that “nothing definite is known about components of 

the aquatic fauna, such as crabs, prawns and mollusks.” The Coastal Research Unit of Zululand, 

University of Zululand, initiated a study on the water quality and biota of the Nhlabane system in 1992, of 

which the present study constitutes a component.  

 

The 32 taxa recorded during the period 1996-1999 compares favorably with the 24 taxa  reported from the 

Nhlabane Estuary during the 1992-1995 study (Vivier et al. 1998, Vivier and Cyrus 1999a, 1999b). The 

taxa present during the present study but not during 1992-1995 included organisms such as the polychaete 

Glycera subaena and the cumacid Iphinoe truncata, while all the taxa recorded during the 1992-1995 

period were found during the present study. This indicates that changes in the benthic community 

following the 1992-1995 period of extended mouth closure and freshwater conditions, involved not only 

temporal and spatial changes in the assemblage of existing taxa, but also recruitment of 8 new taxa into 

the system. 

 

Of the 259 estuaries along the South African coastline, 182 are classified as TOCE. Of the 73 estuaries 

found along the KwaZulu-Natal coastline, 59 are intermittently open (Whitfield 2000). The benthic 

composition of the Nhlabane Estuary, a small TOCE, was comparable to that recorded in other 

intermittently open systems, such as the Siyaya, Wilderness and Bot River estuaries (Davies 1984, De 

Decker and Bally 1985, Whitfield and Bruton 1989, Whitfield 1992, Cyrus and MacKay 1995, Mackay 

1996).  Being a TOCE (Whitfield 1992), the Nhlabane Estuary characteristically showed a relatively low 

benthic faunal richness compared to that recorded in many open tidal estuaries (Whitfield and Bruton 

1989). In a study of 28 estuaries in south-eastern Australia, it was shown that entrance status of an estuary 

at the time of sampling was determinant in structuring the composition of benthic macrofauna, with open 

systems being more diverse due to open entrances being able to facilitate the intrusion of marine species 

(Hastie and Smith 2006). The Mhlatuze estuary, a permanently open estuarine embayment, showed a total 

of 86 benthic taxa, which were dominated by organisms that were primarily marine in origin (Mackay and 

Cyrus 1999). The 28 taxa recorded in the semi-permanently open Mlalazi estuary (Mabaso 2002) was 
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regarded as poor for an open subtropical estuary since such estuaries are known to be highly diverse 

(Whitfield 1992, Currie and Small 2005). Hill (1966) recorded 84 macrobenthic taxa in the Mlalazi 

estuary, which was suggested to be poor for a subtropical estuary in relation to the 378 species recorded 

by Day (1974) in the Morrumbene estuary. Even though the Mlalazi estuary is mostly open and therefore 

has a more stable salinity gradient than the intermittently open Nhlabane Estuary, the dominant benthic 

taxa were remarkably similar in the two systems.  The Mlalazi estuary was dominated by the polycheates 

Prionospio spp and D. arborifera, the amphipod C. triaenonyx, the tanaid A. digitalis and the bivalve M. 

virgiliae (Mabaso 2002). With the exception of M. virgiliae, all these were dominant taxa in the Nhlabane 

Estuary. 

 

The benthos in the Nhlabane Estuary was characterized by an abundance of estuarine crustaceans, notably 

the two amphipods G. lignorum and C. triaenonyx, and the polychaetes C.keiskamma, P. sexoculata and 

D.ornata, with these five estuarine species accounting for 83% of the benthic numbers. These taxa appear 

to be relatively common in east coast estuaries, and except for D. ornata, were also identified as the most 

abundant taxa in Eastern Cape estuaries (Teske and Wooldridge 2001). The fact that these taxa were 

abundant in all four types of Eastern Cape estuaries suggest that they are true estuarine endemics whose 

distribution in warm-temperate and subtropical estuaries is relatively independent of salinity or sediment 

type. 

 

There were remarkable similarities in the dominant benthic taxa of the Nhlabane Estuary with that of a 

number of other intermittently open estuaries. This was particularly the case with the Wilderness estuary, 

even though the two systems are 1200 km apart and the Wilderness estuary is located in a warm-temperate 

region. Both systems were dominated by the amphipods G. lignorum and C. triaenonyx, the polycheate C. 

keiskamma and the tanaid A. digitalis (Davies 1984). The Nhlabane Estuary also shared a number of 

ecological characteristics with the Siyaya estuary, a nearby small intermittently open subtropical estuary 

(MacKay and Cyrus 2001). The estuarine benthic components of the two systems were very similar, and 

both systems were dominated by the amphipods G. lignorum and C. triaenonyx and the polychaete C. 

keiskamma. In both systems, flow dynamics had been altered by weirs in their upper reaches and both 

remained closed during the 1992-1995 drought. Even though a total of 88 taxa were recorded in the Siyaya 

estuary, compared to 32 taxa in the Nhlabane, the majority of these were freshwater taxa, which 

dominated the Siyaya estuary during extreme low salinity conditions.  

 

The most notable feature of the Nhlabane Estuary benthos during the present study was the way in which 

the two amphipods G. lignorum and C. triaenonyx dominated the benthic community at all sampling sites 

throughout the study.  The contribution of these two taxa at each of the six sampling sites ranged between 

57-73%. This complete numerical domination by two estuarine amphipods, which was also shown in the 
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Siyaya and Wilderness estuaries (Davies 1984, Mackay 1996), but not in the larger Mfolozi (Ngqulana et 

al. 2010), Mlalazi (Mabaso 2002), Mhlatuze (Mackay and Cyrus 1999) and Mdloti estuaries (Blaber and 

Hay 1984) and the St Lucia system, appears to be characteristic of small intermittently open systems. Both 

C. triaenonyx and G. lignorum are euryhaline amphipods with a high tolerance to salinity and sediment 

variability and are common in low salinity estuaries and relict estuarine freshwater lakes in Zululand but 

not in larger permanently open systems (Vivier and Cyrus 1999a). Although polychaetes and amphipods 

are generally regarded as dominant organisms in estuaries and lagoons, estuaries worldwide are usually 

dominated by polychaetes (Stoner and Acevedo 1990). Polychaete worms, in particular, being generally 

abundant members of estuarine macrofauna communities, are represented by more genera in estuaries than 

any other group of organisms (Giangrande et al. 2005).  Mackay and Cyrus (1999) reported that 

polychaetes formed the most abundant component of the Mhlathuze estuary benthos, while Mabaso (2002) 

found polychaetes to be the dominant group in terms of density and the number of taxa in the Mlalazi 

estuary.   

 

3.4.2 Benthic assemblage and environmental variables 

 
The distribution of organisms relative to their habitat is of central importance to ecology. Knowledge of 

the spatial distribution patterns of benthos along estuarine gradients might help to identify the linkages 

between species distributions and ecological processes and therefore to gain insight into the functioning of 

estuarine ecosystems. The nature of this distribution also provides an insight into the types of ecological 

processes that regulate populations and assemblages. Numerous studies have demonstrated that spatial 

distributions of benthic invertebrates in estuaries are affected by environmental variables (Mackay and 

Cyrus 2001, Teske and Wooldridge 2003, 2004, Nanami et al. 2005, Hastie and Smith 2006). These 

studies have suggested that variability in physical factors (e.g., water depth, grain size and mouth 

condition), chemical factors (e.g., salinity, dissolved oxygen and pH) and biological factors (e.g., 

macrophyte and seagrass density, predation) all contribute to provide diverse habitats in estuaries, and 

species specific habitat association of organisms in response to such environmental variability is common 

(Gonzalez-Oreja and Saiz-Salinas 1998). Snelgrove (1999) concluded that distributional patterns of 

individual species of shallow-water benthic fauna are reported to be largely controlled by abiotic factors at 

the broader scale and by biotic factors at finer scales. 

 

Estuaries provide diverse habitats for aquatic organisms since they are located at the interface between a 

river and the sea, and there is often rapid and large-scale variability in physical and chemical conditions 

due to changes in freshwater and marine influences. Estuaries can be seen as biologically active systems 

structured by abiotic factors which contribute to create a complex of gradients which may determine the 

distribution and abundance of animal communities (Hastie and Smith 2006). To survive, benthic 
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organisms require a certain combination of physical and chemical conditions (Gray 1989). The effect that 

physico-chemical variables have on a benthic organism depends not only on the environmental 

preferences of the organism, but also on the tolerance range of the organism to those variables (Edgar and 

Barret 2002). The spatial distribution of macrobenthic species in relation to environmental variables is 

thus species-specific, suggesting that environmental variability provided by the estuarine environment will 

support diverse benthic animal communities (Flint and Kalke 1986). Many estuarine benthic species are 

able to inhabit most parts of an estuarine environment, because of their wide-ranging environmental 

tolerances, but some are more specific in their habitat preference and therefore have a more limited 

distribution. For example, stenohaline taxa are restricted in their distribution to lower saline ends of 

estuaries, while others might have strong preferences for a certain type of sediment. Teske and 

Wooldridge (2003) found salinity to be most important in structuring benthic communities in the upper 

and lower extremes of permanently open estuaries, whereas sediment type was more important at the 

intermediate sites, as well as throughout closed estuaries where salinity tended to be more uniform. 

 

Results from the present study confirmed this species-specific preference for specific environmental 

conditions. Of the ten dominant taxa in the Nhlabane Estuary, only G. lignorum and P. sexoculata showed 

a significant positive correlation with salinity, while A digitalis and chironomid larvae showed a negative 

correlation. Oligochaetes and C. keiskamma showed a significant preference for coarser sediment, while 

chironomid larvae showed a significant preference for finer sediment. Only two taxa, A. digitalis and 

oligocheates, showed a significant positive correlation with  sediment organic content. 

 

A combination of physico-chemical factors usually affects the distribution of benthic organisms. Very 

seldom can a single factor be pointed out as the sole determining cause of changes in community structure, 

particularly on a long-term basis (Mackay and Cyrus 2001, Carvalho et al. 2005). Nevertheless, salinity 

and sediment characteristics have often been shown to be major influential environmental factors affecting 

the distribution of benthic organisms and numerous studies have reported that the spatial distribution of 

macrobenthic invertebrates along an estuarine gradient is related to sediment composition and/or salinity 

(Teske and Wooldridge 2003). Wolff (1983) argued that salinity is the most important variable in 

structuring estuarine benthic communities, whereas other studies have shown that differences in sediment 

type were more influential than salinity in determining the structure of benthic communities (Teske and 

Wooldridge 2004). In large open systems, the distribution and abundance of soft-sediment benthos have 

been related to sediment particle size structure and depth (Snelgrove 1999, Currie and Small 2005). In 

brackish Lake Hinuma, Prionospio japonica was most abundant in areas with larger grain size and higher 

salinity, while Grandidierella japonica, Cyathura sp., Melita sp and Assiminea japonica, were more 

abundant in areas with smaller grain size and lower salinity (Nanami et al. 2005). In Eastern Cape 

estuaries, the cumacean I. truncata was associated with sandy areas, while the tanaid A. digitalis, the 
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isopod Cyathura aestuaria and the polychaete Dendronereis arborifera were characterized as mud zone 

species.  

 

The nature of the sediment was found to be more important than salinity in thirteen Eastern Cape estuaries 

representing all four estuarine types (see Whitfield 1992), in limiting the distribution of macrobenthos 

(Teske and Wooldridge 2003). These authors argued that this may set South African estuaries apart from 

northern hemisphere systems, in which salinity has been shown to be the major factor influencing regional 

distributions, while sediment characteristics strongly influenced local distributions. They further argued 

that this might be the result of South African estuaries being dominated by species whose distribution is 

relatively independent of salinity, and to which the nature of the sediment and associated variables are 

consequently more important variables. However, Carvalho et al. (2005), reported that in the permanently 

open Obidos lagoon in Portugal, it was generally observed that, although some taxa were associated with a 

given sediment-type habitat, their distribution was rarely restricted to that habitat. 

 

Numerous studies have also reported that sediment characteristics, viz grain size and organic content, are 

some of the most important factors responsible for spatial distribution of macrobenthic species, 

particularly in terms of feeding types (Teske and Wooldridge 2003, 2004, Nanami et al. 2005). That is, 

suspension-feeders (e.g., bivalves) are usually more abundant in sandy areas in which tidal currents 

prevent accumulation of detritus on the bottom and brings potential food to the suspension-feeders. In 

contrast, deposit-feeders such as polychaetes and amphipods are usually more abundant in a muddy area in 

which the abundant organic matter provide an adequate source of nutrition for a large number of deposit-

feeders. In organically enriched muddy sediments of estuarine systems in Portugal, deposit feeders were 

found to be the dominant feeding category, while suspension-feeders and carnivores were more associated 

with clean sandy sediments (Carvalho et al. 2005). In the Nhlabane Estuary, the sediment along the entire 

estuary consisted of medium to fine sands, so the distinction between benthic feeding types in relation to 

sediment characteristics was not as clear as in most other estuaries. There was no mud in the Nhlabane 

Estuary, and the sediment ranged from fine sand in the upper reaches to medium sand in the lower 

reaches, while the organic content of the sediment was low throughout. Estuaries are usually characterized 

by organic rich, muddy substrate in the upper to middle reaches due to settling out of fine sediment 

brought down from the catchment by riverine flow, and coarser marine dominated sediment in the lower 

reaches close to the mouth (Stoner and Acevedo 1990). Mud is the most common type of bottom in 

estuarine systems (Vernberg 1983). This was not the case in the Nhlabane Estuary, where the presence of 

the Nhlabane weir caused the fine sediment to settle out in Nhlabane Lake, with only relatively clear 

sediment-free water flowing into the estuary. Breaching of the estuary mouth also coincided with 

substantial scouring of the bottom sediments, thereby removing fine sediment and epibenthic organic 

material from the system (Huizenga and Van Niekerk 1998).  In the Tongati and Mdloti estuaries, the lack 
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of mud in the upper reaches was suggested to be detrimental to the establishment of a rich infaunal 

benthos (Blaber and Hay 1984).  

 

The reduction in fine sediment in estuarine environments due to impoundment of freshwater heads of 

estuaries have been shown in numerous studies (Whitfield and Bruton 1989, Atrill and Power 2000). Due 

to the relative uniformity of the sediment in the Nhlabane Estuary, sediment particle size was therefore not 

expected to play a major role in the distribution of benthic organisms in the estuary. In contrast, sediment 

organic content was shown to be the 2nd most important variable in forging the benthic community. The 

relatively low organic content recorded throughout the estuary suggests that organic material might be an 

important limiting factors in the distribution of many Nhlabane Estuary benthic taxa, and that species 

which have a competitive advantage in utilizing this limited food resource, will proliferate. Studies have 

shown that Corophium amphipods attain most of their nutrition not by eating detritus, but by gleaning the 

thin film of microflora, particularly the epipelic diatoms, and bacterial growth from the surface of 

particulate matter (Hughes and Gerdol 1997). In the organic poor sediments of the Nhlabane Estuary, this 

ability would allow these amphipods to make optimal use of a limited food source and allow them to 

outcompete other detritivores.  This is perhaps one of the reasons why the amphipod such as C. 

triaenonyx, and G. lignorum, both of which are tubiculous suspension and a detritus feeders, were 

relatively abundant throughout the Nhlabane Estuary and occur commonly in most east coast estuaries, as 

they are able to optimally utilize the organic poor fine grained sand (Teske and Wooldridge 2003). The 

polychaetes Desdemona ornata, a suspension feeder, and Prionospio sexoculata, a detritus feeder, were 

also consistently recorded in the same area throughout the Nhlabane system during the study period. The 

low sediment organic content in the Nhlabane Estuary is related to the low nutrient levels recorded in the 

estuary, which could be attributed to the absence of allochthonous nutrient input through freshwater 

inflow, reflected in the low nitrate and phosphate concentrations at the weir (Quinn 1999).  The estuary is 

thus oligotrophic in nature and chlorophyll-a concentrations are low. The freshwater input into the estuary 

is limited to overtopping of the weir, which does not allow for significant sediment and nutrient export.  

The emergent Phragmites beds appear to be the main source of nutrients in the estuary since the water that 

flows over the weir have reduced suspended matter and associated nutrients (Quinn 1999). 

 

Salinity and sediment type, which usually are important in structuring benthic communities, were 

therefore relatively unimportant in influencing the Nhlabane Estuary benthos, to the extent that secondary 

limiting factors such as organic content, became important. Thus, despite the large fluctuations in salinity 

during the study period, salinity was not shown to be an important determining factor in the Nhlabane 

Estuary benthos.  In thirteen Eastern Cape estuaries studied by Teske and Wooldridge (2003), a large 

proportion of the numerically dominant taxa were also found to be relatively independent of salinity and 

sediment. These included taxa such as C. triaenonyx, G. lignorum and Prionospio sp, which were also the 
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three most abundant taxa in the Nhlabane Estuary. As shown in the present study, these taxa remained 

abundant throughout the study period, in all sections of the estuary and under differing salinity conditions. 

There taxa can therefore be considered to be true estuarine endemic taxa whose distribution is not closely 

associated with sediment or salinity, but whose abundance and distribution might be affected by biotic 

constraints such as food availability, competition and predation (Flint and Kalke 1986, Teske and 

Wooldridge 2003, 2004). In the Blackwater River estuary in England, the distribution of Corophium 

volutator, a common inhabitant of European intertidal mudflats, was attributed to their dispersal behaviour 

of swimming on the flood tide, which would sweep the amphipods into the semi-enclosed creeks and bays, 

away from the open mudflats (Hughes and Gerdol 1997). The distribution of this amphipod was also 

negatively correlated with the abundance of a common polycheate, Nereis diversicolor, because of 

sediment disturbance caused by the polycheate, which deterred recruitment. High densities of microflora 

and a high organic matter content of the sediment have also been suggested to influence the distribution of 

C. volutator (Hughes and Gerdol 1997) and Jensen and Kristensen (1990) concluded that the local 

distribution of C. volutator was influenced by biotic rather than by abiotic factors.  

 

3.4.3 Recovery of benthic community 

 
The continued functioning of Southern African estuaries relies on the maintenance of their natural 

dynamism and of the natural range of oscillations imposed on these systems by riverine and marine 

influences (Whitfield and Bruton 1989). The Nhlabane Estuary is not located in an industrialized and 

urbanized environment and as such does not suffer directly from the pollution effluent fate found in most 

estuaries worldwide. Lake Nhlabane, whose catchment is dominated by forestry, is an oligotrophic lake 

with relatively good water quality (Vivier and Cyrus 1999a). The Nhlabane Estuary is, however, under 

pressure due to artificial alteration in its flow dynamics caused by the Nhlabane weir and water abstraction 

from the lake. The overexploitation of freshwater resources, particularly during drought conditions, often 

has the effect of forcing estuaries into extreme states with regard to their natural functioning and has 

deleterious consequences for the ability of these systems to maintain viable estuarine biotic communities. 

Whitfield and Bruton (1989) noted that the effects of impoundment and water abstraction on small 

intermittently open estuaries included a reduction in frequency and magnitude of floods, a lack of 

freshwater inflow during droughts, more rapid and more frequent mouth closure, a reduction in nutrient 

and organic material input and a decline in biotic diversity during prolonged closed phases.  It should be 

noted that, in contrast to small Eastern Cape and most small estuaries around the world that become 

hypersaline during droughts and prolonged closed phases (Whitfield and Bruton 1989, Hastie and Smith 

2006), small subtropical estuaries along the South African coastline, such as the Nhlabane Estuary, tend to 

become fresh when closed (MacKay and Cyrus 2001).  
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The Nhlabane Estuary was subjected to a regional drought over the period 1992-1995 during which no 

freshwater flowed over the Nhlabane weir, with the result that the estuary mouth remained closed from 

late 1991 to mid 1995. The system became fresh, with salinities throughout the system decreasing to 

between 1-5 and macrobenthic densities and diversity declining markedly (Vivier and Cyrus 1999b). In 

addition, two earthen berm walls were constructed across the middle reaches of the system in 1993 to 

allow passage of a RBM mining dredger across the middle of the estuary. The berm walls divided the 

system in half for almost three years and caused habitat changes in the estuary, preventing water and biotic 

movement between the upper and lower reaches and causing the estuary to develop into two separate 

bodies of water which attained different water qualities (Vivier et al. 1998). The benthos in the upper 

reaches became severely depleted and only one and three taxa were recorded from the head of the estuary 

(Site 6) during February and May 2006, respectively (Vivier and Cyrus 1999b).  

 

During 1995, the Nhlabane Estuary was therefore characterized by a severely stressed benthic community, 

caused by a combination of a naturally occurring drought event exacerbated by two anthropogenically 

induced factors. The presence of the Nhlabane weir, coupled with continued abstraction of water from 

Lake Nhlabane for mining purposes, affected natural water level fluctuations in the estuary by keeping the 

water level artificially low, thereby ruling out any chance of the estuary breaching by itself. The resultatnt 

extended closure of the estuary mouth inhibited interaction between the estuarine and marine 

environments (Vivier and Cyrus 1999b). The 2nd factor was caused by the berm walls being in place 

across the middle reaches of the estuary for three years, causing the upper reaches to become completely 

freshwater dominated as well as preventing flow of marine water to the upper reaches after the system was 

artificially breached in August 1995.  

 

Measures to restore the ecological functioning of the Nhlabane Estuary were initiated in August 1995 

when the estuary was artificially breached and regular contact with the marine environment was restored. 

The berm walls were only removed in May 1996 after which the middle reaches of the estuary were 

rehabilitated and the channel restored (Vivier et al. 1998). Recovery of the estuarine habitat was therefore 

initiated in two phases. Breaching of the mouth in August 1995 re-established a marine influence in the 

lower half of the estuary, but the presence of the berm walls prevented saline water from reaching the 

upper half of the estuary. Recovery in this part of the estuary was only initiated after May 1996, when the 

berm walls were removed. The present study therefore offered the opportunity to investigate the process of 

recovery of the benthic community in the Nhlabane Estuary, particularly in the upper reaches, from a 

severely depleted freshwater condition to a marine influenced estuarine condition.  

 

Because estuaries are such naturally variable environments, most organisms living in estuaries are able to 

survive within the natural range of variability shown by factors such as salinity, turbidity, temperature, 
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oxygen and nutrients. Organisms are eliminated when the natural range of variability in the estuarine 

environment is exceeded, usually as a result of added anthropogenic stress. We therefore have to 

distinguish between natural stress and anthropogenic stress in the estuarine environment (Elliot and 

Quintino 2007). Estuaries are naturally stressed environments due to their inherent variability, and 

organisms are adapted to this. When, however, anthropogenic stress is added to the estuarine environment, 

conditions are often created with which many organisms are unable to cope. This was the case in the 

Nhlabane Estuary during the drought conditions in 1992-1995, with anthropogenic stress caused by 

mining activities adding further pressure on an already stressed ecosystem, thereby creating unfavourable 

conditions for most benthic taxa. Ecosystems such as the Nhlabane Estuary have to deal with the effect of 

multiple stressors, which may act synergistically to considerably lower the resilience and resistance of the 

populations to disturbance.  

 

Estuaries are, however, dynamic systems which are known to have a high tolerance to stress and an 

inherent resilience with the ability to return to pre-impact conditions once the cause of the impact has been 

removed (Gray and Pearson 1982; Whitfield and Bruton, 1989). The high natural variability in estuaries 

may confer an ability to withstand stress, both natural and anthropogenic, thus creating resilience to stress 

and the ability to recover (Elliot and Quintino 2007).  

 

Climatic variability is known to have a significant influence on the population structures of many 

estuarine and marine organisms (Currie and Small 2005), as was shown in the Nhlabane Estuary during 

the 1992-1995 drought period (Vivier and Cyrus 1999b). Estuaries are defined by salinity change over 

tidal cycles, but climatic changes and associated alterations in freshwater flows (of varying intensity, 

frequency and duration) can alter salinity regimes dramatically to the detriment of the benthic 

communities.  Results from a 6 year study on the Port Curtis estuary in Australia showed that drought 

induced changes related to a recent El Nino episode had a significant impact on the benthic fauna of the 

sub-tropical estuarine system, with mean species richness and abundance progressively declining by 72%. 

Following the end of the drought, however, the benthos subsequently recovered over the ensuing 2.5-year 

period to a species richness approaching that recorded at the start of the drought (Currie and Small 2005). 

 

A similar recovery was evident in the Nhlabane Estuary during this study. The mouth of the estuary, after 

being breached in August 1995, remained open or breached naturally quite frequently during the study 

period due to increased flows of freshwater from the lake. Because of renewed marine influence, estuarine 

conditions returned quite rapidly, characterized by a typical salinity gradient. The mean number of taxa 

and benthic densities more than doubled from early 1996 to 1998. In the upper reaches (Site 6), the area 

most affected by prolonged freshwater conditions during the drought, the mean number of taxa increased 

from 2 during the pre-barrage removal period, to 12 in 1997 and 16 in 1998. The mean benthic densities in 
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this area increased more than tenfold during the same period. Even in the lower reaches (Sites 1-2), the 

area least affected by the continued drought and closed mouth conditions (Vivier and Cyrus 1999b), the 

mean number of taxa and benthic densities more than doubled from early 1996 to 1998. These results 

clearly show a remarkable recovery in the benthic community, not only in terms of benthic densities, but 

more importantly, in terms of species number.  

 

Estuarine benthic communities have often been used to document biological responses to stress induced 

changes in environmental quality (Gray and Pearson 1982, Gray 1989). The response of anthropogenically 

stressed benthic infaunal communities are well known. Under severe disturbance, communities become 

numerically dominated by a few species with very small individuals.  Such communities are characterized 

by small opportunistic, short-lived r-strategists and low individual biomass organisms, low diversity, with 

high abundances of a few species (Gray and Pearson 1982). In addition, stressed communities have a high 

turnover and biological productivity and a dominance by oligochaetes and oligochaetiform polychaetes 

(Elliot and Quintino 2007). When the recovery of such communities are initiated, only one or two 

opportunistic species have been found to dominate the early phases of succession (Giangrande et al. 2005, 

Cardoso et al. 2007). These taxa are inherently poor competitors and are usually out-competed by 

transition species and k-strategists if conditions improve (Cardoso et al. 2007). This type of response was 

evident in the upper reaches of the Nhlabane Estuary at the onset of the study, when the stressed benthic 

community became dominated mainly by P. sexoculata and to a lesser extent by D. ornata. These are 

small opportunistic polychaetes which rapidly colonized the disturbed area when estuarine conditions 

were restored. They were quickly replaced by larger transition species and/or species which are usually 

dominant in the system. This role was played by the estuarine amphipods, G. lignorum and C. triaenonyx, 

the two most abundant species in the system. In estuarine environments approaching the post-stress 

natural equilibrium state, diversity and the abundance of rare taxa increases, numerical dominance is of 

species with moderately small individuals, and biomass becomes dominated by a few species 

characterized by low abundance but large individual size and weight (Elliot and Quintino 2007). This was 

clearly evident during the study in the gradual return and increase in the abundance of relatively large 

organisms such as the polycheate C. keiskamma and the gastropod H. linulata.   

 

In a recolonization study in the Mondego estuary, early colonizers were mostly small-sized species with 

fast growth rates, which reached high densities and with high production rates, such as C. capitata and 

Alkmaria romijni. As the community recovered, the larger slow growing species which are more sensitive 

to habitat disturbance and whose presence is indicative of a relatively stable habitat, such as nereid species 

Hediste diversicolor, replaced the opportunists (Giangrande et al. 2005). The two nereid species, C. 

keiskamma and D. arborifera, seemed to perform this role in the Nhlabane Estuary.   
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Prionospio sexoculata was the primary opportunistic colonizer of severely disturbed habitat in the 

Nhlabane Estuary. In Dokai Bay, Japan, Prionopio pulchra was considered an opportunistic species and a 

good indicator of habitat disturbance (Ueda et al. 1992). In India, P. cirrobranchiata was proposed as an 

indicator species of industrial pollution, while P. sexoculata and P. cirrifera were reported as species 

tolerant of habitat disturbance (Khan et al. 2004). In the organically polluted Tongati estuary, the 

impoverished benthic community was completely dominated by Prionospio sp polychaetes (Blaber and 

Hay 1984). The total dominance of this organism in the Tongati estuary was suggested as indicative of 

instability in an artificially disturbed community. These results confirm the position of Prionospio 

polychaetes as opportunistic colonizers of severely disturbed subtropical estuarine environments. The 

difference between the Nhlabane and Tongati estuaries lies in the fact that conditions in the Tongati 

estuary remained stressed as a result of ongoing industrial pollution, whereas in the Nhlabane Estuary 

during this study, conditions drastically improved once the system was breached and the berm walls were 

removed. This allowed transition and equilibrium benthic taxa to replace the opportunistic polychaetes. 

The Nhlabane Estuary more resembled the Mdloti estuary in terms of estuarine conditions and biotic 

composition, which was also dominated by taxa indicative of more stable estuarine conditions, such as C. 

erythraeensis and Dendronereis arborifera (Blaber and Hay 1984).  

 

Polychaetes have been extensively used in coastal studies for monitoring purposes especially in soft-

bottom habitat (Pearson and Rosenberg 1978, Gray 1989, Cardoso et al. 2007). They are among the most 

abundant and species-rich groups of estuarine benthos.  Among benthic groups, polychaetes are 

considered to be one of the best indicators of environmental disturbance, since this group contains both 

sensitive and tolerant species in a gradient from pristine to heavily disturbed habitats (Giangrande et al. 

2005, Cardoso et al. 2007). When referring to opportunistic species of polychaetes, which mainly belong 

to the Capitellidae, Cirratulidae, and Spionidae families, one immediately thinks of Capitella capitata, the 

most common taxon found in organic enriched sediments (Pearson and Rosenberg 1978, Gray and 

Pearson 1982). However, C. capitata is a complex of sibling species, differing in their environmental 

needs, tolerances and life-history strategies and have been found to be widely distributed in a range of 

natural habitats (Gray 1989). This therefore undermines its utility as an indicator taxa. In the Nhlabane 

Estuary, this niche was filled by P. sexoculata and D. ornata. 

 

In a recolonization study of a previously organically polluted estuary, Sykes Creek, Florida USA, the 

species considered to be opportunistic and indicators of zoobenthic recovery not only included 

polycheates such as C. capitata, but also the amphipods Grandidierella bonnieroides and Corophium 

elleri (Grizzle 1984).  Corophium elleri, in particular, was very abundant in moderately disturbed 

sediments. Inclusion of these amphipods as opportunists was based on the fact that they also showed 

marked increases in densities during recovery of the benthos. Opportunistic polychaetes such as C. 
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capitata were, however, shown to be true opportunists of severely disturbed habitats as their response was 

marked by a rapid increase followed by a rapid decrease in numbers. The amphipods, on the other hand, 

did not disappear after their initial rapid colonization of the affected areas, but went on to become the 

dominant taxa in the estuary, in the same way that they dominated the area before habitat disturbance. In a 

similar way, the rapid increase in the numbers of G. lignorum and C. triaenonyx in the Nhlabane Estuary 

after estuarine conditions were restored, was indicative of opportunistic species that were able to re-

colonise areas where they previously dominated (Vivier and Cyrus 1999b). These crustaceans are 

therefore not true indicators of disturbed estuarine habitats but due to some competitive advantage were 

able to more rapidly re-colonize moderately disturbed areas  which they previously dominated, compared 

to most other estuarine taxa (Grizzle 1984).  

 



Chapter 4 – Metal concentrations in water, sediment and amphipods 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 63

 

 

CHAPTER 4 

 

 

 

Trace metals concentrations in the water and 

sediment and in body tissues of the two 

estuarine amphipods, Grandidierella 

lignorum and Corophium triaenonyx 

 



Chapter 4 – Metal concentrations in water, sediment and amphipods 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 63

4. Trace metals concentrations in the water and sediment and in body tissues 

of the two estuarine amphipods, Grandidierella lignorum and Corophium 

triaenonyx. 

 
 

4.1 Introduction 

Estuaries, which are dynamic, complex, and unique systems, are among the most productive coastal 

ecosystems in the world (Kennish 2002). Estuaries can be seen as biologically active systems structured 

by abiotic factors setting up a complex of gradients which may determine the distribution and abundance 

of animal communities.   The ability of an estuary to support healthy biotic communities is dependent on 

the maintenance of its water and sediment quality. Estuaries are fast becoming the wastefields and 

repositories of contaminants generated by human activities, which eventually affect biotic communities. 

Worldwide, estuaries and their biotic communities are affected by urban and industrial development and 

few estuaries remain unaffected by human activities (Rainbow 2007, Bat 2005).     

 

One of the greatest ecological concerns in estuarine areas over the past few decades has been the 

increasing concentrations of anthropogenically derived trace metals in the water and sediment. Many 

studies to date have shown the extent of metal contamination in estuaries and its potential effect on biotic 

communities (Hennig 1985, Kennish 2002, Adamo et al. 2005). Marine and estuarine sediments bind and 

accumulate a variety of trace metals to often high concentrations, which can then directly affect resident 

biota or be redistributed by disturbances and anthropogenic activities such as dredging, all of which may 

threaten the health of the estuarine environment via bioaccumulation and biomagnification up the food 

chain (Marsden and Rainbow 2004, Chapman 2007a). Estuarine sediments therefore comprise an 

ecologically important component of the aquatic environment by mediating the exchange of accumulated 

contaminants between particulate, dissolved and biological phases (Bat 2005, Rainbow 2007).  

 

What is a trace metal? Trace metals and heavy metals are generally loosely and interchangeable used 

terms in the field of ecotoxicology (Rainbow 1997).  Nieboer and Richardson (1980) categorized metals 

into three categories:  Class A (metals with a preference for binding with ligands with oxygen as donor 

atom), Class B (metals with a preference for binding with ligands with sulphur complexes as donor) and 

Borderline metals (metals ions exhibit intermediate behaviour in that the metal ions have a more catholic 

affinity for metal binding donor atoms and ligands). Generally, trace metals or heavy metals are restricted 

to Class B and Borderline metals (Rainbow 1985, Rainbow 1997), although aluminum, which is a Class A 

metal, is included in the list of metals analysed in the present study. The affinity of Class B and Borderline 

metals for S or N atoms in functional proteins and other molecules have allowed their evolution for active 
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incorporation into respiratory pigments, metalloenzymes or activators. This affinity however also means 

that these metals can cause toxic effects by replacing another metal in metabolically important proteins, by 

blocking a biofunctional site or by altering the specific conformation of a protein or related molecule 

(Rainbow 2002). As such, all metals with Class B or Borderline ions have the potential to be toxic, often 

at concentrations not much greater than that required for essential metabolic activities.  Some metals are 

essential for metabolism, such as Co, Mn, Cu, Fe, Zn, Cr and Mg,  but become toxic at elevated 

concentrations, while others, such as Cd, Pb, Hg, and Sn are not required for metabolism and are toxic to 

organisms even at low concentrations (Kennish 1997, Rainbow 2002). 

 

Management of estuaries and coastal waters relies on our understanding of the effect of trace metal 

contamination in estuaries and its biological and ecological significance (Rainbow 2007, Dauvin 2008).  

Monitoring metal concentrations, particularly in the sediment, has therefore been the focus of attention in 

environmental monitoring programmes in many regions of the world during recent years (Chapman 

2007a, Simpson and Batley 2007). In addition to environmental concerns there are also several pragmatic 

reasons for monitoring sediment metal concentrations. Concentrations of metals in the sediment are 

typically several orders of magnitude higher than those in the water column, and due to tidal and fluvial 

water movements,  metals concentrations in the water column are subject to much greater temporal and 

spatial variability than in the sediment, which makes it difficult to obtain water samples that are 

representative of the contaminant status of the waterbody (Orr 2007). Most importantly, however, 

measurements of dissolved trace metal concentrations in estuarine water provide a measure of the total 

metal present, not of the bioavailable portion which is available for uptake and accumulation by estuarine 

organisms. It is the bioavailable fraction only that is potentially toxic and of ecotoxicological relevance 

(Rainbow 2002, 2007). Sediments are also long-term integrators of metals and provide a more 

conservative, spatially and temporally integrated measure of metal accumulation in the system and 

therefore a more accurate reflection of the extent of metal contamination (Simpson and Batley 2007). High 

total concentrations of metals in sediment, however, do not necessarily indicate anthropogenic input of 

metals, as elevated levels of metals may be a result of variations in sediment characteristics as well as 

naturally high background concentrations (Marsden and Rainbow 2004, Chapman 2007a). Sequential 

chemical extraction of the potentially bioavailable metal fraction in estuarine sediments is often used as a 

means of better understanding the potential toxicity of metals in the sediment, as it offers a more realistic 

estimate of the actual environmental impact of bioavailable metals (Rauret et al. 1999). 

 

Analysis of sediment metal concentrations, however, still does not reveal the full ecological relevance of 

the bioavailable fraction of metals in a system, a component of ecotoxicology which can only be fully 

assessed by measuring the accumulation of trace metals in the body tissues of aquatic organisms (Simpson 

and Batley 2007, Dauvin 2008).  Aquatic organisms accumulate trace metals from the sediment, water and 
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from food, often to very high body concentrations (Rainbow 2007, Casado-Martinez 2010), thereby  

providing an essential time-integrated measure of metal availability in the system over time. This can be 

easily measured and most significantly, it is a time-integrated measure of the bioavailable metal. Thus the 

fraction of metal of direct ecotoxicological relevance within a potentially or known contaminated estuary 

can be measured unambiguously in the tissues of aquatic organisms (Rainbow 1995, 2007).  

 

Many different aquatic invertebrates are used as biotic indicators of contamination in aquatic ecosystems, 

including mollusks, polychaetes and amphipods (Rainbow 1995, 2007, Zauke et al. 2003, Re et al. 2009, 

Casado-Martinez et al. 2010). Such organisms are referred to as biomonitors and are widely used to 

establish geographical and/or temporal variations in the bioavailable concentrations of trace metals in 

coastal and estuarine waters (Rainbow 2007, Guerra-García et al. 2009). Ideal biomonitors should be 

sedentary, easy to identify, abundant, long lived, available for sampling throughout the year, large enough 

to provide sufficient tissue for analysis, resistant to handling stress caused by laboratory studies of metal 

kinetics and/or field transplantations, tolerant of exposure to environmental variations in physico-chemical 

parameters such as salinity, and net accumulators of the metal (Rainbow 1995). The organisms most 

commonly used for biomonitoring are bivalve mollusks, crustaceans and annelids (Rainbow 2007). 

Among bivalves, the most commonly used organisms are mussels and oysters of the genera Mytilus, 

Perna and Crassostrea (Rainbow and Phillips 1993). Among crustaceans, decapods regulate tissue 

concentrations of most trace elements, whereas barnacles and amphipods are net accumulators of trace 

metals and therefore have particular relevance as biomonitors (Rainbow and Moore 1986, Rainbow 2007). 

Amphipod crustaceans in particular have been proposed as suitable biomonitor organisms in many parts of 

the world, since they are generally sensitive to most contaminants, are extremely widespread, occur in 

high densities in most benthic communities, are often the principal food for predatory fishes and birds, and 

there is considerable potential for metal accumulated by amphipods to be transferred along marine food 

chains (Marsden and Rainbow 2004, Casado-Martinez 2007, Scarlett 2007, Re et al. 2009).  

 

The Nhlabane Estuary, although largely unaffected by major industrial development in its catchment and 

along its shoreline, has been influenced by dune mining activities of Richards Bay Minerals (RBM) over 

the past 40 years (see Section 2.1 for more details). Construction of the Nhlabane Weir  in 1978 across the 

upper end of the estuary, built to provide water for dune mining, altered the natural flow pattern in the 

estuary and the frequency of breaching of the mouth. On two occasions, in 1993 and 1999, a 6 m deep, 50 

m wide channel was dredged across the middle reaches of the estuary to allow a dredger and separation 

plant to cross the estuary. Dredging of estuarine sediment causes resuspension of trace metals adsorbed in 

the sediment and lead to elevated metal concentrations in the system (Nayar et al. 2004). Two berm walls 

were constructed across the estuary to contain the slimes, but repeated spills of fines in 1993-1994 caused 

a considerable amount of dredged slimes to flow into the estuary and settle on the bottom, smothering the 
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benthic organisms (Hattingh and Vivier 1995). These events raised concerns about trace metal 

concentrations in the system. Dune mining also affects the natural mineralogical layering of sediments and 

minerals in the coastal dune, increasing the potential for leaching of trace metals into the estuary. No 

studies to date have been done on trace metal concentrations in the system. The first objective of this part 

of the study was therefore to assess the baseline trace metal concentrations in the water and sediment of 

the Nhlabane Estuary.  

 

The development of biomonitors of trace metal contamination in estuarine waters has progressed 

considerably in many parts of the world over the past two decades (Re et al. 2009). Such developments 

have largely been lacking in South Africa, although the integrity of South African estuaries has been of 

increasing concern during recent years and attempts have been made at establishing national monitoring 

programs for the country (Turpie et al. 2002). Since biomonitoring programmes have become important 

standard tools for monitoring ecosystem health in estuaries worldwide, the development of such 

programmes in South Africa using organisms of geographical relevance should therefore be a priority. The 

use of amphipods that can be employed as national biomonitors is of particular relevance and as such, the 

second objective of this part of the study was to assess the trace metal concentrations in two estuarine 

amphipods species, Grandidierella lignorum and Corophium triaenonyx, with the aim to establish their 

potential as biomonitors of trace metal contamination in estuaries. As indicated in the previous chapter, 

these two amphipod species occur in high densities throughout the Nhlabane system, they tolerate varying 

salinities and sediment types and are easy to collect. Both species are common in estuaries along the 

southern and eastern seaboard of South Africa, particularly in smaller, lower salinity systems not 

permanently open to the sea (Griffiths 1976, Vivier and Cyrus 1999b, MacKay and Cyrus 2001). Closely 

related members of these two corophioid amphipods, such as C. volutator and G. japonica, have been 

found to be suitable biomonitors of trace metal contamination in estuaries in other parts of the world and 

they are regular components of estuarine biomonitoring programmes (Bat and Raffaelli 1998, Rainbow 

2007, Marsden and Rainbow 2004, Han et al. 2005, Lee et al. 2005, Allan et al. 2007, Casado-Martinez 

2007, ASTM 2008, Re et al. 2009). 

  

Metals taken up by organisms from the water, sediment or food will enter in a form that is initially 

available to bind with metabolites in the receiving cell, with the potential to be stored or transported 

elsewhere in the body via the haemolymph, or have a toxic effect by binding in the wrong place at the 

wrong time, a feature of both essential and non-essential trace metals in excess. To avoid potential toxic 

effects, this newly taken up metal must either be detoxified or excreted (Rainbow 2007, Simpson and 

Batley 2007). Detoxification requires the metal to be bound (in soluble or insoluble form) with such a high 

affinity that it is unavailable to be bound to other metabolites, thereby preventing these metabolites from 

completing their metabolic role (Marsden and Rainbow 2004). In a crustacean that accumulates all 
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incoming metal in stored detoxified form, the accumulated concentration can therefore reach very high 

levels with no toxic effect (Rainbow 2007). If however, the metal concentrations reach toxic levels, the 

effect of the contaminant may be manifest in different pathways and at various levels of biological 

organization. The higher the accumulated metal concentration, the more energy is required by the 

organism to detoxify the metal, which ultimately affects its general health and reproductive potential  

(Marsden and Rainbow 2004, Normant and Lamprecht 2006). Toxic metals have been reported to affect 

the survival, growth, reproduction or fitness of individuals within a population and therefore also affect 

populations and communities (Hickey and Roper 1992, McGee et al. 1998, Nipper et al. 1989, Marsden 

2002, Neuparth et al. 2005). Amphipods from clean and contaminated sites have also been found to differ 

in average body weight and the number of recruits (Wong 1999, in Marsden et al. 2003). Increasing 

contamination by metals in sediments has also been correlated with decreasing numbers of species and 

changes in the abundance and composition of the benthic communities (Conradi and Depledge 1998, 

Costa et al. 2005, Rainbow 2007).  

 

Detection of adverse effects of metal contamination at the population or community level implies by 

definition that contamination has already reached a level where the survival of individual organisms has 

been compromised. Ideally, monitoring and measurement of toxic effects at lower levels of biological 

organization, such as alteration of behavioral and physiological processes within aquatic organisms, 

should be used as this can serve as more sensitive sub-lethal early warning tools for biological effect 

measurement in environmental quality assessments. The development and use of sublethal endpoints and 

biochemical biomarkers in toxicity assessments have therefore received much attention during recent 

years (Neuparth et al. 2005, De Lange et al. 2006, Kennedy et al. 2009, Re et al. 2009). 

 

Therefore, this part of the study aimed to assess the ecotoxicological status of the Nhlabane Estuary by 

determining the concentrations of essential and non-essential trace metals in the water and sediment as 

well as in the body tissues of two ecologically relevant benthic species, the amphipods G. lignorum and C. 

triaenonyx, over the period 1997-1999. In order to better understand the bioavailability and therefore the 

potential toxicity of the metals in the sediment, sequential extraction of sediment metals was performed.  

 

4.2 Materials and Methods 

 

4.2.1 Collection of water, sediment and amphipods  

Water and sediment samples for metal analysis were collected seasonally at six sites along the length of 

the Nhlabane Estuary during the period 1997-1999. See Figure 2.1 for site locations. Samples were cooled 
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on ice immediately after collection and stored at –20 ºC until analysed. Collection of benthic samples and 

identification and enumeration of amphipods as described in Section 2.2. 

 

4.2.2. Preparation of water and sediment samples for analysis 

Water samples collected seasonally from six sites in the estuary during the period 1997-1999 were 

analysed. Water samples were thawed and filtered using 0.45 µm cellulose nitrate filter paper.    

 

Due to the absence of mud, the consistently low organic content and the relatively uniform grain size of 

the sediment (See Section 3.3 for details), it was expected that there would be limited spatial and temporal 

variability in the sediment metal concentrations. Therefore, for the purpose of sediment analysis, the 

winter and summer seasons for  the period July 1997 to February 1999 were considered. Sediment 

samples were thawed and 1g of sediment was dried at 60 ºC for 24 hrs, hot-plate digested using nitric acid 

and perchloric acid in a 2:1 ratio and then made up to 50 ml using double distilled water. Samples of the 

sediment were also analysed for grain size and organic content (See Section 3.2 and 3.3 for details).   

 

In order to better understand the bioavailable fraction of each metal, sequential extraction of the sediment 

samples was performed using the 4-step (or 3 step and residual fraction) modified BCR method as 

described by Rauret et al. (1999). The chemical reagents and analytical conditions of the modified BCR 

methodology can be summarized as follows (after Sutherland and Tack 2003): 

 

Step Operational definition Target Chemical reagents and procedure

1 Exchangeable, water 
and acid soluble

Soluble species, 
carbonates, cation 
exchange sites

1-g aliquot, 40 ml of 0.11 M HOAc, shake for 16 h at
ambient temperature; separate extract from the solid
residue by centrifugation at 3000g for 20 min

2 Reducible Iron and 
manganese 
oxyhydroxides

To Step 1 residue add 40 ml of 0.5 M NH2OH.HCl 

(acidify to pH 2 with HNO3), shake for 16 h at ambient 

temperature; separate extract from the solid residue by 
centrifugation at 3000g for 20 min

3 Oxidisable Organic matter and 
sulphides

To Step 2 residue add 10 ml of H2O2 (pH 2–3),1h at

room temp., heat to 85 ºC for 1 h; add a further 10 ml
of H2O2 and heat to 85 ºC for 1 h; add 50 ml of 1 M

NH4OAc (pH 2) and shake for 16 h at ambient

temperature; separate extract from the solid residue by
centrifugation at 3000g for 20 min

4 Residual To Step 3 residue add 3ml distilled water, 7.5 ml 6M
HCL and 2.5 ml 14M HNO3, leave overnight, boil under

reflux for 2h, cool and filter
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4.2.3. Preparation of amphipod tissues for analysis 

Prior to preparation for tissue analysis, the amphipods G. lignorum and C. triaenonyx were sized and only 

adult amphipods were included in the analysis. This was done to avoid the typical size effect observed in 

tissue metal concentrations in most aquatic invertebrates, with juveniles showing much higher tissue metal 

concentrations than adults (Moore and Rainbow 1987). Adult C. triaenonyx was deemed to be > 4 mm 

total length and G. lignorum > 5 mm total length. Due to low amphipod densities at certain sites during the 

study period, and because only adults were included in the analysis, it was decided to pool the amphipod 

tissue from the each of the two sites in the upper, middle and lower reaches of the system. This ensured 

that sufficient amount of tissue was available for analysis. The amphipods were rinsed twice in double 

distilled water to remove any formalin residue, dried at 60 ºC to constant weight and weighed to four 

decimals. The amphipod tissue was then placed in capped polyethylene tubes and digested for 24 hrs in an 

acid solution consisting of 0.05ml H2O2 and 0.5 ml HNO3. Further digestion was performed by heating 

samples, without boiling, in a microwave oven during four consecutive sessions of 2 minutes at 200, 300, 

400 and 500W. The samples were then made up to 10ml using double distilled water, capped and stored 

for analysis. 

 

4.2.4 Metal analysis 

Metal concentrations in water, sediment and amphipod tissues were determined using a Varian Ultramass 

700 inductive coupled mass spectrophotometer (ICP-MS). All samples were analysed for aluminum (Al), 

arsenic (As), cadmium (Cd), copper (Cu), chromium (Cr), iron (Fe), lead (Pb), manganese (Mn), nickel 

(Ni), titanium (Ti), vanadium (V) and zinc (Zn). Indium was used as an internal standard, while reference 

material (Buffalo River sediment, CRM 320) was used to test for analytical efficiency (Cu: measured 136 

± 4 µg/g, certified 138 ± 7 µg/g; Zn: measured 138 ± 5 µg/g, certified 142 ± 3 µg/g; Pb: measured 45 ± 5 

µg/g, certified 42 ± 3 µg/g).  

 

4.2.5 Geochemical normalization 

High total concentrations of metals in sediment do not necessarily indicate input of metals from 

anthropogenic activities, as elevated levels of metals may be a result of naturally high background 

concentrations or due to variations in sediment characteristics (Newman and Watling 2007). Many factors 

affect the concentrations of metals in sediment, such as grain size, organic content and mineralogy. 

Determining whether aquatic sediments are metal contaminated is complex, since metal concentrations in 

uncontaminated sediment can vary by orders of magnitude over relatively small spatial scales due to 

natural mineralogy and sediment granulometry (Summers et al. 1996). In natural, uncontaminated 

sediments, strong linear relationships typically exist between Fe, Al and concentrations of most other 

metals, with the possible exception of Cd, As and V (Summers et al. 1996). The concentrations of Fe and 
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Al in sediments, which are naturally abundant elements in the earths crust, are orders of magnitude higher 

than the concentrations of most other metals. The natural concentrations of Fe and Al are so high that it 

usually obscures any anthropogenic input of these metals into contaminated systems, with the result their 

concentrations are likely to remain relatively unchanged even in anthropogenically impacted areas 

(Newman and Watling 2007). Although absolute metal concentrations vary between crustal material from 

one region to another, the relative proportions of metals within crustal material from a particular region 

naturally tend to be fairly constant,  a principle which is used in geochemical normalization (Newman and 

Watling 2007).  Normalised metal/Fe ratios are used to estimate the extent of metal contamination within 

an estuary, and to assess whether there has been enrichment of metals from anthropogenic activities. 

Normalisation can provide information on unnatural alterations in the ratios of metal concentration, by 

comparing metal concentration ratios measured in sediment from uncontaminated locations to those in 

potentially metal-enriched sediment (Orr 2007). Newman et al. (2009) assessed baseline metal 

concentrations from KwaZulu-Natal estuaries and coastal waters and based on their metal/Fe ratios, the 

normalized metal concentrations against Fe concentrations for the Nhlabane Estuary sediment were 

determined and plotted. Metal concentrations on the scatter plot that fall within the 95% prediction limits 

of the model are considered to reflect uncontaminated sediment, while data points that fall above the upper 

95% prediction limit are identified as metal enriched (Newman and Watling 2007). Since As and Cd 

concentrations from KwaZulu-Natal coastal sediment are poorly correlated to Fe, normalisation could not 

be used to determine metal/Fe ratios for these metals. Baseline concentrations above which enrichment of 

sediment by these metals can be inferred were therefore defined using cumulative probability and 

univariate concentration distribution plots, at 17.21 µg.g-1 for arsenic and 0.518 µg.g-1 for cadmium 

(Newman and Watling 2007). 

 

4.2.6 Statistical Analysis 

After testing for normality, single factor ANOVA was used to test for differences in the water, sediment 

and body metal concentrations. Pairwise comparisons were performed using Tukey’s HSD test, a 

statistical test generally used in conjunction with an ANOVA to find which means are significantly 

different from one another. Pearson’s Correlation coefficients were determined to test for the relationship 

between metal concentrations in the tissue, sediment and water. Principal Component analysis (PCA) 

using CANOCO (Ter Braak and Smilauer 1998), were used to further investigate the relation between 

metal concentrations and environmental variables.  
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4.3 Results 

 

4.3.1 Trace metals in water. 

Mean trace metal concentrations in the Nhlabane Estuary over the period 1997-1999 are presented in 

Table 4.1, while mean trace metal concentrations per season are illustrated in Figure 4.1. In comparison to 

other estuaries and target values for estuarine and coastal areas in South Africa, Australia and the UK, 

trace metal concentrations in the Nhlabane Estuary were consistently low. Concentrations of As, Cd, Ni 

and Pb fell far below the South African marine water quality guideline target values, whereas Cu and Zn 

were only slightly below the target values. Nhlabane concentrations were in most cases an order of 

magnitude lower than that recorded in Richards Bay Harbour and the Mhlathuze estuary, except for Mn 

and Zn, which were 22% and 32% of the equivalent values in the Mhlathuze estuary, respectively. It is 

also noteworthy that the 90th percentile concentrations in the Nhlabane Estuary were lower than the South 

African, Australian and the UK target values, except for Cu and Zn, indicating that for most metals, even 

relatively high concentrations in the Nhlabane Estuary were consistently lower than the target values.  

 

Table 4.1 Mean water metal concentrations (+1STD) in the Nhlabane Estuary, Richards Bay Harbour 

uncontaminated areas (4 sites) and the Mhlathuze Estuary (8 bi-monthly samples from 1 site), as well as 

Target Values for South African, Australian and United Kingdom coastal regions. a - Vermeulen and 

Wepener 1999, b -  Mzimela et al.  2003, c -  DWAF 1995, d – ANZECC 2000, e – UK Water Research 

Centre 1990,  –  no data. (ERL - Effects-Range-Low). 

 

 

Metal Mean 10% 90% Richards Mhlathuze Target Target Target

(±1STD) Quartile Quartile Bay estuary
b

Value Value Value

ERL Harbour
a

South Australia
d

UK
e

Africa
c

(µg/l) (µg/l) (µg/l) (µg/l) (µg/l) (µg/l) (µg/l) (µg/l)

Aluminium 35 (±21) 12.4 63.1 530 (±246) 730 (±723) - - -

Arsenic 3.5 (±2.6) 0.5 6.8 - - 12.0 50 25

Cadmium 0.2 (±0.07) 0.1 0.3 - - 4.00 2 3

Chromium 2.9 (±1.8) 1.0 5.6 59.5 (±8.6) 24.3 (±5.8) 8.0 50 15

Copper 4.5 (±2.4) 1.8 8.5 - 56.5 (±14.7) 5.0 5 5

Iron 77 (±32) 37.0 124.4 720 (±116) 1224 (±977) - - 1000

Manganese 29 (±30) 4.8 66.5 - 88.9 (±32.3) - - -

Nickel 3.5 (±2.4) 1.3 7.3 - - 25.0 15 30

Lead 1.8 (±0.9) 0.8 3.1 - 223 (±45) 12.0 5 25

Titanium 3.1 (±2.0) 1.1 5.6 - - - - -

Vanadium 6.8 (±7.0) 1.6 12.2 - - - 100 -

Zinc 17.2 (±8.3) 7.2 30.4 - 77.7 (±18.9) 25.0 50 40
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Concentrations of all metals except Ti showed a significant positive correlation with Fe concentrations, 

whereas only Cd, Cr, Cu and Ni showed a significant correlation with Al concentrations (Table 4.2). A 

significant positive correlation with salinity was seen in As, Cr and Ni, while a negative but insignificant 

correlation with salinity was observed in Cd, Cu, Ti and V. Concentrations of all metals except Fe, Mn 

and V were negatively correlated with temperature. A significant negative and positive correlation with 

pH was observed in Cu, Pb and Mn, and in Cr, respectively. All metals but V were negatively correlated 

with % oxygen saturation, with As, Fe, and Mn showing a significant correlation. Most metals showed a 

significant temporal variation over the 12 sampling seasons during 1997-1999, while there were no 

significant differences in metal concentrations between sampling sites (Table 4.2). 

 

Table 4.2 Correlation (Pearson’s Correlation coefficients R) of trace metals in the water with aluminum 

and iron, as well as with water quality parameters and water depth. ANOVA results (F-value) of changes 

in trace metal concentrations in the water over the 12 quarterly sampling sessions,  the three sampling 

years and the six sampling sites, are also presented. *denotes significant correlation/difference (p<0.05), 

** denotes highly significant correlation/difference (p<0.01). 

 

The association between physico-chemical variables and metal concentrations was further investigated 

using a PCA procedure (Figure 4.2). The majority of metals were strongly correlated with decreasing 

oxygen and pH levels, whereas mouth condition, temperature and to a lesser extent salinity were relatively 

unimportant of determining metal concentrations. The plot also shows that closed mouth conditions were 

closely correlated with summer temperatures  

Metal Aluminum Iron Salinity Tempera- pH Dissolved Depth Sampling Years Sites

ture Oxygen Size seasons

Aluminum - 0.41** 0.15 -0.11 -0.01 -0.09 0.29* 2.3 * 2.1 0.7

Arsenic 0.05 0.27* 0.49** -0.21 0.06 -0.30* 0.09 5.1** 3.3* 0.9

Cadmium 0.45* 0.28* -0.14 -0.20 0.07 -0.01 -0.05 2.2* 4.7 1.1

Chromium 0.35* 0.37* 0.37** -0.21 0.29* -0.05 -0.04 5.8** 9.3** 1.1

Copper 0.27* 0.23* -0.02 -0.13 -0.26* -0.16 -0.01 2.4* 2.9 1.4

Iron 0.41* - 0.17 0.11 -0.12 -0.30* 0.13 1.0 1.3 1.0

Lead 0.06 0.24* 0.07 -0.06 -0.37** -0.26* 0.00 4.1** 1.3 1.5

Manganese 0.16 0.34** 0.01 0.03 -0.45** -0.63** 0.03 3.1** 6.1** 0.9

Nickel 0.24* 0.47* 0.24* -0.12 -0.17 -0.17 0.07 3.1** 0.4 0.6

Titanium 0.21 0.19 -0.03 -0.02 -0.07 -0.08 0.04 1.2 0.5 0.2

Vanadium 0.15 0.30* -0.04 0.09 0.13 0.05 0.10 1.7 2.0 0.7

Zinc 0.12 0.33** 0.22 -0.10 -0.18 -0.22 0.02 1.9 0.2 0.3

Correlation ANOVACorrelation 
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Figure 4.1a Mean (+1SE) concentrations of trace metals in the Nhlabane Estuary water during 1997-1999. 

S: summer, A: autumn, W: winter, P: spring 
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Figure 4.1b Mean (+1SE) concentrations of trace metals in the Nhlabane Estuary water during 1997-1999. 

S: summer, A: autumn, W: winter, P: spring 
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Figure 4.2 PCA biplot of the association between mouth condition, physico-chemical characteristics of the 

water and trace metal concentrations in the Nhlabane Estuary water during 1997-1999. 

 

4.3.2 Trace metals in sediment. 

 

4.3.2.1 Total sediment concentrations 

Mean trace metals concentrations in Nhlabane Estuary sediment during 1997-1999 are presented in Table 

4.3, together with comparative data from the Mhlathuze and Swartkops estuaries and from known 

contaminated and uncontaminated areas in Richards Bay Harbour. The mean concentrations of trace 

metals in the Nhlabane Estuary were generally low, with all metals for which sediment quality guidelines 
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are available being recorded at concentrations below these guidelines, while those of Al, Cu, Fe, Mn and 

Zn were below levels recorded in the Mhlathuze estuary and from uncontaminated sediment in Richards 

Bay Harbour. Although Cr concentrations were higher than in the Mhlathuze estuary and from 

uncontaminated sediment in Richards Bay Harbour, the mean concentration of 59.2 µg/g was still 

considerably lower than that found in contaminated areas in Richards Bay Harbour. No sediment quality 

guidelines exist for Al, Fe, Ti, Mn and V.      

 
Table 4.3 Mean (±1STD) trace metals concentrations in Nhlabane Estuary sediment during 1997-1999. 

Metal concentrations (mean ± 1STD) in sediment from uncontaminated (4 sites) and contaminated (5 

sites) areas in Richards Bay Harbour, from the Mhlatuze Estuary (8 monthly samples from 1 site), 

Swartkops Estuary (7 sites) and  from Australian (New South Wales) estuaries (101 sites) are also 

presented, as well as sediment quality guidelines (Effects-Range-Low - ERL) for Australian estuarine and 

coastal regions. a - Wepener and Vermeulen 2005, b - Mzimela et al. 2003, c – Binning and Baird 2001, d 

– McCready et al. 2006. – no data.  ERL - Lower 10th percentile of the effects data and is the 

concentration of a contaminant below which harmful effects rarely (<10%) occurs.    

 

 

Differences in the mean trace metal concentrations between the four sampling periods during the period 

1997-1999 and differences between sampling sites are illustrated in Figures 4.3 and 4.4, respectively. 

There were no significant differences in mean trace metal concentration between sampling sites, seasons 

and between the four sampling periods, the exception being a significant difference in Cu concentrations 

between sampling sites (Table 4.4). All trace metals except Cd, Ti and V showed higher concentrations 

during summer compared to winter, with Al, Cr, Cu, Fe, Ni and Zn reaching highest levels in February 

1998 (Figure 4.3).  

Richards Richards Mhlathuze Swartkops Australia Sediment

Mean 10% 90% Bay Bay estuary
b

Estuary
c

NSW Quality

(±1STD) Quartile Quartile Harbour
a

Harbour
a

estuaries
d 

Guideline

(ERL) uncontaminated contaminated Australia

areas areas (ERL)
d

(µg/g) (µg/g) (µg/g) (µg/g) (µg/g) (µg/g) (µg/g) (µg/g) (µg/g)

Aluminum 2198 (±764) 1539 2718 10769 (±2318) 47764 (±19271) 18462 (±15737) - - -

Arsenic 4.9 (±2.7) 2.3 7.4 - - - - 21 (±9) 8.2

Cadmium 0.24 (±0.01) 0.23 0.26 - - - - 2.8 (±2.4) 1.2

Chromium 59.2 (±11.1) 48.3 72.5 57.8 (±16.9) 152 (±50.2) 42.7 (±32.2) 20.3 (±12.47) 81 (±63) 81.0

Copper 8.3 (±3.0) 5.5 12.2 4.7 (±2.3) 30.8 (±15.3) 8.4 (±6.4) 6.8 (±4.8) 200 (±190) 34.0

Iron 11822 (±1892) 9685 14196 18705 (±6696) 42148 (±9799) 18586 (±11977) - - -

Lead 7.3 (±1.9) 5.6 8.8 - - - 32.9 (±27.6) 360 (±310) 46.0

Manganese 150 (±64) 86 261 201 (±81) 580 (±80) 308 (±236) 114 (±94) - -

Nickel 17.2 (±3.8) 13.6 19.8 - - - - 20 (±12) 21.0

Titanium 703 (±158) 554 935 - - - 99.3 (±39.9) - -

Vanadium 165 (±28) 128 196 - - - - - -

Zinc 14.4 (±4.3) 11.2 18.7 58.3 (±11.4) 129 (±43.6) 42.6 (±18.7) 35.9 (±26.6) 1000 (±1500) 150

Nhlabane Estuary
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Figure 4.3 Mean (+1SE) concentrations of trace metals in the Nhlabane Estuary sediment over four 

sampling seasons during 1997-1999. 
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Figure 4.4 Mean (+1SE) concentrations of trace metals in the Nhlabane Estuary sediment at the six 

sampling stations Sites 1-6 during 1997-1999. 
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Table 4.4 Correlation (Pearson’s Correlation coefficients R) of trace metals in the sediment with 

aluminum and iron, as well as with water quality parameters and sediment characteristics. ANOVA results 

(F-value) of changes in mean trace metal concentrations over the six sampling sites, over seasons and over 

the four sampling periods are also presented. * denotes significant correlation/difference (p<0.05), ** 

denotes highly significant correlation/difference (p<0.01). 

 

Highest concentrations of the majority of metals (As, Cd, Cr, Fe, Ni, Pb, Ti and Zn) were recorded in the 

lower reaches at Site 1 and in the middle reaches at Site 4 (Figure 4.4). Copper and Al showed highest 

concentrations at Site 1 but low concentrations at Site 4, while the opposite was observed in Mn. 

Vanadium concentrations gradually decreased from the lower to the upper reaches. Low concentrations 

were recorded in all metals at Site 6, except in Cd and Cr. Similarly, low concentrations were recorded in 

all metals at Site 3, except in Mn and V.     

 

4.3.2.2 Correlation between trace metal and environmental variables 

The correlation between trace metals in sediment and environmental parameters are presented in Table 

4.4. All metals showed a positive correlation with Al and Fe concentrations. Concentrations of all metals 

except As showed a significant positive correlation with Fe, while all metals except As, Cd and Mn 

showed a significant positive correlation with Al concentrations (Table 4.4). A negative correlation with 

salinity was seen in all metals, with the exception of V and As, with the latter showing a significant 

positive correlation, suggesting a marine origin of As. Similarly, all metals showed a negative correlation 

with temperature and depth. The exceptions were As, which showed a significant positive correlation with 

depth, and Ti and V, which showed a positive correlation with temperature.  Cd, Cr, Ti, Zn and V were 

negatively correlated with dissolved oxygen concentrations, while the remainder of the metals were all 

Metal Al Fe Salinity Dissolved Depth pH Tempera- Grain Organic Site Season Sampling

Oxygen ture Size content period

Aluminum 0.64** -0.10 0.07 -0.03 0.21 -0.01 -0.14 0.32 1.8 0.6 1.3

Arsenic 0.36 0.24 0.54* 0.14 0.51* 0.32 -0.03 -0.06 -0.21 2.0 3.0 2.1

Cadmium 0.33 0.44* -0.21 -0.18 -0.05 -0.31 -0.23 0.22 0.15 1.4 0.7 2.6

Chromium 0.67** 0.82** -0.12 -0.12 -0.18 -0.23 -0.08 0.56* 0.34 1.7 0.0 0.8

Copper 0.82** 0.5* -0.28 0.35 -0.21 0.36 -0.27 -0.48* 0.10 4.2* 0.8 1.6

Iron 0.64** -0.22 0.05 -0.24 0.08 -0.24 0.18 0.35 0.9 0.3 1.2

Lead 0.83** 0.76** -0.17 0.11 -0.18 0.09 -0.09 0.25 0.33 2.6 0.1 1.1

Manganese 0.28 0.43* 0.16 0.04 -0.01 0.19 -0.06 -0.22 -0.12 0.7 2.4 0.8

Nickel 0.93** 0.71** -0.26 0.12 -0.26 0.06 -0.09 0.16 0.35 1.6 0.5 1.6

Titanium 0.68** 0.68** -0.05 -0.32 -0.03 -0.30 0.06 0.40 0.31 2.3 0.6 0.7

Vanadium 0.45* 0.75** 0.00 -0.12 -0.01 0.08 0.04 -0.04 0.02 0.9 0.9 0.4

Zinc 0.89** 0.78** -0.07 -0.05 -0.13 -0.09 -0.15 0.30 0.28 1.4 0.6 0.9

Correlation Correlation ANOVA
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positively correlated with oxygen. Cd, Cr, Ti and Zn were negatively correlated with pH. As expected, 

most metals were positively correlated with sediment organic content, with the exception being As and 

Mn. Surprisingly, a number of metals were negatively correlated with decreasing sediment particle size 

(phi value),  this probably being the result of the relatively uniform sediment composition in the system 

coupled with the lack of mud. Cr showed a significant positive correlation with decreasing sediment 

particle size (Table 4.4).  

Figure 4.5 PCA triplot of association between trace metals in the sediment, environmental factors and 

sampling sites as recorded during four sampling seasons in the Nhlabane Estuary. Grain size represents the 

median phi value, with the grain size decreasing in the direction of the arrow.   

 

The association between sediment metal concentrations and environmental factors was further 

investigated using a PCA triplot (Figure 4.5). The eigenvalues for the 1st and 2nd axis on the PCA plot 

accounted for only 49.6% of the variability within the data, while the 3rd and 4th axis only accounted for 

14% and 8% of the variability, respectively. This indicates firstly that more than 50% of the variability in 
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the data is not accounted for by the two axis shown on the PCA plot and secondly that 28.3% of the 

variability in the metal data is not accounted for by the environmental factors used in the analysis, thereby 

suggesting that other untested parameters are also important in affecting the concentration of sediment 

trace metals in the Nhlabane Estuary. The PCA also confirms the strong correlation between Fe, Al and all 

the other metals, except for As in particular, and to a lesser extent, Cd. The behavior of As was clearly 

different from that of all the other metals, showing a uncharacteristic positive correlation with salinity and 

water depth, again suggesting a water-borne marine origin of As in the system. The same could perhaps be 

said of Mn, which also showed a positive correlation with salinity but an uncharacteristic negative 

correlation with sediment organic content and decreasing sediment particle size.  The position of the 

majority of the metals on the right hand side of the plot (Al, Ni, Fe, Pb, Mn, Zn, V, Cr and Ti) indicates 

that there was little correlation between water quality parameters such as salinity, temperature and 

dissolved oxygen and these metals, suggesting that metal concentrations were influenced more by 

sediment characteristics and natural mineralogical processes. The relative importance of sediment organic 

content and to a lesser extent sediment grain size is illustrated on the PCA plot, with most metals 

increasing in concentration with an increase in organic content and a decrease in sediment particle size. 

The position of Cu on the PCA plot in this regard is unusual, as this metal showed a strong positive 

correlation with both Al and Fe, although this might be explained by the unusual significant negative 

correlation of this metal with decreasing sediment grain size.  

 

4.3.2.3 Metal speciation through sequential extraction.  

In order to gain further insight into the bioavailability of trace metals, sequential extraction of sediment 

samples was performed. The mean percentage concentration of the four metal fractions for each sediment 

trace metal as determined through the modified BCR method are presented is Table 4.5. The percentage 

contribution of the four sediment fractions to the sediment trace metal concentrations at Sites 1-6 are 

illustrated in Figures 4.6 and 4.7. In all metals with the exception of Cd, the highest percentage of the 

metal in the sediment was associated with the residual fraction, thus bound within the mineralogical 

structure of the sediment. This ranged from 51% in Mn to 96% in Ti. The residual fractions of Fe and Al 

comprised 82% and 84%, respectively. A substantial proportion (15-20%) was also associated with 

organic material (Fraction 3) in As, Cr and Ni, while in Pb, V and Zn, 15-20% of the metal was bound to 

Fe and Mn oxides in the reducible fraction (Fraction 2). In Mn, 39% of the metal was in the residual 

fraction. The speciation behaviour of Cd was very different from all other metals, with only 7% in the 

residual fraction, but 19% and 66% in the oxidisable and reducible fractions, respectively. With the 

exception of Cd, Mn, Ni and Zn, the proportion of trace metal that was in exchangeable or bioavailable 

form (Fraction 1) was mostly very low. The highest proportion of exchangeable metal was recorded in Cd 

(8.6%).  
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Figure 4.6 Percentage contribution of the four sediment fractions (modified BCR method) to the total trace 

metal concentrations in the sediment measured at Sites 1-3 in the Nhlabane Estuary over the period 1997-

1999. 
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Figure 4.7 Percentage contribution of the four sediment fractions (modified BCR method) to the total trace 

metal concentrations in the sediment measured at Sites 4-6 in the Nhlabane Estuary over the period 1997-

1999. 
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Table 4.5 Mean percentage (%) contribution (+1STD) of the four sediment fractions to the total metal 

concentration for each of the trace metals measured in the sediment in the Nhlabane Estuary over the 

period 1997-1999. 

 

 
 
A similar pattern was observed at all sampling sites in the Nhlabane Estuary (Figure 4.6 and 4.7). The 

highest proportion of residual bound metal was consistently observed in Ti, whereas the highest reducible 

fraction was found in Cd and Mn at all sites. The exchangeable metal proportion also remained relatively 

constant at all sites, being highest in Cd, followed in decreasing order by Ni, Mn, Pb and Cr.   

 

4.3.2.4 Geochemical normalization of sediment trace metal concentrations 

To gain further insight into possible metal contamination in the Nhlabane Estuary, geochemical 

normalization was applied to the sediment trace metals concentrations, using Fe as a normaliser. 

Normalisation of sediment metal concentrations in the Nhlabane Estuary to baseline sediment iron 

concentrations from KwaZulu-Natal coastal waters are illustrated in Figure 4.8. Metal concentrations that 

fall within the upper and lower 99% prediction limits (for all metals except Cd and As) on the plots are 

considered to fall within the expected range for granulometrically equivalent but uncontaminated sediment 

from the region, while concentrations that plot above the  upper prediction limit are considered to be 

enriched. Arsenic and Cd concentrations are poorly correlated with Fe, and in these metals the 95th 

percentile of the metal concentration distribution was used.  

Mean STD Mean STD Mean STD Mean STD

Aluminium 0.0 10.4 1.78 5.6 1.37 84.0 2.59

Arsenic 0.0 11.1 4.53 20.1 6.31 68.8 10.69

Cadmium 8.6 1.50 65.7 1.67 18.9 0.52 6.8 0.81

Chromium 1.6 0.19 5.2 0.65 15.4 1.16 77.8 1.83

Copper 0.0 9.0 1.81 5.7 1.41 85.4 2.63

Iron 0.0 15.8 7.07 1.9 0.89 82.3 7.95

Lead 1.4 0.35 20.2 3.11 2.6 0.29 75.8 3.10

Manganese 5.4 0.10 39.2 10.11 4.3 0.90 51.0 9.83

Nickel 6.3 1.27 8.9 1.03 19.3 1.46 65.6 3.05

Titanium 0.0 0.5 0.12 3.5 0.44 96.0 0.55

Vanadium 0.2 0.04 15.2 1.55 0.8 0.17 83.9 1.57

Zinc 6.8 0.10 17.0 2.43 7.5 0.77 68.7 2.91

Fraction 1 Fraction 2 Fraction 3 Fraction 4
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Figure 4.8 Comparison of sediment metal concentrations in the Nhlabane Estuary to baseline sediment 

iron concentrations from KwaZulu-Natal coastal waters. Metal concentrations that fall within the model 

upper and lower 99% prediction limits (----) are considered to fall within the expected range for 

granulometrically equivalent but uncontaminated sediment from the region, while concentrations that plot 

above the model upper prediction limit are considered to be enriched. For As and Cd, threshold values for 

uncontaminated sediment from KwaZulu-Natal coastal waters are shown. 
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Aluminum concentrations in Nhlabane Estuary sediment relative to normalized Fe concentrations were 

very low, with almost all Al concentrations falling below the lower 99% prediction limit. In all trace 

metals for which 99% prediction limits have been calculated, with the exception of Cr, nearly all 

concentrations fell below the upper prediction limit. In contrast, nearly all Cr concentrations measured fell 

above the 99% prediction limit, suggesting possible Cr enrichment in the sediment. The strong correlation 

between normalized Fe concentrations and all measured Cr concentrations, however, suggested natural Cr 

enrichment of the sediment in the Nhlabane Estuary. Since Cd and As concentrations are typically weakly 

correlated to co-occurring iron concentrations, baseline data was used to determine threshold 

concentrations, which are the concentrations above which enrichment of sediment by these metals can be 

inferred. As shown in Figure 4.8, concentrations in these two metals fell well below the threshold 

concentrations, notably in Cd, in which the maximum concentration of 0.3 µg/l was considerably lower 

than the threshold concentration.  

 

4.3.2 Trace metals in amphipod tissue. 

The mean trace metal concentrations in the two species are presented in Table 4.6. Trace metal 

concentrations in G. lignorum were generally higher than in C. triaenonyx, most notably in Al, As, Fe, 

Mn, Ti and V, while concentrations of Cd, Cu, Ni and Cn were relatively similar in the two species. There 

was considerable variation in the trace metal concentrations in both species during the study period, as 

indicated by the large standard deviations, particularly in Cd, Cr, Pb, Ni and Zn.   

 

The mean trace metal concentrations in the amphipods C. triaenonyx and G. lignorum from the upper, 

middle and  lower reaches of the Nhlabane Estuary over the 12 sampling seasons during 1997-1999 are 

illustrated in Figures 4.9 and 4.10 and in Figures 4.11 and 4.12, respectively. The amphipod tissue for 

each species within the different reaches of the system was pooled due to relatively low numbers of the 

amphipods recorded at times.  Results of the ANOVA for differences in body tissue concentrations of 

trace metals between seasons, years and reaches in the two amphipods are presented in Table 4.6.  There 

were significant differences in G. lignorum between the lower, middle and upper reaches in Al, As, Cu, 

Fe, Pb, Mn, Ti and V. There  were also significant seasonal and annual differences in all metals in this 

species. In C. triaenonyx, there were significant differences between reaches in all metals except Cr, Cu, 

Ni and Zn, while there were significant differences between years except for As and Ni, and between 

seasons, except for Fe. Although there were some interspecies differences, for example C. triaenonyx 

showed a highly significant difference in Cd concentration between reaches but not G. lignorum,  there 

were remarkably similarities between the two species in the variation in body metal concentration between 

reaches, seasons and years. This is illustrated by the significant positive correlation between the ANOVA 



Chapter 4 – Metal concentrations in water, sediment and amphipods 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 87

F values (differences between reaches, seasons and years) in C. triaenonyx and G. lignorum (R = 0.71, p < 

0.001), indicating that the two species generally showed similar differences in metal concentrations 

between season, year and reach. This similarity in metal concentrations in the two species was further 

investigated by comparing the metal concentrations in the two species. As shown in Table 4.6, there was a 

positive correlation in the body concentration of all metals in the two species, this being a significant 

correlation in all metals except for Ni and Cr. This showed that the degree of metal uptake by the two 

species was comparable in all metals analysed.   

 

Table 4.6 Mean (±1STD) dry mass body metal concentrations (µg/g) in G. lignorum and C. triaenonyx 

during 1997-1999, as well as ANOVA (F) results of differences in body metal concentration across reach 

(lower, middle and upper), year (1997-1999) and season (summer-spring). Correlation coefficients of 

body metal concentrations in the two species are also presented. *denotes significant 

correlation/difference (p<0.05), ** denotes highly significant correlation/difference (p<0.01). 

 

 

 

Pearson’s correlation coefficients between trace metals within each amphipod species are presented in 

Table 4.7. In both species, all metals except As showed a significant positive correlation with Al, while all 

metals similarly showed a significant positive correlation with Fe, except for V in C. triaenonyx and As 

and Cd in G. lignorum (Table 4.7). In both species, there was a significant positive correlation between 

concentrations of most metals, with the exception of As, Cd and V.  

 

 

Correlation

Grandidierella Corophium C. triaenonyx

lignorum triaenonyx Reach Year Season Reach Year Season vs G. lignorum

Aluminum 2304 (±831) 729 (±278) 35.2** 110.7** 14.4** 7.1** 84.1** 21.8** 0.61**

Arsenic 8.3 (±4.9) 4.2 (±1.8) 17.6** 6.1** 29.1** 15.3** 1.9 18.2** 0.87**

Cadmium 0.4 (±0.3) 0.38 (±0.32) 0.7 83.6** 8.4** 42.5** 3.1* 29.5** 0.45**

Chromium 123 (±103) 80.4 (±70.4) 0.4 21.4** 38.3** 2.1 3.6* 12.8** 0.21

Copper 99.1 (±28.4) 91.7 (±54.1) 4.4* 76.8** 6.3** 0.7 65.3** 10.5** 0.65**

Iron 10760 (±3577) 4632 (±1815) 38.6** 41.4** 2.8* 39.5** 12.7** 1.1 0.70**

Lead 31.5 (±27.3) 17.6 (±14.7) 3.2* 117.9** 4.6** 9.1** 101.9** 4.9* 0.76**

Manganese 76.8 (±38.1) 27.3 (±16.8) 20.9** 89.3** 17.1** 20.5** 12.6** 4.8* 0.38*

Nickel 53.9 (±40.8) 47.0 (±39.7) 1.0 11.6** 11.8** 0.9 0.9 11.9** 0.33

Titanium 177 (±86) 48.2 (±21.1) 9.1** 123.4** 8.6** 14.6** 67.2** 28.7** 0.62**

Vanadium 13.9 (±6.8) 5.0 (±1.8) 5.5** 47.1** 18.2** 8.7** 4.5* 9.4** 0.70**

Zinc 87.7 (±80.4) 62.1 (±62.0) 1.87 29.9** 34.3** 0.2 14.6** 7.7** 0.69**

Means and STD

Grandidierella lignorum Corophium triaenonyx

ANOVA
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Figure 4.9 Mean seasonal concentrations (+1SE) of Al, As, Cd, Cu, Cr and Fe in C. triaenonyx from the 

lower, middle and upper reaches in the Nhlabane Estuary during the period 1997-1999. S = Summer, A = 

Autumn, W = Winter, P = Spring 
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Figure 4.10 Mean seasonal concentrations (+1SE) of Mn, Ni, Pb, Ti, V and Zn in C. triaenonyx from the 

lower, middle and upper reaches in the Nhlabane Estuary during the period 1997-1999. S = Summer, A = 

Autumn, W = Winter, P = Spring 
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Figure 4.11 Mean seasonal concentrations (+1SE) of Al, As, Cd, Cu, Cr and Fe in G. lignorum from the 

lower, middle and upper reaches in the Nhlabane Estuary during the period 1997-1999. S = Summer, A = 

Autumn, W = Winter, P = Spring 
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Figure 4.12 Mean seasonal concentrations (+1SE) of Mn, Ni, Pb, Ti, V and Zn in G. lignorum from the 

lower, middle and upper reaches in the Nhlabane Estuary during the period 1997-1999. S = Summer, A = 

Autumn, W = Winter, P = Spring 
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Table 4.7 Correlation (Pearson’s Correlation coefficient R) of body metal concentrations in the amphipods 

G. lignorum and C. triaenonyx from the Nhlabane Estuary. * denotes significant correlation (p<0.05), ** 

denotes highly significant correlation (p<0.01). 

 

 

The Pearson’s Correlation coefficients between body metal concentrations in G. lignorum and C. 

triaenonyx and body weight, environmental factors and trace metal concentrations in water and sediment 

in the Nhlabane Estuary are presented in Table 4.8. In both species, there was generally a strong negative 

correlation between trace metal concentrations and body weight in all metals, despite the fact that only 

adult amphipods were analysed. This correlation was significant in all metals except As, Cd and V in G. 

lignorum  and As and V in C. triaenonyx. In the majority of metals, there was a negative correlation with 

salinity, pH and depth and a positive correlation with sediment phi values and organic content. In G. 

lignorum, As, Cr and Ni were significantly correlated with increasing temperatures. In C. triaenonyx, only 

As was significantly correlated with increasing temperatures. There was a surprisingly weak correlation 

between body tissue and sediment metal concentrations in most metals in both species, with the exception 

of V, which showed a significant positive correlation. In G. lignorum, there was a negative correlation 

Aluminium Arsenic Cadmium Chromium Copper Iron Lead Manganese Nickel Titanium Vanadium

Aluminium

Arsenic -0.04

Cadmium 0.49** -0.14

Chromium 0.51* 0.34* 0.29

Copper 0.62* 0.16 0.22 0.67**

Iron 0.71** 0.22 0.28 0.44* 0.63*

Lead 0.63** 0.12 0.36* 0.44* 0.52** 0.88**

Manganese 0.47** 0.28 0.31 0.96** 0.69** 0.40* 0.38*

Nickel 0.63** -0.05 0.13 0.46* 0.66** 0.62** 0.59** 0.43*

Titanium 0.82** 0.07 0.44* 0.53** 0.72** 0.88** 0.82** 0.51** 0.70**

Vanadium 0.64** 0.14 0.32 0.14 0.23 0.65** 0.62** 0.05 0.52** 0.64**

Zinc 0.38* 0.15 0.45* 0.63** 0.45* 0.52** 0.59** 0.64** 0.13 0.60** 0.12

Aluminium

Arsenic 0.03

Cadmium 0.50* -0.11

Chromium 0.46* 0.28 0.02

Copper 0.52** 0.04 0.90** 0.04

Iron 0.45* 0.49** 0.35* 0.37* 0.44*

Lead 0.46** 0.34* 0.13 0.70** 0.12 0.48**

Manganese 0.42* 0.35* 0.14 0.88** 0.14 0.41* 0.52**

Nickel 0.73** 0.04 0.57** 0.31 0.58** 0.58** 0.35* 0.38*

Titanium 0.83** 0.04 0.45* 0.56** 0.48** 0.55** 0.57** 0.53** 0.83**

Vanadium 0.37* 0.07 -0.05 0.45* 0.03 0.29 0.58* 0.17 0.31 0.39*

Zinc 0.56** 0.09 0.80** 0.21 0.74** 0.43* 0.44* 0.25 0.47** 0.58* 0.12

Grandidierella lignorum

Corophium triaenonyx
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between body tissue and sediment metal concentrations in Cr, Cu, Mn, Ti and Zn, while in C. triaenonyx, 

there was a negative correlation between body tissue and sediment metal concentrations in Cd, Cu, Mn 

and Ti. There was a weak correlation between body tissue and water metal concentrations in both species. 

 

Table 4.8 Correlation (Pearson’s Correlation coefficient R) between body metal concentrations in 

Grandidierella lignorum and Corophium triaenonyx and body weight, environmental factors and trace 

metal concentrations in water and sediment as measured in the Nhlabane Estuary during the period 1997-

1999. * denotes a significant correlation (p<0.05), ** denotes a highly significant correlation (p<0.01). 

 

Body Metals in Metals in

Weight Salinity Temp pH DO Depth Phi Organic water sediment

content

Aluminium -0.46** -0.18 -0.10 -0.08 0.14 -0.02 -0.01 0.21 -0.15 0.14

Arsenic -0.20 -0.12 0.54* -0.04 -0.33 -0.09 0.01 0.17 -0.08 0.25

Cadmium -0.15 0.14 -0.14 -0.05 -0.03 -0.09 -0.17 0.18 -0.12 0.00

Chromium -0.57** -0.27 0.45* -0.34* -0.41* -0.15 0.08 0.09 -0.32 -0.07

Copper -0.62** -0.34* 0.09 -0.42* -0.27 0.03 0.02 0.21 0.21 -0.12

Iron -0.45* -0.32 -0.02 -0.37* -0.18 -0.33 0.37* 0.32 -0.08 0.14

Lead -0.59** -0.43* 0.05 -0.34 0.08 -0.13 0.37* 0.17 -0.05 0.01

Manganese -0.51** -0.34* 0.10 -0.35* -0.13 -0.31 0.36* 0.14 0.27 -0.18

Nickel -0.52** -0.27 0.34* -0.35* -0.39* -0.16 0.11 0.05 -0.27 0.10

Titanium -0.57** -0.25 -0.05 -0.33 -0.13 -0.17 0.23 0.18 -0.29 -0.30

Vanadium -0.16 0.02 -0.10 -0.09 0.20 -0.34** 0.21 0.04 0.04 0.59*

Zinc -0.37* -0.12 0.19 -0.36* -0.50** 0.04 -0.07 0.08 -0.17 -0.37

Aluminium -0.56** -0.05 -0.18 -0.16 0.12 -0.13 0.16 0.30 -0.22 0.18

Arsenic -0.19 -0.29 0.48** 0.05 -0.18 -0.10 0.16 0.08 -0.11 0.28

Cadmium -0.33* -0.14 -0.21 -0.34 -0.19 -0.12 0.00 0.11 -0.05 -0.31

Chromium -0.55** 0.05 0.14 -0.17 0.01 -0.32 0.14 0.17 -0.24 0.22

Copper -0.39* -0.16 -0.13 -0.37* -0.28 -0.08 0.01 0.21 0.14 -0.22

Iron -0.40* -0.25 -0.12 -0.28 -0.12 -0.46** 0.40* 0.46* -0.11 0.27

Lead -0.62** -0.23 -0.25 -0.37* 0.10 -0.35* 0.38* 0.35* 0.04 0.14

Manganese -0.58** 0.08 0.16 -0.13 -0.04 -0.40* 0.26 0.05 0.06 -0.04

Nickel -0.52** -0.07 0.14 -0.30 -0.11 -0.25 0.18 0.27 -0.04 0.20

Titanium -0.74** -0.07 -0.24 -0.29 0.04 -0.36* 0.34* 0.41* -0.05 -0.04

Vanadium -0.23 0.26 -0.15 -0.08 0.17 -0.20 0.08 -0.03 0.00 0.52*

Zinc -0.41* -0.13 -0.19 -0.22 -0.23 -0.14 -0.11 0.16 -0.12 0.02

Grandidierella lignorum

Corophium triaenonyx

Physical factors
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4.4 Discussion 

 

4.4.1 Trace metals in the water 

Information in the literature on trace metal concentrations in the Nhlabane Estuary water is limited to 

one DWAF report on the Ecological Reserve of the Nhlabane Estuary (Quinn 2000), in which the 

median concentrations of Cu, Fe, Mn and Zn were reported.  This study therefore provides the first 

detailed account of water metal concentrations in the Nhlabane Estuary.  

 

The concentrations of Cu, Mn and Zn reported by Quinn (2000) for the Nhlabane Estuary were lower 

than that recorded during the present study. Quinn (2000) reported median concentrations for Cu and 

Zn of 1 µg/l and 1.7 µg/l, respectively, in contrast to the mean concentrations of 4.5 µg/l and 17.2 µg/l 

for these two metals recorded during the present study. The reasons for these differences are not clear, 

as no details were supplied by Quinn (2000) as to where and when the water samples were collected 

and analysed. Median concentrations are less influenced by highly variable data than mean 

concentrations and in the present study, there was considerable variation in water metal 

concentrations in the Nhlabane Estuary along the length of the estuary and between sampling seasons. 

The concentrations reported by Quinn (2000) for Cu, Mn and Zn lay at the lower end of the range of 

concentrations recorded during this study.  

 

A comparison with water metal concentrations in the Mhlathuze estuary (Mzimela et al.  2003) and 

Richards Bay Harbour (Vermeulen and Wepener 1999) showed that concentrations of all metals in the 

Nhlabane Estuary were much lower than that from these two systems. Metal concentrations in the 

Nhlabane Estuary water were also much lower than South African and international target values for 

coastal ecosystems, indicating that the Nhlabane Estuary water was uncontaminated   

 

A number of water quality surveys have been conducted over the past few decades on South African 

coastal waters and estuaries, which was summarized by Hennig (1985).  Highest concentrations along 

the entire coastline of Cu, Zn, Cd, and Pb were reported from the northern KwaZulu-Natal coast, 

including Durban Bay, Richards Bay and St Lucia. These relatively high concentrations, notably at St 

Lucia, were regarded as indicative of geological factors leading to naturally high background 

concentrations of metals. Water metal concentrations in the Nhlabane Estuary compared favorably 

with these data, with Cd, Cu, Ni and Pb falling within the range of concentrations reported by Hennig 

(1985), while Zn concentrations were slightly higher in the Nhlabane Estuary. A comparison with 

trace metal concentrations in the Eastern Cape also showed that the mean concentrations of all metals 

in the Nhlabane Estuary compared favorably with that reported from these estuaries (Watling 1988). 
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Concentrations of Cd, Pb, Fe, Mn and Ni from the Nhlabane Estuary were at the bottom end of the 

range reported for Eastern Cape estuaries, while Cu and Zn concentrations approached the upper end 

of the range for Eastern Cape estuaries. Within these estuaries, there was considerable variation in 

trace metal concentrations, with the Papenkuils, Nahoon and Buffels consistently showing highest 

concentrations (Orr 2007). 

 

It is noteworthy that the concentrations reported by Hennig (1985) for Richards Bay from 1974-1976 

for Cu ranged between 0.3-4.8 µg/l, for Pb between 1.8-10.5 µg/l and for Zn between 1.8-12.5 µg/l. 

These concentrations were comparable to that reported from Richards Bay by Begg (1978), who noted 

that these concentrations were within normal acceptable limits. The maximum concentrations reported 

by Hennig (1985) were still an order of magnitude lower than that reported by Mzimela et al. (2003) 

for the Mhlathuze estuary, a permanently open estuary with limited industrial related contamination. 

The reason for these very large differences between historical Richards Bay (Hennig 1985) and more 

recent Mhlathuze estuary (Mzimela et al. 2003) metal concentrations is not clear, but the Mhlathuze 

concentrations appear to be uncharacteristically high and differences in analytical techniques should 

perhaps be carefully considered.      

 

The reason for the relatively high Cu and Zn concentrations in the Nhlabane Estuary water is not 

clear, as its catchment is not exposed to major anthropogenic input of industrial and agricultural 

effluent. The relatively small catchment is largely dominated by forestry. In addition, the presence of 

the impounded Nhlabane Lake upstream of the estuary also means that much of the metal burden in 

the water would tend to settle out in the lake, with limited contamination reaching the estuary from 

the catchment. The concentrations of Cu and Zn in the water also showed a strong positive correlation 

with Fe and to a lesser extent with Al. As Fe and Al naturally occur in high concentrations, this 

suggests that the levels of Cu and Zn in system were influenced by natural variations in background 

metal concentrations.  During the study period, however, the coastal dunes in close proximity to the 

estuary was mined by RBM, with dredgers from mining pond B and C crossing the estuary in 1993 

and 1999, respectively. Leaching of water from the mined dunes at the base of the steep banks lining 

the sides of the estuary was observed during the study period and the colour of the water suggested 

ferrous oxide staining. As the metal composition of the leachate was not analysed, no conclusions can, 

however, be drawn about the link between dune mining activities and the metal concentrations in the 

estuary water. 
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4.4.2 Trace metals in sediment 

There is no historical data in the literature on sediment metal concentrations in the Nhlabane Estuary.  

Sediment metal concentrations in the estuary were generally low and were comparable to those from 

the Mhlathuze estuary (Mzimela et al. 2003) and from uncontaminated areas in Richards Bay harbour. 

Concentrations were, however, considerably lower than that from contaminated areas in the harbour 

(Wepener and Vermeulen 2005). As indicated in Table 4.1, there are  no sediment quality guidelines 

for South African coastal waters, but concentrations were considerably lower than the Effects Range 

Low (ERL) values for Australian estuaries, which is the lower 10th percentile of the metal 

concentration data and is the concentration of a contaminant below which harmful effects rarely 

(<10%) occurs (Long et al. 1995). The relatively low metal concentrations in the Nhlabane Estuary, 

based on these ERL values, is therefore suggested to be indicative of an uncontaminated estuary with 

metal concentrations not expected to adversely affect benthic organisms. 

 

Hennig (1985) provided a comparative summary of sediment trace metal concentrations in estuaries 

along the northern KwaZulu-Natal coastline based on data recorded over the period 1975-1979. The 

mean concentrations of all eight metals (Cd, Cr, Cu, Fe, Mn, Ni, Pb and Zn) in the Nhlabane Estuary 

for which comparative data is provided by Hennig (1985), were at the lower end of the range of metal 

concentrations reported for the St Lucia estuary and Richards Bay Harbour, this also being indicative 

of the relative uncontaminated nature of the Nhlabane Estuary sediment. No data on Al, As, Ti and V 

concentrations were supplied by Hennig (1985) for the northern KwaZulu-Natal coastline. A 

comparison with sediment metal concentrations from Eastern Cape estuaries (Allanson and Baird 

1999) showed that mean concentrations in the Nhlabane Estuary for Cu, Pb, Zn, and Fe were at the 

lower end of the range for eastern Cape estuaries, Mn and Cd were in the middle of the range, while 

only Ni and Cr were at the upper end of the range. In uncontaminated control areas in the Firth of 

Clyde in Scotland and the Avon estuary in England, concentrations of all the metals tested (Cu, Pb, 

Zn, Fe, Cd and Ni) were higher than in the Nhlabane Estuary, providing further evidence that the 

Nhlabane Estuary sediment during the study period was not contaminated (Bryan and Langston 

1992).    

 

4.4.3 Sequential extraction 

Sedimentary particulate matter consists of many different components and phases, including 

crystalline minerals, carbonates, hydrous metal oxides and organic substances. Metals may be bound 

to the particulate matter by a variety of mechanisms including surface adsorption, ion exchange, co-

precipitation and complexation with organic substances. The distribution on trace metals in the 



Chapter 4 – Metal concentrations in water, sediment and amphipods 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 97

different phases determines their mobility, bioavailability and toxicity (Usero et al. 1998, Rauret  et 

al. 1999).  Total metal concentrations in aquatic sediments therefore do not necessarily reflect 

bioavailability and high metal concentrations do not imply high toxicity. In order to better understand 

the bioavailability and potential toxicity of trace metals to aquatic organisms, it is useful to study the 

different speciation forms in which metals occur rather than the total metal concentration (Tessier et 

al. 1979). Although most studies dealing with particulate metals in sediment in aquatic systems have 

been concerned mainly with total metal concentrations, sequential extraction techniques have been 

developed since the 1980’s in which selective reagents are used to consecutively extract the different 

chemical forms of the metal (Rauret et al. 1999). In this study, the optimized BCR  (European 

Community Bureau of Reference) method was used, as developed by the European Commission in 

order to create a standard extraction methodology using standardized reference materials (Rauret et al. 

1999, Sutherland and Tack 2003). The optimized BCR procedure is currently the only scheme that is 

standardized, and reference samples covering a range of levels of sediment contamination is available. 

This is a significant advantage and provides for a degree of comparability between research 

laboratories generally not obtainable for most of the other procedures reported in the literature 

(Sutherland and Tack 2003). Adamo et al. (2005) also showed a close agreement between the 

fractional total concentrations using the BCR methodology and the total concentration as determined 

through standard single step analysis procedures, indicating that enhanced recovery of metal through 

the sequential extraction process is not an issue of concern. Sequential extraction procedures such as 

the BCR method should however always be applied with full consideration of their limitations in 

terms of the ability of the various reagents used to extract metal mixtures (Rauret et al. 1999). 

 

Of most relevance to toxicity assessments of estuarine sediments is the proportion of a metal in the 

sediment that is bioavailable in the exchangeable and water and acid soluble fraction (Rainbow 2007, 

Re et al. 2009). This is the fraction that has the greatest potential to be toxic to aquatic organisms 

(Adamo et al. 2005). Simpson and Batley (2007) pointed out that the bioavailability of metals in 

sediments is influenced by a complex set of factors which include metal speciation, sediment–water 

partitioning relationships, organism physiology and the feeding dynamics of organisms. As reflected 

in Figures 4.6 and 4.7 and Table 4.5, the proportion of metal in the exchangeable fraction for the 

majority of metals in the Nhlabane Estuary was below 0.2%, while for Cr and Pb, it was below 2%, 

suggesting that in these metals, the amount of bioavailable metal that could potentially be toxic was 

very low. The exchangeable proportion in only four metals (Zn, Ni, Mn and Cd) was above 5%. Such 

relatively high exchangeable fractions was however not unusual in Zn and Cd in uncontaminated 

sediment (Adamo et al. 2005). In the majority of metals, the largest proportion (>80%) was found in 

the residual fraction and thus tightly bound within the mineralogical content of the sediment. These 

results parallel those reported from Richards Bay Harbour, where the exchangeable portion of Al, Cr, 
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Cu and Fe was also found to be negligible in some areas (results were based on the 5 step Tessier 

extraction method) (Wepener and Vermeulen 2005). The conservative metals Fe and Al were also 

found in very similar proportions in the two systems, but in the harbour, some contamination by a 

number of metals was observed, as the reducible fraction of Cr, Cu, Mn and Zn in the harbour 

sediment was much higher than in the Nhlabane Estuary. 

 

In a comparative assessment of reference sediments from European coastal waters using the modified 

BCR method, metal concentrations in reference sediment known as CRM601 was reported by 

Sutherland et al. (2002). Despite being classified as only mildly contaminated by Sutherland et al. 

(2002),  concentrations of Cu, Zn, Pb and Mn in this sediment were at least an order of magnitude 

higher than in the Nhlabane Estuary sediment. The most notable difference between the CRM601 and 

Nhlabane Estuary sediment was found in the relatively high proportions of the exchangeable and 

reducible fractions, the two fractions most likely to be toxic to aquatic organisms. For example, the 

exchangeable Cu fraction in the CRM601 and Nhlabane sediment was 34% and 7 % respectively, 

while the reducible Pb fraction in the CRM601 and Nhlabane sediment was 83% and 20 % 

respectively. The relatively low exchangeable and reducible fractions in the Nhlabane Estuary 

sediment for all metals, with the possible exception of Cd, therefore suggest that the sediment in the 

system was not contaminated. In a partioning study of the Port of Naples sediment, Adamo et al. 

(2005) also found a considerable increase in the exchangeable and reducible fractions in contaminated 

sediments. These authors reported a 25%, 3% and 24% increase in the exchangeable fraction in Cd, 

Pb and Zn from control sediment to contaminated port sediment, respectively, while in Cr, Cu, Pb and 

Zn, there was a corresponding 40%, 45%, 15% and 40% decrease in the contribution of the residual 

fraction to the total metal concentration, respectively. What is notable in the present study, however, 

is that the exchangeable fraction in the Nhlabane Estuary sediment was as low as or lower than that in 

the uncontaminated control sediment from Naples. The exchangeable fraction in Cd, Cr, Cu, Pb and 

Zn in the Naples sediment comprised 26%, 1%, 14%, 1% and 18%, respectively, compared to 9%, 

2%, 0%, 1% and 7% for Nhlabane sediment. This again suggests that metal concentrations in the 

Nhlabane Estuary closely resembled natural background levels with no apparent indication of 

contamination. 

 

The distribution of Cd between the extractable fractions from Nhlabane sediment was very different 

from that of all other metals tested, with 9% in the exchangeable fraction, 66% in the reducible 

fraction and only 7% in the residual fraction. These values correspond to those from other studies, as 

Rauret et al. (1999) reported 69 % of Cd in the reducible fraction and only 1 % in the residual fraction 

in reference sediment CRM483, while Adamo et al. (2005) found 22% Cd in the reducible fraction 
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and 25% in the residual fraction in control sediment in the Port of Naples. No comparative data for Cd 

was available from Richards Bay Harbour. 

 

The value of sequential metal extraction as an evaluation tool in toxicity assessments of contaminated 

and dredged sediments has been realized more in more in recent years as it provides an indication of 

the potential for mobilization, bioavailability and ultimately toxicity of metals in aquatic sediments 

(Wepener and Vermeulen 2005). To this end, the European Commission has made a concerted effort 

to develop and standardize the BCR methodology with the ultimate goal to develop a method that can 

be successfully utilised and cross-referenced by researchers across the globe. In this study, sequential 

extraction was used to provide additional evidence that concentrations of sediment fractions that could 

potentially be toxic were low for all metals tested. 

 

4.4.4. Correlation and Geochemical Normalisation of sediment 

Estuarine sediments are known to effectively sequester chemical pollutants and high concentrations of 

trace metals and organic pollutants in sediment are often associated industrialized and urbanized 

estuarine and coastal environments (Rainbow 2002, McCready et al. 2006). As a consequence of the 

sheltered nature of estuaries, these materials tend to settle out in estuaries, and thereby increase the 

propensity for further contamination and accumulation in these environments (Rainbow 2002). 

Metals, which typically bind to fine grained sediments and organic matter, are however not 

indefinitely bound to sediments and may be re-mobilized and returned to solution via physical, 

chemical and biological processes (De Groot et al. 1976). Metals may thus occur in various chemical 

forms whilst being transported to the sea, such as ions in solution, organic or inorganic complexes in 

solution, adsorbed onto the surface of suspended matter or sediment particles, bound to sulfides or 

incorporated into solid organic particles (Kennish 2002). 

 
 There are many factors that influence the concentration and therefore the toxicity of metals in 

sediment, the most important of which are natural background concentrations, salinity, pH, speciation, 

granulometry and organic content of the sediment (Rainbow 2007). It is inappropriate to consider 

metal concentrations in the sediment of a given area without taking these factors into account.  

 

In estuaries, salinity is one of the key controlling factors for the partitioning of contaminants between 

sediments and overlying waters (Chapman and Wang 2001). The free ionic component of metals and 

therefore the bioavailable fraction generally increase with a decrease in salinity, thus a decrease in 

salinity of exposure waters increases the toxicity of metals such Ni, Zn, Cu and Cr to aquatic 

organisms. Similarly, in freshwater and low salinity systems, pH controls the transition of metals 
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adsorbed in the sediment into the free ionic and bioavailable form and thus the toxicity of metals to 

aquatic organisms (Chapman and Wang 2001).   

 

Different sediments can have different capabilities of adsorbing contaminants. In uncontaminated 

sediments, metal concentrations tend to increase as grain size decreases due to the fact that the surface 

area of sediments is grain size dependant, and thus smaller particles provide a larger surface area for 

the adsorption of metals (Summers et al. 1996). Fine grained sediment such as silt and mud naturally 

have a higher metal content compared to coarse-grained sand, and as a consequence, there is typically 

a strong inverse correlation between sediment grain size and the metal content of sediment. In 

contrast, coarse grained sand particles are composed primarily of quartz and potassium and are less 

reactive. A similar trend exists for organic content, as it is widely acknowledged that metallic cations 

have strong adsorptive tendencies and a capacity for complex formation with organic matter 

(Rainbow 1995). Organic carbon thus acts as a matrix to which metals can readily complex, and 

several studies have shown strong linear relationships between total organic carbon and metal 

concentrations. Generally, muddy sediments have a higher organic content than sandy sediment 

(Chapman and Wang 2001).  

 

Although all sediment metal concentrations during this study, except for As, showed a negative 

correlation with salinity, temperature and depth, ordination analysis (PCA) revealed that water quality 

parameters (salinity, temperature, depth, pH, and dissolved oxygen) were only weakly correlated with 

metal concentrations and were therefore relatively unimportant in determining sediment metal 

concentrations. It would appear that sediment metal concentrations were mostly influenced by the 

natural geology of the estuarine environment as well as sedimentary characteristics. Of all the 

parameters tested, the best correlation between metal concentrations and environmental conditions 

was observed with sediment grain size and organic content.   As particle size and organic content are 

such influential factors in controlling metal concentrations, it would also explain the generally low 

metal concentrations in the Nhlabane Estuary sediment. The sediment in the system was characterized 

by fine to medium fine grained sand with no mud and consistently low organic content (See Section 

3.3). The absence of mud and low organic content in the system is related to the Nhlabane weir, which 

prevents fine sediment and detritus entering the lake via surface runoff from the catchment to reach 

the estuary. This lack of mud in the sediment and the unusually low organic content is therefore 

expected to result in naturally low sediment metal concentrations (Chapman and Wang 2001, 

Newman and Watling 2007). The relatively uniform sediment type in the system would also explain 

the absence of notable spatial and temporal differences in sediment metal concentrations observed in 

the system during the study period.  
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As indicated in Table 4.4, the most obvious anomaly with regard to the influence of physico-chemical 

water quality parameters on metal concentrations was observed in As. This metal showed a significant 

positive correlation with salinity and depth, in stark contrast to all the other metals. As expected, 

highest salinities were recorded at the mouth when the estuary was open. The deepest sampling sites 

were also at the mouth. This strongly suggests that the As concentration in the system was marine 

driven, with the metal entering the system dissolved in seawater when the mouth was open and 

settling out onto the sediment. 

 

Metals in estuaries often show naturally high concentrations in some areas, regardless of the factors 

mentioned above (Rainbow 2002). Determining whether estuarine sediment is metal contaminated is 

complicated because metal concentrations in uncontaminated sediment can vary by orders of 

magnitude over relatively small spatial scales due to the natural mineralogy and sediment 

granulometry (Newman and Watling 2007). High metal concentrations therefore do not automatically 

imply that contamination has occurred, but may simply reflect natural concentrations in the sediment 

(Orr et al. 2008). 

 

As indicated in Table 4.4, the concentrations of all metals, except for As, showed a very strong 

positive correlation with Fe, while all but As, Cd and Mn also showed a similar strong correlation 

with Al concentrations. The natural concentrations of Fe and Al in sediments, respectively the third 

and fourth most abundant elements in the earths crust, are orders of magnitude higher than the 

concentrations of most other metals from a toxicological perspective and reflect the natural 

geochemical composition in the immediate environment (Rainbow 1995). The high natural 

concentrations of  Al and Fe are considered to mask the usually low  inputs of  these metals to the 

environment from anthropogenic sources, and their concentrations are therefore likely to remain  

relatively unchanged even in anthropogenically impacted areas (Summers et al. 1996, Orr et al. 

2008).  Because Fe and Al are so abundant in the earth’s crust; given the naturally occurring high 

levels of these elements, they are poorly influenced by anthropogenic input (Dauvin 2008). The low 

natural concentrations of trace metals are in contrast far more sensitive to anthropogenic inputs, with 

the result that the concentration ratio between the trace metals and the Al or Fe is changed when 

contamination occurs.  In uncontaminated sediment, the ratio between Fe and Al concentrations with 

that of the other metals therefore remains relatively constant within the same geographical area. This 

principle is used in geochemical normalization, which is based on the fact that while absolute metal 

concentrations vary between crustal material from one region to another, the relative proportions of 

metals within crustal material from a particular region naturally tend to be fairly constant (Newman 

and Watling 2007). Normalisation thus serves to detect unnatural alterations in the ratios of metal 

concentration, by comparing metal concentration ratios measured in sediment from uncontaminated 
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locations to those in potentially metal-enriched sediment. As noted by Chapman and Wang (2001), 

geochemical normalization can compensate for both the granulometric and mineralogical variability 

of metal concentrations in sediments, with the result that Fe is often used successfully for  

normalization of trace metals in order to assess possible anthropogenic input of contaminants into 

aquatic ecosystems.  

 

Normalization of Nhlabane Estuary sediment metal concentrations to background concentrations for  

uncontaminated KwaZulu-Natal coastal areas showed that with the exception of Cr, concentrations of 

all metals tested fell within the prediction limits and as such are indicative of uncontaminated 

sediments. The fact that most Nhlabane Estuary Cr concentrations plotted above the prediction limits 

was unexpected as these Cr levels cannot be directly linked to any known source of Cr contamination. 

As mentioned earlier, sources of possible industrial contamination in the Nhlabane catchment is 

limited as the catchment is dominated by pine and gum plantations (29%), rural informal settlements 

(43%) and indigenous forest (9%).  Furthermore, mean Cr concentrations in the system  (59.2 µg/g) 

were only slightly higher than that recorded in known uncontaminated areas  in Richards Bay Harbour 

(57.8 µg/g) and in the Mhlathuze Estuary, but considerably lower than that recorded in known 

contaminated areas in the harbour (152.2 µg/g) as well as the sediment quality guideline (ERL 81.0 

µg/g) for Australian estuaries. Hennig (1985) also reported Cr concentrations in South African coastal 

sediments ranging from 2.6-388 µg/g, which compared favorably with the range of concentrations of 

35-307 found in other parts of the world. A high level of contamination in a trace metal is also usually 

associated with a high bioavailable fraction. This was not the case with Cr in the Nhlabane Estuary, as 

the bioavailable fraction of this metal remained very low throughout the system, as indicated in Figure 

4.8. The strong positive correlation between Cr and Fe concentrations (0.82) also suggested that Cr 

concentrations closely followed that of the conservative, naturally abundant Fe, this usually being 

indicative of trace metal concentrations of uncontaminated sediment.    

 

4.4.5 Amphipods as biomonitors 

All aquatic invertebrates accumulate trace metals in their tissues, whether or not these metals are 

essential to metabolism. Different invertebrates accumulate trace metals to different concentrations in 

their body tissues (Rainbow and White 1989). Whether an accumulated trace metal concentration is 

high or low, therefore, cannot be assessed on an absolute scale, the significance of an accumulated 

concentration depending on the specific tissue or the specific invertebrate involved (Rainbow 2007). 

 

A trace metal has the potential to bind to any molecule with an affinity for that metal. Since trace 

metals typically have an affinity for sulphur and nitrogen, and proteins are made up of amino acids, 
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many of which contain sulphur and/or nitrogen, there is no shortage of potential binding sites for trace 

metals within cells. Such affinities make all trace metals potentially toxic, binding to proteins or other 

molecules and preventing them from functioning in their normal metabolic role (Rainbow 2007). To 

avoid potential toxic effects, newly taken up metal must either be detoxified or excreted. As long as 

the combined rates of detoxification and excretion exceed the rate of metal uptake, the incoming metal 

will not have a toxic effect on the crustacean. If the rate of uptake exceeds the maximum combined 

rate of detoxification plus excretion, then the metabolically active metal may reach a threshold at 

which first sublethal and finally lethal toxic effects are manifested (Marsden and Rainbow 2004, 

Simpson and Batley 2007, Pastorinho et al. 2009). 

 

The choice of a biomonitor needs to consider the potential sources of metals to the biota. Suspension 

feeders such as mussels, oysters and barnacles take up metals directly from seawater and from the 

suspended particles collected during feeding (Weeks and Rainbow 1993, Rainbow 1995, 2007). 

Deposit feeding amphipods and bivalves, in contrast, will reflect the bioavailability of metals in the 

surrounding water via respiratory currents and from detritus in and on the sediment. In a sediment 

burrowing organism such as a burrowing polychaete, the soft epidermis may be bathed directly by 

interstitial water within the sediment with a redox potential probably very different from that of the 

overlying water (Bat and Raffaeli 1998, Simpson and Batley 2007). A key feature to the choice of 

biomonitors is therefore an understanding of their biology, for example method of feeding, extent of 

preferred habitat, life history and breeding season, length of life and age structure of population 

(Rainbow 2007). Ideally, biomonitoring studies should also employ species with a wide or even 

cosmopolitan geographical distribution, as there is an inherent danger in comparing bioaccumulation 

strategies in different species, due to the fact that even closely related species from the same location 

may have significantly different accumulated concentrations (Marsden and Rainbow 2004). Due to 

the variable accumulation of trace metals in crustaceans, any meaningful comparison of relative 

concentrations in aquatic invertebrates should therefore be intraspecific, rather than between groups or 

families. Zinc concentrations that might be low for a barnacle would perhaps be extraordinarily high 

for a caridean decapod (Marsden and Rainbow 2004, Rainbow 2007). However, within the crustacea 

there appears to be consistent differences between major taxonomic groups. Decapod crustaceans 

have evolved mechanisms to regulate the body concentrations of essential metals such as Zn and Cy. 

Other crustaceans such as barnacles and amphipods accumulate both essential and non-essential 

metals without excretion (Rainbow 2002).  

 

What makes a good bioindicator? Ideally, a good bioindicator of metal contamination in estuarine 

sediment should not only be a net accumulator of the metal, it should also be a sediment dweller or 

feeder and should be exposed to contaminants in sediment and/or in porewater. A biomonitor must be 
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a net accumulator of the metal in question in order to increase the power of resolution between 

potentially contaminated sites (Rainbow 2007). Amphipods have been widely used as trace metal 

biomonitors not only because they are net accumulators of metals, but they also conform to other 

criteria including being relatively sedentary, abundant, easy to identify and resistant to handling stress 

(Rainbow 2002, Marsden and Rainbow 2004, Re et al. 2009). The amphipods G. lignorum and C. 

triaenonyx tolerate a wide range of salinity and sediment conditions, they are geographically 

widespread, abundant within the benthic community and relatively easy to collect. There are however, 

certain disadvantages to using these amphipods as biomonitors. Corophioid amphipods such as G. 

lignorum and C. triaenonyx are not true sediment burrowers and because they construct tubes within 

which they remain partially partitioned from the sediment, they are not directly exposed to the 

contaminants in the sediment (Wang et al. 2004). These amphipods are also not true sediment feeders, 

as they feed selectively on epibenthic periphyton, epiphytes and associated bacteria that they glean 

from particulate matter (Wang et al. 2004). In addition, C. triaenonyx, in particular, is predominantly 

a filter feeder and as such is more exposed to contaminants dissolved in the water column than 

contained within the sediment. Contaminant uptake by this amphipod in its natural habitat would 

therefore be expected to be primarily from overlying water or from food that is in equilibrium with 

contaminants in the overlying water (Wang et al. 2004). In this regard, sediment dwelling or 

burrowing amphipods have been promoted as more suitable biomonitors rather than pelagic or tube-

dwelling amphipods (Rainbow 2007, ASTM 2008). There are however no burrowing amphipods that 

occur in sufficient densities in local estuaries such as the Nhlabane Estuary. 

 

There are no historical data in the literature on metal concentrations in Nhlabane Estuary benthic 

amphipods, or for any KwaZulu-Natal estuary. In fact, not a single reference could be found on metal 

concentrations in estuarine amphipods in South African estuaries in the well known text, “Estuaries of 

South Africa” (Allanson and Baird 1999), which perhaps reflects the scarcity of information on this 

topic in South Africa. O’Donoghue (2005) conducted a detailed survey of marine and estuarine 

pollution research in South African and reported that of the 284 publications found from 1960, only a 

very small number dealt with estuarine benthic organisms as bioindicators of estuarine contamination. 

The only toxicity work done specifically on estuarine amphipods in South Africa was published by 

Connell and Airey (1979, 1982). In contrast, much work has been done on amphipod toxicity in many 

other parts of the world, notably Europe, Australia and the USA, although a lot of the research 

focused on laboratory based experimental studies. Marsden and Rainbow (2004) provided a review of 

field-derived metal concentrations in amphipods, which showed that the majority of available data 

concerned littoral and supralittoral talitrid amphipods with relatively little information on metal 

concentrations in benthic amphipods from inter and subtidal estuarine areas. A summary of the 

available information on metal concentrations in amphipods from different aquatic habitat types are 
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presented in Table 4.9. In the table, amphipods were divided into ecologically relevant groups in 

terms of habitat preference as it is believed that the biology of an organism will influence the uptake 

of metals from the environment. Due to the marked differences in the aquatic habitat and feeding 

habits of littoral and benthic amphipods, a direct comparison between metal concentrations in local 

benthic corophoid amphipods and littoral talitrid species is therefore of limited relevance Rainbow et 

al. 1998)  

 

Table 4.9 Metal concentrations (µg/g) in field sampled amphipods from various habitat types. U = 

unpolluted, P = polluted. 

 

 

A comparison with ecologically relevant intertidal and subtidal benthic amphipods shows that metal 

concentrations in G. lignorum and C. triaenonyx compare favorably with that found in most of these 

species (Table 4.9). Although Cu concentrations in the two amphipods were relatively high, it fell 

within the range for species such as C. volutator and Gammarus locusta, but was considerably lower 

than the range shown for Paracorophium excavatum. In terms of metabolic requirements, Cu levels in 

both local amphipods were sufficient to adequately cover metabolic needs. Copper and Zn are 

essential trace metals for crustaceans, and theoretical calculations suggest that Cu concentrations 

Species Cu Cd Zn As Fe Mn Pb Ni Habitat Reference

Grandidierella lignorum 99.1 0.44 87.8 8.3 1076 76.8 31.6 54.0 sand/mud estuarine This study

Corophium triaenonyx 91.7 0.39 62.1 4.2 463 27.3 17.6 47.0 sand/mud estuarine This study

Corophium volutator 86–115 sand/mud estuarine Eriksson and Weeks 1994

Paracorophium excavatum 158-207 sand/mud estuarine Marsden et al.  2003

Gammarus locusta 93–134 81-562 71-1290 sand/mud marine Rainbow and Moore 1986

G. oceanicus 14-28 0.7-1.0 61-68 0.5 1.3-2.4 Intertidal rocky shoreZauke et al.  2003

G. salinus 75-135 0.1-0.5 62-91 1.6-2.8 sand/mud estuarine Zauke et al.  2003

G. locustra 64 0.12 51 2 sand/mud estuarine Zauke et al.  2003

G. setosus 0.8 sand/mud estuarine Zauke et al.  2003

Caprella penantis U 7 81 117 21 <0.1 intertidal seaweed Guerra-García et al. 2009

P 173 544 1886 122 21

Hyale schmidt U <0.1 21 <0.1 28 101 <0.1 intertidal seaweed Guerra-García et al. 2009

P 86 42-96 6-9 83-340 607 4.2

Themisto abyssorum 25 pelagic Ritterhoff and Zauke 1997

Themisto compressa 39 70 76 pelagic Rainbow 1989

Gammarus duebeni 158-193 supralittoral marine Rainbow and Moore 1986

Echinogammarus pirloti 91-245 eulittoral Rainbow and Moore 1986

Talorchestia saltator U 36-74 145-181 Rainbow and Moore 1990

P 112 306-332

37-75 2.4-4.6 165-241 163-329 23-44 14-19 3.8-6.5 Rainbow et al. 1998

T. quoyana 16-48 6.4-18 97-481 littoral strandline Marsden et al. 2003

Transorchestia chiliensis 42-108 2.1-6.5 112-171 supralittoral Marsden et al. 2003

Orchestia gammarellus U 1.5 supralittoral Rainbow and Moore 1990

P 7.5

55–123 132-361 69-1800 Rainbow and Moore 1986

O. tenuis 31-49 littoral strandline Rainbow 1993

Pelagic

Intertidal seaweed

Benthic estuarine/marine

Littoral/Supralittoral
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below 26.3 µg/g are insufficient to satisfy both enzyme requirements and haemocyanin production 

(White and Rainbow 1985).  

 

Cadmium concentrations in the Nhlabane amphipods were much lower than that found in any other 

species, and as Cd is a toxic metal of concern in many industrialized estuaries and coastal areas 

throughout the world (Luoma 1983), this perhaps also reflects the low contamination potential in the 

Nhlabane system. Similarly, Zn, As, Fe and Mn concentrations in the Nhlabane amphipods were 

within the concentration range for other intertidal and benthic species, although As, Fe and Mn 

concentrations in G. lignorum and C. triaenonyx were closer to the upper end of the range and 

approached the values characteristic of polluted areas in Caprella penantis and Hyale schmidt (Table 

4.9). Copper concentrations in G. lignorum and C. triaenonyx were also similar to that found in 

littoral talitrid amphipods, while that of Ni, Fe, Pb and Mn were considerably higher in Nhlabane 

Estuary amphipods. 

 

When comparing the metal concentrations in the two amphipods analysed in this study, it was clear 

that for the majority of metals, concentrations in G. lignorum were much higher than in C. triaenonyx. 

This can not be size related, as both species showed a clear size effect in concentration, and G. 

lignorum is a considerably larger amphipod than C. triaenonyx. Differences in metal concentrations 

can either be related to differences in uptake of metals via dissolved and particulate fractions, or to 

differences in storage, detoxification and excretion. The latter possibility was not investigated during 

this study and needs to be considered during future studies. The former possibility deals mainly with 

differential uptake of metals from the dissolved fraction and from food.  

 

It has become increasingly appreciated in recent years that uptake of trace metals from the diet may be 

the major pathway of metals accumulation in aquatic invertebrates (Rainbow 2007). Benthic 

amphipods employ a variety of feeding mechanisms, which include filter feeding, herbivory, 

predatory behaviour, scavenging and deposit feeding (Wang et al. 2004). Trace metal accumulation 

occurs from food (including sediment) as well as from solution (Rainbow 2007). Tubiculous 

corophioid amphipods such as G. lignorum and C. triaenonyx are both filter feeders inside their tubes 

using pleopod induced tube-currents, and deposit feeders, which gather detritus from the sediment 

outside their tubes. In Hyalella azteca, a tubiculous freshwater amphipod, a metal partitioning study 

showed that most of the Cd in the amphipod was taken up from the overlying water compartment and 

little from the sediment compartment. In contrast, a sediment-burrowing tubificid oligochaete was 

found to take up nearly all its Cd from the sediment. In H. azteca, similar findings were reported for 

Pb, Cu and Ni, which showed that in this tubiculous amphipod, most of its metal is derived from the 

water column and not from the sediment (Wang et al. 2004). Since concentrations of metals in the 
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sediment is usually much higher than in the water, it is therefore expected that true burrowing 

organisms or those that are more directly in contact with sediment and ingest sediment directly would 

tend to accumulate higher concentrations of metals than their tubiculous counterparts (Chapman and 

Wang 2001, Rainbow 2007). In the Nhlabane Estuary, the higher body metal concentrations recorded 

in G. lignorum compared to C. triaenonyx is suggested to reflect the difference in feeding strategy 

between the two species. Corophium triaenonyx spends more time filter-feeding in its tube than G. 

lignorum and as such is more exposed to dissolved metals in the water column than G. lignorum, 

which spends more time outside its burrow and is more in direct contact with the sediment. Based on 

the results from this study, G. lignorum would therefore appear to be better a biomonitor of trace 

metal contamination in estuarine sediments than C. triaenonyx and a more suitable candidate as a 

biomonitor in estuarine monitoring programmes (Rainbow 2007). 

 

In species living in estuaries, trace metal toxicity generally increases as salinity decreases and as 

temperature increases (McLusky et al. 1986, Atkinson et al. 2007). In estuaries, salinity can be 

regarded as one the major factors controlling the distribution of contaminants in sediment and in 

overlying or interstitial waters (Dauvin 2008). Many studies have investigated the separate and 

combined influence of temperature and salinity on the response of amphipods to toxicants (McLusky 

et al. 1986, McGee et al. 1998, Marsden and Rainbow 2004, Perez-Landa et al. 2008). These studies 

have confirmed that in most metals, toxicity decreases when salinity increases and temperature 

decreases due to increased desorption resulting from increasing complexation with seawater anions 

and/or increasing competition for particle sorption sites with seawater cations, as well as coagulation, 

flocculation and precipitation (Chapman and Wang 2001). Salinity changes thus have the potential to 

affect the bioavailability and hence the toxicity of different trace metals to estuarine organisms 

(Atkinson et al. 2007). In their review on the effects of temperature and salinity on the toxicity of 

trace metals for marine and estuarine invertebrates, McLusky et al. (1986) showed that temperature 

and salinity generally has a clear effect on Cu toxicity, which tended to increase as salinity decreased 

and temperature increased. However, McLusky et al. (1986) also found that body tissue metal 

concentrations in some amphipods appeared to be unaffected by salinity. Weeks and Rainbow (1993) 

investigated the effects of short-term exposure in both hyper and hypo-saline conditions on Cu and Zn 

accumulation in the body tissues of talitrid amphipods and found that the adults of all three species 

tested were tolerant of a wide range of salinities and the metal concentrations in the blood and various 

tissues were unaffected by the salinity. These authors concluded that changes in salinity did not 

significantly affect the Cu and Zn concentrations within body tissues in these littoral talitrid 

amphipods. The biology of the different species therefore seem to be influential in determining the 

effect of salinity on metal accumulation, which in intertidal and subtidal true benthic amphipods 

appear to be affected differently compared to littoral and supralittoral species. During the present 
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study, body metal concentrations in both species were negatively correlated with salinity and 

temperature. Although the expected correlation with salinity was thus observed, the same was not true 

in the case of temperature. The anomalous negative correlation with temperature was perhaps related 

to the fact that the mouth of the system was open more frequently during winter and as such higher 

salinities were recorded during the cooler winter months.   

 

Eriksson and Weeks (1994) found that low dissolved oxygen increased mortality and caused altered 

behaviour in C. volutator exposed to Cu concentrations in varying oxygen conditions, although the 

accumulation of Cu was not affected by the low oxygen conditions. This would explain the consistent 

negative correlation between body metal concentrations and dissolved oxygen in the present study.   

 

In the Nhlabane Estuary, there was a strong positive correlation between metal concentrations in both 

amphipod species, with the notable exception of As, Cd and V. This suggests that both species are net 

accumulators of metals from the environment, as essential metals were not preferentially stored or 

accumulated relative to non-essential metals such as Pb and Cr. As discussed in more detail later, the 

anomalous accumulation of As and Cd is thought to be related to the marine origin of these metals, 

with increased accumulation coinciding with high salinities and open mouth conditions. Marsden and 

Rainbow (2004) reviewed the influence that different metals have on the accumulation of other metals 

by amphipods and concluded that the literature on the interaction of one trace metal on the uptake or 

accumulation of another metal by aquatic invertebrates is confusing without any clear patterns. In a 

study of interactions between the uptake rates of Zn and Cd in different populations of Orchestia 

gammarellus, the presence or absence of one metal had an inconsistent effect on the rate of uptake of 

the other (Rainbow et al. 2000). Although Zn and Cd might share common routes of uptake from 

solution by crustaceans, these metals do not consistently interact competitively or synergistically at 

the exposure concentrations investigated. In Transorchestia chiliensis, body Cu and Zn concentrations 

did not reflect the sediment metal concentrations or any salinity variations in the system (Marsden et 

al. 2003). 

 

In the Nhlabane Estuary, not all metals displayed a strong correlation between metal concentrations in 

body tissues and in the sediment and water. There was no consistent pattern or trend in body metal 

concentrations against sediment and water metal concentrations during this study, for example the 

negative correlation between Zn concentrations in the tissue, sediment and water in G. lignorum. The 

data do however suggest differential uptake of metals from water and sediment, as body Fe 

concentrations in both species showed a negative correlation with Fe in the water, but a positive 

correlation  with Fe in the sediment. This suggests that body concentrations were closely linked to Fe 

concentrations in the sediment. In contrast, body Cu concentrations in both species showed a positive 
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correlation with Cu in the water, but a negative correlation with Cu in the sediment, suggesting that 

body Cu concentrations were closely linked to dissolved Cu in the water.  

 

Information in the literature on seasonal changes in metal concentrations and rate of metal 

accumulation in amphipods is confusing and there is not always a feasible explanation for many 

seasonal variations in metal content (Marsden and Rainbow 2004). In Leptocheirus plumosus, 

seasonal differences in sensitivity to sediment contaminants was suggested to be at the time when 

population densities were lowest and that they may be due to limited food resources (McGee et al. 

1998). In a subtropical estuary such as Nhlabane Estuary, seasonal changes in population densities of 

amphipods occur and the observed differences in metal concentrations between seasons could perhaps 

be explained by decreased general conditions in the estuary in cooler winter months when food 

resources are lower. Seasonal moulting and reproduction have also been suggested to affect the 

accumulation of metals in crustaceans. The frequency of moulting, which is related to growth rate, 

increases during summer and as result, crustaceans accumulate more Cd in summer than in winter, as 

Cd uptake increases during moulting. This was found to be the case in Corophium multisetosum, 

which showed a higher sensitivity to Cd in summer (Perez-Landa et al. 2008). In contrast, the moult 

cycle was found not to have any effect on body concentrations of Cu and Zn in the littoral strandline 

dweller Orchestia gammarellus (Rainbow 1995). Sensitivity changes of Corophium urdaibaiense to 

ammonium was also found to be related to its reproduction pattern, with increased sensitivity during 

summer months of peak reproductive activity (Perez-Landa et al. 2008).  

 

The strong correlation between amphipod body weight and body metal concentrations during this 

study was unexpected, since only adult amphipods were used in the analysis. Juveniles are generally  

more sensitive to contaminants than adults due to increased metal accumulation caused by their 

relatively larger surface area, and as a result, size effects on metal concentrations are regularly 

compensated for in toxicity studies (Moore and Rainbow 1987, McGee et al. 1998). During earlier 

work on the two amphipods used in this study, a typical non-linear negative relationship between 

body weight and Cu concentration was recorded in these two species, with juvenile amphipods 

showing much higher metal concentrations than adults (Xulu 2003). Based on the results from this 

earlier study, and in order to avoid this well known effect of body size on metal concentrations, only 

adult C. triaenonyx of >4mm total length and adult G. lignorum of > 5mm total length were used for 

metal analysis during this study. In a closely related species, C. urdaibaiense, the minimum size of an 

adult was found to be 3.7 mm (Perez-Landa et al. 2008). The decision to only use adult amphipods 

during this study was based on work done by Moore and Rainbow (1987) on talitrid amphipods, in 

which only amphipods >2 mg were used for analysis of trace metal concentrations. Results from their 

work showed that size effects were largely eliminated by using only adult amphipods. 



Chapter 4 – Metal concentrations in water, sediment and amphipods 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 110

 

 Future work on C. triaenonyx and G. lignorum should therefore compensate for size effects by 

standardizing body size to a pre-determined weight which must reflect the most appropriate body size 

for the species investigated. Perez-Landa et al. (2008) also emphasized that size effect differences in 

sensitivity must be taken into account in toxicity assessments and that in order to avoid extreme 

values of sensitivity, toxicity tests should be performed outside the breeding period. Zauke et al. 

(2003) questioned whether significant differences in metal concentrations in biota are due to a 

geographical heterogeneity or due to a size dependency. These authors found significant differences in 

metal concentrations in Gammarus oceanicus due to a geographical heterogeneity only when no 

significant linear correlation existed between metal concentration and body size. 
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5. Acute sediment toxicity test using two estuarine amphipods,  

Grandidierella lignorum and Corophium triaenonyx, exposed to zinc and 

copper. 

 
 

5.1 Introduction 

Estuarine ecosystems include numerous interlinked and interdependent species, habitats and 

processes, all of which are dependent on water and sediment quality in the estuarine environment  for 

successful ecosystem functioning. Increasing industrial and recreational demands on coastal and 

estuarine environments lead to habitat deterioration and pollution with deleterious consequences for 

benthic communities. This occurs through direct contact of organisms with contaminated water and 

sediment or by resuspension of contaminated sediment particles into the overlying water (Bat 2005 

Rainbow 2007, Casado-Martinez 2007). Estuarine sediments support a diverse community of benthic 

organisms which by virtue of their close association with the sediment, are highly susceptible to 

contamination of the sediment (Simpson and Batley 2007, Re et al. 2009).  

 

Trace metal contamination of estuarine water and sediment has become one of the greatest concerns 

worldwide, as metals have the potential to be toxic to aquatic organisms if present at high 

concentrations (Rainbow 1995, Chapman and Wang 2001, Simpson and Batley 2007). Metals 

naturally occur in varying concentrations in the environment and processes that contribute to the input 

of metals into aquatic ecosystems systems include natural weathering of rocks, windblown dust, 

volcanic and hydrothermal vent activity, forest fires and the deposition of organic matter (Kennish 

1997). The concentration of metals in pristine sediments thus reflects the natural abundance of metals 

in that area, however, anthropogenic input in many industrialized estuarine areas exceed the natural 

input of metals into the water (Rainbow 2007). 

 

Many factors affect the concentrations of metals in sediment, such as grain size, total  organic carbon 

content, pH and mineralogy (Chapman and Wang 2001, Rainbow 2002). In uncontaminated 

sediments, metal concentrations usually increase concomitant with a decrease in sediment grain size, 

due to the relatively larger surface area associated with smaller sediment particles which provide a 

larger surface area for the adsorption of metals. Organic carbon also acts as a matrix to which metals 

can complex, and there is usually a shown strong linear relationship between total organic carbon and  

metal concentrations (Kennish 1997, Simpson and Batley 2007). 
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Anthropogenically derived metal contamination has been studied in many estuarine systems during 

recent years, largely due to the persistent and toxic nature of many metals (Matthiessen and Law 

2002, Chapman 2007a). Some metals are essential for metabolism (Co, Cu, Fe, Zn and Mg), but 

become toxic at elevated concentrations, while others such as Cd, Pb, Hg, and Sn are not required for 

metabolism and are toxic to organisms even at low concentrations (Kennish 1997, Rainbow 2002, 

Simpson and Batley 2007). When introduced into the estuarine and marine environment, organic and 

inorganic contaminants, particularly heavy metals, eventually accumulate in sediment, where they 

pose considerable risk to the health of benthic communities and eventually to higher trophic levels 

through bioaccumulation in animal tissues (Chapman and Wang 2001, Bat 2005). Marine and 

estuarine sediments bind and accumulate a wide variety of trace metals to often high concentrations, 

which can then be redistributed by disturbance and anthropogenic activities such as dredging and may 

threaten the health of the estuarine environment via bioaccumulation (Marsden and Rainbow 2004). 

Estuarine sediments comprise an ecologically important component of the aquatic environment by 

mediating the exchange of accumulated contaminants between particulate, dissolved and biological 

phases (Simpson and Batley 2007). The protection of estuarine faunal communities from being 

adversely affected by contaminants requires an understanding of both the sensitivity of benthic 

organisms to contaminants and their ecological requirements.  

 

The words “contaminant” and “pollutant” are often used interchangeably with little understanding for 

their actual meaning (Chapman 2007a, Orr et al. 2008). It is thus useful to define them to avoid any 

confusion. Pollution is the indirect or direct introduction of a substance into the environment by man. 

Contamination is the presence of elevated concentrations of a substance above that of its background 

concentration in the environment or biota concerned. A contaminant may become a pollutant if it is 

introduced by man, and has some damaging effect on the environment. Elevated levels of 

contaminants may be insignificant unless the contaminant causes direct or indirect changes in 

biological populations (Rainbow 2007). 

 

All aquatic invertebrates accumulate trace metals in their tissues, whether or not these metals are 

essential to metabolism (Rainbow 2007). Heavy metals are often accumulated by many marine and 

estuarine organisms to very high body concentrations (Rainbow 1995). These accumulated 

concentrations in body tissues are easily measured, not liable to contamination, and provide a time-

integrated measure of metal supply over weeks, months, or even years, according to the species 

analysed. Toxicity tests, particularly sediment toxicity tests, have been shown worldwide to be an 

appropriate way of increasing our understanding of the sensitivity of organisms to contaminants and 

also have the advantage of being a time-integrated measure of the supply of the bioavailable fraction 

of a contaminant, which can be very different from the total amount present in the environment (Bat 
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2005, Chapman 2007a, Rainbow 2007, Re et al. 2009, Casado-Martinez 2010). It is the bioavailable 

fraction only that is potentially toxic and of ecotoxicological relevance (Rainbow 2007). Thus the 

fraction of metal of direct ecotoxicological relevance can be accurately measured through sediment 

toxicity tests. Such tests are now widely used to establish geographical and/or temporal variations in 

the bioavailable concentrations of heavy metals in coastal and estuarine waters (Rainbow 2007). 

 
 
A variety of sediment toxicity tests have been developed for assessing the toxicity of chemicals in 

coastal sediments using amphipods, midges, polychaetes, mussels, oysters,  barnacles, or cladocerans 

(Rainbow 1995, Chapman and Wang 2001, Bat 2005, ASTM 2008). Although a variety of endpoints 

have been studied to measure potential effects of contaminants in sediment including survival, 

growth, behavior, or reproduction; however, survival of test organisms in 10-day exposures is the 

endpoint most commonly reported (ASTM 2008, Kennedy et al. 2009). These short-term exposures 

that only measure effects on survival can be used to identify high levels of contamination in 

sediments, but may not necessarily be able to identify moderate levels of contamination in sediments, 

conditions which are more commonly tested with sublethal endpoints.  

 

The choice of a test organism in sediment toxicity testing has a major influence on the relevance, 

success, and interpretation of a test, as different organisms respond differently to toxicant 

concentrations under similar conditions (Chapman and Wang 2001, Rainbow 2007). Ideally, a number 

of test organisms should be used to develop a better understanding of the effects of toxicants and 

contaminated sediments on aquatic communities in estuaries (Rainbow 2002, ASTM 2008). A 

suitable sediment toxicity test organism should ideally demonstrate relative sensitivity to a range of 

contaminants in the sediment appropriate to the objectives of the study, be in direct contact with the 

sediment by living below the sediment–water interface thus ensuring maximum and consistent 

exposure to sediment contaminants, be easily cultured or maintained in the laboratory or be easily 

accessible in sufficient numbers by field collection, be easily identified and ecologically important, 

have a high survival rate under control conditions, have a broad geographical distribution, have 

environmental requirements appropriate to the conditions prevalent at the site being evaluated and 

most importantly, be tolerant of a broad range of sediment physico-chemical characteristics such as 

grain size and distribution (Swartz et al. 1982; DeWitt et al. 1988, Bat et al. 1998). In addition, test 

organisms should be net accumulators of the metal in question with a simple correlation between 

metal concentration in tissues (body) and average ambient bioavailable metal concentration (Rainbow 

1995). 

 

Amphipods are commonly utilized throughout the world to test the toxicity of potentially 

contaminated sediments in marine and estuarine environments, because they are ecologically relevant, 
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have a short life cycle and are suitable for laboratory experimentation (Swartz et al. 1982; DeWitt et 

al. 1996, Rainbow and White 1989, Ciarelli et al. 1997, Rainbow 1997, Chapman and Wang 2001, 

Marsden 2002, Rainbow 2007, Marsden and Rainbow 2004, Bat 2005, Gale et al. 2006, ASTM 2008, 

Re et al. 2009). Chapman (1998) produced a detailed review of the suitability and use of amphipods 

in sediment toxicity testing. Benthic amphipods often occur in such high densities that they dominate 

benthic communities and often comprise the principal food for many predatory fish and birds, making 

them ecologically important organisms with considerable potential for metals accumulated within 

their body tissues to be transferred along estuarine food chains. Amphipods are also useful sediment 

test organisms because they are geographically widely distributed, occurring in habitats from the 

abyssal depths, throughout the ocean and extending into estuaries, freshwater and groundwater, are 

easy to identify and most are in close contact with the contaminated sediment due to their burrowing 

or tubiculous habits (Marsden and Rainbow 2004, King et al. 2006). Most importantly, amphipods are 

also known to be among the most sensitive benthic organisms when exposed to sediment 

contaminants such as PAHs and heavy metals (Ciarelli et al. 1997, Gale et al. 2006, ASTM 2008, Re 

et al. 2009). To date, the majority of estuarine sediment test organisms are in fact amphipods 

(Chapman and Wang 2001). 

 

Standardized sediment toxicity tests have been developed for a number of amphipod species such as 

the burrowing species Rhepoxynius abronius and Leptocheirus plumulosus (Swartz et al. 1982, King 

et al. 2006, ASTM 2008) and the tubiculous species Corophium volutator and Grandidierella 

japonica (Ciarelli et al. 1997, Bat 2005, ASTM 2008, Re et al. 2009). Considerable attention has been 

paid to the development of sediment toxicity tests using species of the genus Corophium (Bat 2005, 

Re et al. 2009). Environment Canada (1992) has recommended the use of C.  volutator for sediment 

toxicity testing. Corophium volutator (Ciarelli et al. 1997, Chapman and Wang 2001, Rainbow 2002, 

Peters and Ahlf 2005, Stronkhorst et al. 2003), C. multisetosum (Castro et al. 2006, Ré et al. 2007, Re 

et al. 2009) and C. orientale (Onorati et al. 1999), have been shown to be suitable indicators of metal 

contamination in European estuarine areas and are regularly employed as test organisms in estuarine 

biomonitoring programs. Corophium spinicorne and C. arenarium (Chapman and Wang 2001) have 

also been shown to be suitable test organisms for marine and estuarine sediment toxicity testing in the 

USA and Canada. Paracorophium excavatum has been shown to be a potential test organism for sub-

lethal sediment toxicity tests in New Zealand (Marsden 2002). Corophium amphipods are 

cosmopolitan burrowing or tubiculous benthic organisms inhabiting temperate and tropical shallow 

marine and estuarine environments, feeding preferentially on detritus and epipelic microalgae and 

often establishing populations of extremely high densities. They are thus considered a key food source 

in intertidal marine and estuarine areas for fish and shorebirds (Cunha et al. 2000). Due to their 

abundance and high productivity in tidal areas, Corophium spp. are considered  as ‘‘keystone 
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species’’ because they reflect the ecological integrity (structure and productivity) of the surrounding 

community (Re et al. 2007). Similarly, a number of studies have been conducted on the suitability of 

Grandidierella amphipods, notably G. japonica in New World and Asian estuaries (Nipper et al. 

1989, Greenstein and Tiefenthaler 1997, Han et al. 2005, ASTM 2008) and G. lignorum and G. lutosa 

in South African estuaries (Connell and Airey 1982) as bioindicators of contaminated sediments. 

 

The purpose of this study was to determine the accumulation of copper and zinc in two South African 

estuarine amphipod  species, C. triaenonyx and G. lignorum, and to assess the suitability of these 

amphipods as potential test organisms for sediment toxicity testing in estuarine environments. These 

two amphipods were the most abundant taxa in the benthic community in the Nhlabane Estuary 

throughout the study period and have been shown to be tolerant of variable salinity and sediment 

conditions (Vivier and Cyrus 1999a). Corophium triaenonyx has a western Indian Ocean distribution 

extending from the Southern Cape to the eastern shore of India (Griffiths 1973, Shyamasundari 1976). 

Grandidierella lignorum is a Southern African endemic, ranging in distribution from False Bay, 

Western Cape, to southern Mozambique (Griffiths 1973). In southern Africa, these two species form a 

dominant component of the benthic community in Southern Cape and Zululand relict estuarine coastal 

lakes (Hart 1995, Boltt 1969) and are abundant in low to medium salinity reaches of estuaries 

(Whitfield 1989, Vivier and Cyrus 1999a, Vivier and Cyrus 1999b, Teske and Wooldridge 2001). 

Grandidierella lignorum, in particular, has been shown to be more abundant under low salinity 

conditions (Vivier and Cyrus 1999b), while C. triaenonyx appears to be less restricted by variation in 

salinity and has been recorded in all types of estuaries along the South African east coast under all 

salinity conditions  (Blaber et al. 1983, Davies 1984; De Decker and Bally 1985; Whitfield 1989, 

Whitfield and Bruton 1989; Whitfield 1992; Cyrus and Mackay 1995, MacKay and Cyrus 1999, 

Teske and Wooldridge 2001, Mabaso 2002).  

 

Copper and Zn were chosen for this study as both are essential metals for crustaceans, there is 

extensive literature on the toxicity effects of these metals on aquatic biota (Rainbow 1993, Weeks and 

Rainbow 1993, Chapman et al. 1997, Conradi and Depledge 1998, Chapman and Wang 2001, 

Marsden 2002, Marsden and Rainbow 2004, Simpson and Batley 2007) and they have been identified 

as potential contaminants in the Port of Richards Bay (Wepener and Vermeulen 2005). Being 

essential metals, there is a certain quantity of the metal required in the body to meet essential 

metabolic needs, which have been estimated for amphipods (White and Rainbow 1985). Any further 

accumulation of these essential metals in metabolically available form has the potential to be toxic, 

with deleterious consequences for aquatic organisms (Rainbow 2007).  

 

 



Chapter 5 - Grandidierella lignorum and Corophium triaenonyx sediment toxicity test 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 116

5.2 Materials and Methods 

 
The methodology applied during this study was based on the techniques specified in the methodology 

developed by the US-EPA for 10-day static sediment toxicity tests for estuarine amphipods (ASTM 

2008). Although the EPA methods were originally developed for use in whole sediment toxicity tests 

from suspected contaminated areas, they have also been adapted to experiments with spiked 

sediments. These methods have been applied since their development by numerous research agencies 

throughout the world using a variety of estuarine and marine amphipods (Chapman and Wang 2001, 

ASTM 2008). Although the methods described by the EPA was designed specifically for use with 

New World amphipods, such as the marine amphipods Ampelisca abdita and R. abronius and the 

estuarine amphipods Eohaustorius estuarius and L. plumulosus, they were adapted during this study 

for use with the two South African estuarine amphipod species, G. lignorum and C. triaenonyx. 

Exposure is static, the organisms were not fed over the 10 day exposure period and the endpoint 

measured was survival. 

 
 
5.2.1 Collection and handling of amphipods 

Grandidierella lignorum and C. triaenonyx, were collected from the Nhlabane Estuary using a benthic 

grab, after which they were placed into clean, plastic containers with water and a thin layer of 

sediment collected in situ. Containers with amphipods were immediately transported to the laboratory 

where the amphipods were sorted by species.  Cultures of the two species were maintained under 

controlled conditions in climate chambers (25 ºC and 12 hrs daylight) in aerated culture trays in 

sediment collected from the Nhlabane Estuary at a salinity of 20. Water renewal was undertaken once 

a week with diluted filtered seawater and the amphipods were fed once a day with TetraminTM fish 

flakes.  

 

5.2.2. Collection and preparation of test sediment 

Sediment used in toxicity testing was obtained from a known uncontaminated area in Richards Bay 

Harbour (Wepener and Vermeulen 2005) of similar sediment characteristics to those in the Nhlabane 

Estuary where the amphipods were collected. After collection, the sediment was sieved with a 500 µm 

mesh stainless steel sieve to remove macrofauna and debris, after which it was stored in acid washed 

plastic containers at 4 ºC for a minimum of two weeks prior to use. Sediment was acclimated at room 

temperature for a minimum of 24 hours prior to use.  

 

The suitability of the sediment as test sediment was tested prior to the metal spiked exposure 

experiments by conducting a 10 day static test with G. lignorum at a salinity of 20 using only clean 
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sediment from the Nhlabane Estuary and from the chosen uncontaminated site and a known 

contaminated site in the harbour. After 10 days, the Nhlabane Estuary and uncontaminated sediment 

showed survival rates of >90%, while the survival rate in the contaminated sediment (60%) was 

significantly lower (F = 8.75, p = 0.004, d.f. = 12).  

 

The spiking procedure to create the test sediment was based on the method described by Swartz et al. 

(1985), with minor modifications. The metals used in the exposure experiments, Cu and Zn, as CuCl 

and ZnCl2, were directly added from the stock solution to the control sediment to achieve the required 

nominal concentrations (expressed on a dry weight basis). This was followed by 30 min of 

mechanical mixing. The sediments were then allowed to equilibrate overnight at 4 °C. 

 

5.2.3 Toxicity test procedures 

Toxicity tests were conducted using standard protocols with some modifications for the use of local 

species (EPA 1994, ASTM 2008). The acute toxicity of Cu and Zn spiked sediments to the two 

species of amphipods were determined by conducting 10-day static, non-renewal exposure tests 

without feeding under controlled conditions in an environmental chamber at a temperature of 25 ± 0.2 

ºC.  Amphipods were exposed to five metal concentrations and control sediment with five replicates 

per concentration in 250 ml beakers containing 200 ml of test water and 2cm of sediment. Each 

beaker was filled with 2 cm (about 40 g) of homogenized test sediment, after which the water was 

added, without disturbing the surface of the sediment. Plastic petri dish lids, each with a small hole 

drilled through the center to allow aeration of the test beaker with a glass pipette, were placed over the 

beakers to minimise evaporation. Beakers were supplied with a gentle flow of air (3-5 air bubbles per 

second) throughout the tests to maintain dissolved oxygen concentration in the overlying water at 

>80% saturation. Sediments and diluted filtered sea water were added to the beakers at least 12 hours 

prior to the start of a test and placed in an environmental chamber at 25 ºC to allow the sediment to 

settle overnight.  

 

Immediately prior to the start of the toxicity test, the amphipods were isolated from the stock cultures 

by gentle sieving using a 500 µm sieve. Only adult amphipods were selected for the toxicity tests (C. 

triaenonyx > 4mm, G. lignorum > 5 mm), as amphipods have a known and marked body size effect on 

metal accumulation with juvenile amphipods displaying a relatively high body metal concentrations 

due to their higher surface area to volume ratio (Moore and Rainbow 1987, Pérez-Landa et al. 2008). 

The amphipods were gently rinsed with filtered test water to ensure removal of any remaining culture 

sediment and then kept in aerated 1 l beakers filled with test water at salinity of 20 until the start of 

the experiment. The amphipods were carefully monitored and any inactive amphipods were removed. 
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At the start of each test, 20 randomly selected amphipods were gently released in each beaker using an 

inverted glass Pasteur pipette, to avoid injury to the amphipods. After release, the amphipods were 

carefully monitored for 1hr to check for burrowing activity and any inactive amphipods or individuals 

showing erratic behavior were replaced. Test beakers were monitored daily to ensure that there was 

adequate aeration and to record and remove any dead amphipods. The number of amphipods on the 

surface of the sediment was also noted. For quality assurance purposes, physico-chemical parameters 

including dissolved oxygen concentration (>80%), ammonium (<0.8 mg/l), pH (7.5–8.2), salinity (20 

± 1) and temperature (25 ± 0.2 ºC) were monitored periodically throughout the test and at test 

termination to ensure that all variables remained within acceptable limits throughout the test. 

 

At the end of the 10-day period, water and sediment samples were randomly collected from three 

beakers per exposure for metal analysis, after which the surviving amphipods were gently sieved from 

the sediment and counted. The amphipods from each beaker were then blotted dry, rinsed twice in 

double distilled water to remove any residual sediment and debris and stored for metal analyses. An 

average amphipod survival rate of 90% or greater in the control sediment was regarded as acceptable. 

 

All glass and plastic  ware used during the toxicity testing were cleaned by soaking for 24 hrs each in 

phosphate-free detergent and 5% HNO3 acid diluted with double distilled water, followed by a rinse in 

double distilled water. 

 

5.2.4 Laboratory procedure for test metal concentrations.  

The amphipods from each beaker were oven-dried at 60 ºC for 24 hrs, weighed to four decimals and 

then digested for 24 hrs using 0.05 ml H2O2 for and 0.5 ml HNO3. Further digestion was performed by 

heating samples in a microwave oven during four consecutive steps of 2 minutes at 200, 300, 400 and 

500 W (Blust et al. 1988).  The samples were then filtered and the volume made up to 10ml using 

double distilled water. Sediment samples were dried at 60 ºC for 24 hrs, hot-plate digested using nitric 

acid and perchloric acid in a 2:1 ratio and then made up to 50 ml using double distilled water.  Water 

samples from the toxicity test were filtered and stored until analysed. Copper and Zn concentrations in 

water, amphipod tissues and sediment samples were measured by ICP-MS by the Accredited 

Analytical Laboratory, Mhlathuze Water, Richards Bay. For quality control purposes, each batch of 

samples analysed included one blank and a certified reference material. The percent recovery of the 

reference material (CRM 320) from the analysis of the samples remained > 90%. 

 



Chapter 5 - Grandidierella lignorum and Corophium triaenonyx sediment toxicity test 

Macrobenthic Community and Ecotoxicological Status of the Nhlabane Estuary 119

Due to the much smaller body size of C. trianonyx compared to G. lignorum, the amount of C. 

triaenonyx body tissue available at the end of the toxicity tests was very small and as a result, the Cu 

and Zn concentrations in C. triaenonyx were below detection limits for the ICP-MS analyses, except 

for the highest exposure concentrations. This meant that Cu and Zn concentrations in C. triaenonyx 

after the spiking experiment could not be determined. This problem was not observed in the G. 

lignorum experiments.  

 

5.2.5 Reference toxicity test 

Cadmium chloride is commonly used as a reference toxicant to test the relative sensitivity of  

organisms to toxicants. The sensitivity of the two test species, C. triaenonyx  and G. lignorum, to 

CdCl2 was determined by 96hrs static water only tests. Amphipods were added to aerated beakers 

containing 200 ml of filtered and diluted seawater at a salinity of 20 containing CdCl2 at nominal 

concentrations ranging between 0.4-6.4 mg/l under similar conditions as described earlier.   

 

5.2.6 Statistical Analysis 
 
The LC50 for metal concentrations in C. triaenonyx  and G. lignorum was determined using the EPA 

Probit Analyses software. After the data were tested for normality, one way ANOVA was used to test 

for significant differences in the  body Cu concentrations. Pairwise post-hoc comparisons were 

performed using Tukey’s HSD test, a statistical test used in combination with ANOVA to find which 

means are significantly different from one another. Pearson’s Correlations coefficients (R) were 

determined to test for the relationship between metal concentrations in the tissue, sediment and water.  
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5.3 Results 

 

5.3.1 Environmental conditions 

The environmental parameters measured at the start and end of the C. triaenonyx  and G. lignorum 

sediment toxicity tests are presented in Table 5.1. All the parameters remained within or close to the 

allowed range and as such, did not affect the outcome of the experiments. Although the allowed 

application limit of ammonia was 0.8 mg/l, this was the recorded concentration at the start of the 

experiment in the control water and the levels did not change appreciably during the duration of the 

toxicity tests, attaining a maximum of 0.9 mg/l.     

 

Table 5.1 Environmental variables measured at the start of the sediment toxicity tests and at the end of 

the 10-day period. Application limits are based on ASTM (2008), modified for local conditions. 

Values given are the median concentrations after 10 days for all four tests. 

 

5.3.2 Reference toxicity test 

The 96 h water-only LC50 of C. triaenonyx  and G. lignorum for CdCl2 at 25 ºC and at a salinity of 

20 was 1.6 mg/l and 1.1 mg/l, respectively. These values are comparable to results obtained for 

similar species elsewhere under similar experimental conditions (DeWitt et al. 1996). 

 

5.3.3 10–day sediment toxicity test 

Mean survival in all the controls was >90%, demonstrating that the test procedures, amphipod 

handling techniques, water and control sediment were acceptable for conducting the 10-day sediment 

toxicity test, as required in the standard protocol (Swartz et al. 1985, ASTM 2008).  

 

Copper Bioassays 
The LC50 value for G. lignorum exposed to sediment Cu with concentrations ranging from 4-64 µg/g 

Cu during the 10-day sediment toxicity test, was found to be 26 µg/g Cu (Table 5.2). The LC50 value 

for C. triaenonyx during similar exposure concentrations was found to be 20 µg/g Cu. The LC10 

Variable Unit Application Start

Limits Median Min Max

Oxygen saturation % >80% >80% 80.9 77.3 81.1

pH - 7-8 7.43 7.56 7.43 7.87

Ammonia mg/l 0.8 0.8 0.85 0.7 0.9

Temperature °C 25±1 24.8 24.7 24.5 24.9

Salinity - 20±1 20.1 20 19.8 20.1

After 10 days
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values for  G. lignorum and C. triaenonyx were 17.8 µg/g and 3.3 µg/g Cu, respectively, indicating 

that C. triaenonyx was slightly more sensitive to Cu than G. lignorum. 

 

Table 5.2 LC50 concentrations for Cu and Zn in G. lignorum and C. traenonyx (µg/g) as measured 

through 10-day sediment toxicity tests. LC10 and LC90 concentrations are also shown. 

 

Body Cu concentrations in G. lignorum were found to increase with increasing sediment Cu 

concentrations (Figure 5.1). Body Cu concentrations changed significantly during exposure to 

increasing sediment Cu concentrations  (F = 28.2, p < 0.001). Body Cu concentrations were not 

significantly different between the control exposure and sediment Cu concentrations of 4 and 8 µg/g, 

but were significantly different from the control exposure at sediment concentrations of 16 µg/g and 

above (Figure 5.2). The body Cu concentrations at a sediment concentration of 64 µg/g were 

significantly different from that recorded at all other concentrations (Figure 5.1).  There was a 

significant positive correlation between sediment and body Cu concentrations (R = 0.95, t = 6.43, p = 

0.003) (Figure 5.2). 

Figure 5.1 Mean tissue Cu concentration (+1SE) in G. lignorum and sediment Cu concentrations 

measured (µg/g dry weight) after a 10-day static sediment toxicity test with exposure concentrations 

ranging from 4-64 µg/g Cu. Bars with common superscript do not differ significantly. 
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Figure 5.2 Correlation between body tissue Cu and Zn against spiked sediment Cu and Zn 

concentrations in G. lignorum after a 10-day static sediment toxicity test with exposure concentrations 

ranging from 4-64 µg/g. 

 

Zinc bioassays 

The LC50 value for G. lignorum exposed to sediment with Zn with concentrations  ranging from 4-64 

µg/g Zn, was found to be 44.6 µg/g Zn (Table 5.2). Due to the relatively high survival (60%) of G. 

lignorum at 32 µg/g Zn, the Zn concentrations of the spiked sediment for the subsequent C. triaenonyx 

sediment toxicity test was increased to 6-96 µg/g Zn. The Zn LC50 value for C. triaenonyx was 53.1 

µg/g Zn. The LC10 values for G. lignorum and C. triaenonyx for Zn was 7.4 and 3.6 µg/g Zn., 

respectively.  

 

Body Zn concentrations in G. lignorum were found to increase concurrent with the increase in spiked 

sediment Zn concentrations (Figure 5.3). Body Zn concentrations changed significantly during 

exposure to increasing sediment Zn concentrations  (F = 8.9, p < 0.001). Pairwise post-hoc 

comparison revealed that body Zn concentrations were not significantly different between the control 

exposure and sediment Zn concentrations of 4 and 8 µg/g, but were significantly different from the 

control exposure at sediment concentrations of 16 µg/g and above (Figure 5.3). The body Zn 

concentration at a sediment concentration of 64 µg/g Zn were significantly different from those 

recorded at all other sediment concentrations. Similarly, the body Zn concentrations at sediment 

concentrations of 8 and 16 µg/g Zn were also significantly different from that recorded at all other 
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sediment concentrations (Figure 5.3). There was a significant positive correlation between sediment 

and body Cu concentrations (R = 0.95, t = 6.43, p = 0.003) (Figure 5.2). 

 
Figure 5.3 Mean body tissue Zn concentration (+1SE) in G. lignorum and sediment Zn concentration 

measured (µg/g dry weight) after the 10-day static sediment toxicity test with exposure concentrations 

ranging from 4-64 µg/g Zn. Bars with common superscript do not differ significantly 

 
 
5.3.4. Emergence in G. lignorum during 10 day sediment bioassay 
 
Following the 10 day sediment bioassay, the mean percentage emergence of G. lignorum from the 

sediment increased significantly with an increase in sediment Cu (F = 37.1, p < 0.001) and with 

sediment Zn (F = 31.9, p < 0.001) (Figure 5.4). With regard to Zn, emergence increased significantly 

from zero in the control sediment, to 17.6% in 4 µg/g and 72.6 in 8 µg/g sediment (Figure 5.4). 

Highest percentage emergence was observed in the highest Zn concentration of 64 µg/g. Similarly, 

emergence in Cu spiked sediment increased significantly from the control, to 24.4% in 4 µg/g and 

68.5% in 8 µg/g sediment. Highest percentage emergence was observed in the 32 µg/g sediment, 

while there was no survival of amphipods in 64 µg/g. There was a strong but not significant 

correlation between spiked sediment metal concentrations and percentage emergence of G. lignorum 

from both the Zn and Cu spiked sediment experiments. There was no emergence from the sediment 

recorded in C. triaenonyx during the 10 day bioassays.  
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Figure 5.4 Mean emergence (%)  in G. lignorum after  a 10-day sediment toxicity test with Zn and Cu 

spiked sediment  ranging from 4-64 µg/g. Bars with common superscript do not differ significantly 

 

5.4 Discussion 
 

5.4.1 Experimental procedure 

Although the standardized methods prescribed for sediment bioassays (ASTM 2008) require 1 l 
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using 250 ml beakers and about 40 g of sediment per beaker. Ferreti et al. (2002) evaluated the effects 

of reducing the water and water volume during sediment bioassays and found that survival was 
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250 ml beakers was still much lower than nominal densities of test organisms in the field. The two 
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measured in the test beakers (8400  N.m-2; see chapter 3). 
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5.4.2 10 day LC50  

This study showed that G. lignorum and C. triaenonyx are sensitive to metal contaminated sediment, 

with Cu being more toxic to these species than Zn. A similar response was not observed in C. 

volutator, which was less sensitive to Cu than to either Zn or Cd. The Cu, Zn and Cd 96 h water LC50 

values for this species was reported to be 20.74 (16.77–25.65), 9.79 (7.41–12.92) and 9.03 (6.15–

13.26) mg/l, respectively (Bat et al. 1998). Copper is generally more toxic to aquatic organisms than 

Zn, and this has been reported for a number of amphipod species other than C. volutator (ASTM 

2008).  

 

The 10-day LC50 values determined for G. lignorum and C. triaenonyx during this study for Cu and 

Zn (see Table 5.2) corresponded favorably to that found in benthic amphipods from elsewhere, such 

as in C. volutator for which values of 36.9 µg/g and 31.9 µg/g were recorded for Cu and Zn,  

respectively (Bat and Raffaelli 1998). A 10-day LC50 value for a closely related species G. japonica of 

31 µg/g was reported in a Cu-spiked sediment (Black 2003, in King et al. 2006), while the LC50 for 

Cu in Paracorophium excavatum in New-Zeeland was reported to be 55 µg/g (Marsden and Wong 

2001). The slightly higher sensitivity of G. lignorum and C. triaenonyx during this study compared to 

C. volutator and G. japonica could perhaps be attributed to the lower salinity (salinity of 20) at which 

these tests were conducted compared to the salinity of 32 for the C. volutator (Bat and Raffaelli 1998) 

and 35 for the G. japonica (Black 2003, in King et al. 2006) bioassays. Salinity has been reported to 

affect the toxicity of trace metals to aquatic organisms, with a decrease in salinity closely related to an 

increase in toxicity (Chapman and Wang 2001). The relatively high LC50 value for P. excavatum was 

surprising, given that the test was run at a salinity of 20. In G. locusta, the 10-day LC50 value for Cu 

of 6.8 µg/g was much lower than that for other amphipods for which data could be obtained, although 

Costa et al. (1998) cautioned that toxicity of Cu in the sediment is closely related to the organic 

content and that the LC50 for Cu in this species has been shown to increase markedly with higher 

organic content. Definitive conclusions about the comparative sensitivity of different test organisms to 

trace metals in sediment should therefore ideally only be drawn by doing simultaneous experiments at 

the same salinity with the same sediment. As an alternative, 96h water only reference toxicity tests 

were introduced in an attempt to provide a standardized means of comparing the sensitivity of 

different test organisms to trace metals, and information in the literature show that these tests are a 

useful and robust means of directly comparing the sensitivity of amphipods to trace metals (ASTM 

2008).  
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Corophium triaenonyx was more sensitive to Cu than G. lignorum, but not for Zn. This relative 

sensitivity of C. triaenonyx to Cu was unexpected, as the literature indicates that Corophium 

amphipods are generally less sensitive to metal concentrations than most other groups of amphipods 

(Bat and Raffaelli 1998), including the genus Grandidierella, although the sensitivity of the latter 

group is based on one species only, namely G. japonica. In 96 h water only Cu toxicity tests, the LC50 

values of G. japonica was 1.5 mg/l, compared to 4.5 mg/l for C. colo and a very high 20.7 mg/l for C. 

volutator, indicating that these two Corophium species were markedly less sensitive to Cu than G. 

japonica. The sensitivity of G. japonica compared favorably with that of another known sensitive 

species Melita awa (0.7 mg/l). However, in a comparative study exposing several North American 

and European species to contaminated North Sea sediment, C. volutator was found to be the most 

sensitive species. This again highlights the difficulty of making indirect comparisons between species 

used in sediment bioassays that were not tested under exactly the same conditions.   

 

Results from this study showed that G. lignorum amphipods accumulated Cu and Zn in their bodies 

during the bioassay and the concentrations of the metals in the tissues increased with increasing 

concentrations of the metals in the sediment. The Cu (range 74-342 µg/g) and Zn (range 55-216 µg/g) 

concentrations in G. lignorum body tissues at the end of the 10 day test compared favorably with that 

reported for other species. Marsden and Wong (2001) reviewed the body Cu concentrations in 

amphipods and showed that in estuarine benthic species such as P. excavatum and  C. volutator, Cu 

concentrations were 90-207 µg/g and 84-550 µg/g, respectively. Body Zn concentrations in C. 

volutator were reported to range between 79-303 µg/g (Bat and Raffaelli 1998). In a species regarded 

as sensitive to trace metals, M. awa,  Cu and Zn tissue concentrations increased from 110 to 330 µg/g 

Cu and from 110 to 370 µg/g Zn over the 10-d exposure period (King et al. 2006), which in the case 

of Cu was remarkably similar to that recorded in G. lignorum during this study. In sediment toxicity 

tests exposing a series of amphipods to Cu and Zn spiked sediment, it was reported that a closely 

related species, G. japonica, was the species to consistently accumulate the highest concentrations of 

Cu (390 ± 60 µg/g) and Zn (330 ± 34 µg/g) relative to the control sediment of the eight species tested 

(King et al. 2006). In these experiments, G. japonica was also shown to be substantially, but not 

significantly, more sensitive to sediment Cu and Zn than two Corophium species, Chaetocorophium 

lucasi and C. colo.  Bryan (1976) also reported C. volutator to be a relatively Cu-tolerant species, both 

in laboratory experiments and in contaminated field conditions and questioned the suitability of this 

species as a test organism for Cu contaminated sediments. The accumulation of Zn in G. lignorum 

during this study was considerably lower than that reported for M. awa and for G. japonica. In a 

comparative study of Cu and Zn accumulation in a decapod, an amphipod and a barnacle, it was found 

that the amphipod, Echinogamarus pirloti, accumulated Cu and Zn in a similar fashion but at a lower 

rate to that observed in the barnacle, which is generally believed to be the organism with the highest 
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rate of metal accumulation without any excretion (Rainbow and White 1989). The ability to 

accumulate trace metals during exposure to contaminated sediments is one of the primary 

requirements in sediment bioassay test organisms, and results from this study have clearly shown G. 

lignorum to be sensitive to and accumulate bioavailable Cu and Zn in sediment. 

 

5.4.3 Reference toxicity test 

In the reference toxicity test (96 h Cd LC50 water only), G. lignorum (1.1 mg/l) was more sensitive 

than C. triaenonyx (1.6 mg/l) to Cd. Comparative data show that the sensitivity of G. lignorum and C. 

triaenonyx to the reference toxicant compared favorably to that reported for closely related species, 

this being indicative of the relative sensitivity of the two species to contaminants. The LC50 for G. 

japonica was reported to be 1.17 (0.94-1.46 mg/l) (ASTM 2008). Lee et al. (2005) reported the LC50 

for G. japonica to range from 1.2-3.1 mg/l, while for Monocorophium acherusicum, is was slightly 

less, ranging from 0.7-1.4 mg/l. For C. orientale, from two distinct clean areas in France, the LC50 was 

reported to be considerably higher at 4.28 (2.96–5.63 mg/l) and 2.91 (2.09–3.73) mg/l, respectively 

(Onorati et al. 1999), while for C. volutator from the Netherlands, the  LC50 ranged from 1.85 (1.27–

2.69) to 5.30 (3.72–7.54) mg/l (Ciarelli 1994). In Gammarus locusta, a relatively low LC50 of 0.85 

mg/l (0.43-1.64) was argued to suggest that the species is a possible suitable alternative to commonly 

used less sensitive test species such as C. volutator (Costa et al. 1998). For R. abronius and 

Leptocheirus plumulosus, two species very commonly used in sediment toxicity testing in the USA 

and regarded as very sensitive to sediment contaminants, the  LC50 was reported to be 1.92 (1.47–

2.51) mg/l and 1.06 (0.85–1.33) mg/l, respectively (ASTM 2008). In C. lucasi, the LC50 value was 1.2 

mg/l, which is very close to that reported for G. lignorum in this study. Of particular interest is that 

the 96h LC50 value in this amphipod was found to be very similar to that measured in the 10 day in 

situ toxicity test, this being indicative of the ecological relevance of the sensitivity of the amphipod to 

the reference toxicant (DeWitt et al. 1996). Other species such as Eohaustorius estuarius were 

reported to be less sensitive, with a LC50 value of 9.33 (7.20–12.09) mg/l (Lee et al. 2005). The 

sensitivity of G. lignorum and C. triaenonyx to the reference toxicant thus lies within in the range 

displayed by the more sensitive species mentioned above, notably that of G. lignorum, which closely 

paralleled that of G. japonica. As seen in C. triaenonyx, C. orientale and C. volutator, amphipods of 

the genus Corophium generally seem to be less sensitive to trace metals when compared to other 

species used in sediment bioassays. As the purpose of the reference toxicity test is to measure the 

relative sensitivity of a test species to a universally used toxicant under standardized conditions, it can 

be concluded that G. lignorum in particular, but also C. triaenonyx, are suitable candidates as test 

organisms for sediment bioassays, based on the relative sensitivity of these two species to Cd.   
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5.4.4 Emergence 

In the 10 day toxicity tests, G. lignorum displayed avoidance behavior to contaminated sediment by 

emerging from the sediment. The percentage emergence in this species increased significantly with an 

increase in trace metal concentration, whereas all amphipods remained in their burrows in the control 

sediment. This sub-lethal behaviour has been reported in a number of other amphipods used in 

sediment bioassays (Mearns et al. 1986) and  is regarded as a behavioural means of reducing exposure 

to metal in the sediment (Bat and Raffaeli 1998).  Rhepoxynius hudsoni has been shown to emerge 

throughout 10 days of exposure to sediment containing 8.09 and 9.34 µg/g Cd, with a 68% emergence 

in Cd concentrations of 12 µg/g (Swartz et al. 1985).  In C. volutator, a 25% emergence was recorded 

in sediment containing 30 µg/g Cu (Mearns et al. 1986). Bat and Raffaeli (1998) reported that in this 

species, emergence increased with increasing metal concentrations indicating that the contaminants 

had a sub-lethal effect. Few C. volutator amphipods emerged from clean (control) sediment, whereas 

many amphipods emerged from contaminated sediment. This behavior is similar that found during the 

present study, with G. lignorum emerging from all but the control sediments. Emergence behavior is 

not reported for all species, as P. excavatum was found to remain mostly buried in the sediment 

during a 10 day exposure to Cu, with a maximum emergence of 2.1% in 85 µg/g Cu (Marsden and 

Wong 2001). Compared to other amphipods, G. lignorum during the present study was found to 

emerge in large numbers at relatively low trace metal concentrations,  with emergence of 68% and 

72% being recorded at a Cu and Zn concentration of 8 µg/g, respectively. In addition, emergence in 

this species increased very rapidly in Cu and Zn exposure concentrations between 4 to 8 µg/g, at 

which point survival after 10 days was still more than 70%. This implies that emergence from 

contaminated sediment in this species is a sensitive sub-lethal measure of sediment toxicity of trace 

metals at relatively low contaminant concentrations. Future studies should focus on emergence as an 

ecologically relevant endpoint in risk assessments of potentially contaminated sediment.  

 

In this regard, survival is typically the chosen endpoint in 10-day sediment toxicity tests. In recent 

years, however, the development and application of bioassays has also shifted from short-term assays 

focusing merely on mortality towards long-term exposures in which sublethal effects such as 

reproduction and growth at lower contaminant concentrations are the main endpoints (Scarlet et al. 

2007, Kennedy et al. 2009). While short-term bioassays are still a valuable tool, chronic bioassays are 

considered to be more sensitive to pollution (Gale et al. 2006). It can thus be used to predict more 

subtle effects on a population level and can therefore provide a greater degree of environmental 

protection (Rainbow 2007). As a result, chronic bioassays are often considered to be an ecologically 

more relevant tool for risk assessment (Marsden 2002, Gale et al. 2006, van den Heuvel-Greve et al. 

2007). 
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5.4.5 Ecological relevance  

In C. volutator, a species commonly used in European sediment bioassays (Re et al. 2009), most 

surviving amphipods  were capable of burrowing normally at the end of a 10-day exposure period, 

once removed from the source of contamination. Bat and Raffaelli (1998) considered this as clear 

indication that C. volutator is a robust species capable of surviving quite high levels of sediment 

contaminants and remarked that the relative low sensitivity of the species to contaminants may be 

related to their tubiculous habits. In contrast to the burrowing R. abronius, which is notably more 

sensitive to contaminants, the tube dwelling C. volutator is mostly exposed to overlying water which 

is pumped through the burrow so that regular contact between the amphipod and the sediment is 

thought to be limited, thereby reducing direct exposure to particle-bound contaminants in the 

sediment. Burrowing amphipods such as R. abronius are thought to experience more direct exposure 

to sediment bound contaminants (Bat and Raffaelli 1998, Simpson and Batley 2007). Both G. 

lignorum and C. triaenonyx are tubiculous amphipods and are therefore less exposed to sediment 

contaminants than burrowers, but at the same time, they feed on microalgae, particularly diatoms, that 

are gleaned from the surface of sediment and detritus particles and in that way they are continually in 

close contact with the sediment and detritus. They also ingest organic and inorganic particles <60 µm 

either by deposit feeding or suspension feeding (Icely and Nott 1985). Observations in the laboratory 

have shown that G. lignorum in particular regularly extend the upper parts of their bodies out of the 

tubes to grab sediment particles which they drag into their tubes and glean with their gnathopods and 

mouthparts to remove the microalgae (Vivier pers obs.). Corophium triaenonyx, using the well 

adapted row of long setae on their first gnathopods, spent much more time suspension feeding than G. 

lignorum, by creating a strong water current through their tubes with their pleopods and as such are 

probably less frequently in direct contact with the contaminated sediment than G. lignorum. King et 

al. (2006) reported that the relative insensitivity of C. colo to metal-spiked sediments was related to it 

being predominantly a suspension-feeder, whereas deposit feeders and macroalgae grazers were more 

sensitive to and also accumulated the higher amounts of Cu and Zn in their body tissues. The relative 

insensitivity of C. orientale to contaminated harbour sediment was also linked to its suspension 

feeding lifestyle with limited direct contact with contaminated sediment. In this species, only those 

chemical fractions released into solution in the water column were shown to cause mortality under 

laboratory conditions and therefore the species may be suitable to assess sediment toxicity of samples 

containing soluble contaminants rather than sediment bound contaminants (Onorati et al. 1999). 

Simpson and Batley (2007) recently reviewed the approaches available for predicting metal toxicity in 

sediments. They highlighted the difficulties to produce a ‘one-size-fits-all’ approach for benthic 

species toxicity assessment according to the diversity of modes of life of animals living in contact 
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with sediments. Simpson and Batley (2007) urged that a better undertanding of the toxicity of 

sediment to benthic organisms can only be achieved by distinguishing between different exposure 

pathways and taking into account the role played by metal accumulation dynamics and the process of 

detoxification. Using a multipathway bioaccumulation model that accounts for uptake from solution 

and food, the organism’s exposure to metals or net uptake can be determined (Simpson and Batley 

2007, Casado-Martinez et al. 2010).  

 

 Tubiculous amphipods have been shown to cause extensive bioturbation of the sediment where they  

occur in large numbers through their tubiculous nature. This only brings them into regular contact 

with contaminated sediment, but also increases the flux of trace metals from the water into the 

sediment (Peterson et al. 1998, De Deckere  et al. 2000). Corophium volutator has been found to 

increase Cd concentrations 3-6 times in the upper 2 cm of the sediment due to their activities, while 

the polycheate Arenicola marina actively caused Cd transport down to at least 10-13 cm in the 

sediment (Peterson et al. 1998). In addition, the sediment immediately around the tubes of the 

polycheate Nereis diversicolor have been found to be high in trace metals which are thought to readily 

adsorb onto the mucus linings of tubes. Peterson and Kristensen (1998) also mentions that in some in 

nematodes, the mucus lining of their tubes have been found to have a high ability to bind and adsorb 

heavy metals. Nereis diversicolor increase the flux of arsenic and Zn from contaminated sediments 

into the overlying water through their burrowing and tube-building activities in the sediment (Riedel 

et al. 1989). This information suggests that  a tubiculous nature does not necessarily limit exposure of 

the organisms to sediment bound metals, although a higher frequency of suspension feeding, as seen 

in C. triaenonyx, will expose the organism more frequently to contaminants in the water. Knowledge 

of the burrowing and feeding habits of test organisms is therefore important in assessing their 

suitability as bioindicators of sediment contamination, which in the case of G. lignorum in particular, 

has shown that it is a valuable addition to the array of potential organisms that can be used in 

sediment bioassays.  

 

Rainbow (2007) provided a detailed review of trace metal accumulation patterns in aquatic 

invertebrates, notably crustaceans. As suggested by Rainbow (2007), knowledge of accumulation 

patterns is a prerequisite to understanding why aquatic invertebrates accumulate trace metals to such 

different body concentrations. All aquatic invertebrates accumulate trace metals in their tissues, but to 

varying degrees. Thus, aquatic invertebrates living in the same habitat under similar conditions may 

well have very different body concentrations of trace metals (Luoma and Rainbow 2005, Simpson and 

Batley 2007). Decapod crustaceans for example are known to regulate body concentrations of metals 

to a large extent, whereas some other crustaceans, most notably the barnacles, accumulate most trace 

metals without any significant excretion (Rainbow and White 1989, Rainbow 1997, 2007). This 
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implies that crustaceans such as barnacles will suffer from the toxic effects of the accumulated trace 

metals when the bioavailability of the metal is such that the rate of uptake exceeds the rates of 

detoxification (Rainbow 2007). At this point, the concentration of bioavailable  metal will pass the 

critical threshold, with lethal consequences, even though it represents only a small portion of the total 

concentration of the metal in the body (Simpson and Batley 2007, Re et al. 2009). The lack of any 

form of excretion of accumulated trace metals makes barnacles the ultimate bioindicator of 

contamination, as their body tissues reflect the full fraction of bioavailable metal in the environment. 

Barnacles are unfortunately, by nature,  not closely associated with bottom sediments, whereas 

benthic amphipods are known to have a close association with sediment due to their burrowing and 

feeding habits, making them more suitable indicators of contaminated sediments (Chapman 1998, 

Rainbow 2007). Amphipods have been reported to be net accumulators of trace metals, but some 

excretion of accumulated metal, such as Cu, Zn and Co, takes place through the excretion of metal 

rich granules from the detoxified store in the body (Rainbow 2007). These metal rich granules are 

formed and stored in the ventral caeca and eventually passed out through the alimentary canal. The 

total body concentration of metal therefore still reflects the amount of bioavailable metal associated 

with the sediment, making amphipods suitable bioindicators of trace metal bioavailability (Rainbow 

and White 1989). This explains the close correlation between body and sediment metal concentrations 

observed in G. lignorum in the present study and confirms the suitability of the species as a 

bioindicator of trace metal bioavailability. In order to predict toxic effects, the dynamics of metal 

exposure and assimilation  and the site and mode of toxicity within the organism need to be 

understood. Recent advances in our understanding of accumulation dynamics of metals in aquatic 

invertebrates were offered by the application of biodynamic modeling, which takes into account the 

importance of different exposure pathways in metal accumulation (Luoma and Rainbow 2005, 

Casado-Martinez et al. 2010). Biodynamic-based models show great promise for interpreting metal 

accumulation by organisms with multiple exposure pathways (Simpson and Batley 2007). This is 

supported by Pastorinho et al. (2009), who concluded that there is a significant uptake and 

accumulation of metals such as Cu and Zn within the exoskeleton of amphipods, which though adding 

to the full body burden would add little to toxicity through lack of bioavailability. 

 

There are a number of non-contaminant factors that may influence amphipod survival in sediment 

toxicity tests, of which the most important are sediment particle size, salinity, oxygen saturation and 

ammonia concentrations (ASTM 2008). These have to be taken into account in the interpretation of 

the test results. Ammonia concentrations during this study (0.7-0.9 mg/l) remained at or just above the 

applications limit of 0.8 mg/l specified for estuarine amphipods in acute sediment toxicity tests and 

could potentially have influenced the test results (ASTM 2008). Ammonia, particularly the un-ionized 

form (NH3), is acutely toxic to most aquatic organisms (Kohn et al. 1994), with the tolerance limit 
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ranging from 0.07 mg/l in some freshwater fish to 19.1 mg/l in the oyster Crassostrea virginica. 

Although no information is available on the ammonia tolerance range of the two test organisms, the 

LC50 for un-ionized ammonia in G. japonica and E. estuarius (salinity of 30) was reported to be 3.35 

and 2.49 mg/l, respectively, which is considerably higher than the maximum of 0.9 mg/l recorded 

during this study. The ammonia concentrations of 0.7-0.9 mg/l recorded during this study are 

therefore not believed to have influenced the outcome of the sediment toxicity tests, although this will 

have to be verified in further studies. In fact, the relatively high tolerance of G. japonica to ammonia 

was thought to be advantageous to the species when used as test organisms in sediment bioassay. 

Since ammonia is an important pollutant in benthic environments, it is often attributed to being a 

confounding factor in sediment bioassays and as such, a low sensitivity to ammonia, as seen in G. 

japonica, will increase the interpretive relevance of the test result. 

 

Conditions under which the toxicity tests were conducted during this study, viz. at 25 °C and a salinity 

of 20, are considered to be suitable for acute toxicity tests using these estuarine amphipods. Although 

G. lignorum has been shown to prefer the low salinity upper reaches of estuaries (Vivier and Cyrus 

1999a), Connell and Airey (1979) conducted life-cycle bioassays with G. lignorum at salinities of 25 

to determine the sub-lethal effects of marine pollutants. These authors found that reproduction and 

survival in G. lignorum were not affected at the relatively high salinity of 25 and that healthy cultures 

of the amphipod were maintained for more than a year. Grandidierella lignorum and C. triaenonyx 

have both been found to have a wide tolerance of sediment grain size and salinity, with both species 

being recorded in estuarine as well as freshwater environments (Boltt 1969, Cyrus and Martin 1988, 

Vivier and Cyrus 1999a, Vivier and Cyrus 1999b). Connell and Airey (1979) concluded that G. 

lignorum has significant potential as indicator species in sediment toxicity tests, notably for sediment 

contaminated with fluoride, due to its relative sensitivity to contaminated sediments, its abundance 

and wide distribution in many estuaries along the east coast and its wide tolerance with regard to 

salinity. These results were confirmed during the present study. 

 

In this regard, further studies should also focus on G. bonnieriodes, a common amphipod in larger, 

more marine dominated east coast estuaries (Mabaso 2002), which has a circum-tropical distribution 

and has potential as a sediment toxicity test species. The species occurs commonly in the 

contaminated Port of Richards Bay and therefore the development of sediment toxicity tests using this 

species will be directly relevant to determining the potential ecological risk associated with 

contaminated sediment in the port. The species does not occur in the Nhlabane Estuary (Vivier and 

Cyrus 1999a) and was therefore not selected as a test organism during this study.  
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5.4.6 Amenability 

Results from the 10 day toxicity test indicate that G. lignorum is a useful test organism for the 

evaluation of contaminated sediments. Acute sediment toxicity tests are feasible with the species and 

are sensitive to sediment contaminant levels.  Grandidierella japonica, a common species in tropical 

brackish lagoons in different parts of the world, which appear to have very similar habitat 

requirements as G. lignorum, and can also tolerate a variety of sediment types (sands, silts, or clays) 

and other environmental conditions such as temperature and salinity, has also been indicated as being 

a suitable test organism for sediment toxicity testing (Nipper et al. 1989, Han et al. 2005, Lee et al. 

2005). An interlaboratory comparison indicated than the 10-day survival response of G. japonica was 

similar to that of R. abronius, an amphipod regarded as highly sensitive to contaminated sediments 

and widely used in sediment toxicity tests (Nipper et al. 1989). The ASTM (2008) concluded that G. 

japonica is a suitable test species as its tolerance to a variety of sediment types gives broad 

application for the use of the species in regulatory applications. Nipper et al. (1989) remarked that the 

sediment bioassay with G. japonica has definite ecological relevance as the results from this species 

complement the bioassays done for other species such as R. abronius due to differences in life history 

characteristics and the relative tolerance of Grandidierella species to sediment type and salinity. 

These authors recommended that the development of sediment bioassays with congeners of G. 

japonica should be encouraged as it would facilitate the application of amphipod test methods for 

sediment toxicity testing, as the genus occurs throughout the world. In the only other bioassay to date 

using G. lignorum,  Connel and Airey (1982) tested the chronic effect of fluoride on G. lignorum and 

a closely related species, G. lutosa. They concluded that these two species are suitable test organisms 

for fluoride toxicity. In a comparative test using these amphipods, turbellarians and copepods, the 

amphipods were shown to be most sensitive to ecologically relevant fluoride concentrations. These 

authors also commented on the suitability of these amphipods as test organisms due to the ease of 

maintaining healthy cultures, their apparent tolerance to a range of salinities and sediment types as 

well as the ease of handling the amphipods. The same was observed during the present study as it was 

found that G. lignorum was easy to breed, they required little maintenance and they were generally 

easy to handle during the experimental setup. In contrast, it was found that the second species used in 

the bioassays, C. triaenonyx, presented a bigger challenge as they were less amenable to laboratory 

testing,. They were considerably more difficult to breed and maintain in the laboratory, they appeared 

more sensitive to water quality and it was considerably more difficult to extract them from their tubes. 

It was found that often the amphipods would only leave their tubes when forced to do so by exposure 

to air, the effect of which must be assessed during further studies. In addition to more research being 

required to further develop the sediment bioassays with G. lignorum and C. triaenonyx, it is advised 

that a species closely related to the former, G. bonnieroides, also be evaluated as a potential sediment 
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test organism. This species has a circum-tropical distribution and occurs widely in marine dominated 

estuarine systems in southern Africa, where it often forms a dominant component of the benthic 

community. Since it occurs more frequently in larger, higher salinity systems,  it has potential as a test 

organism in industrial influenced systems such as Richards Bay and Durban Bay Harbours.   
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6. General Discussion 
 

6.1 Freshwater input and estuarine integrity 

 
Since the ecological importance and value of estuaries are often not appreciated, the management of 

estuaries in South Africa during the past decades has been inadequate and never a priority (Allanson 

and Baird 1999). Lack of management and priority research generally meant that estuaries have been 

subject to increasing adverse pressures, both indirectly from the effects of catchment utilization, 

which affect their water supply, and directly from the increasingly industrial and residential 

development along the coastal zone (Breen and McKenzie 2001).  As a result of all of these pressures, 

many South African estuaries have become functionally degraded, and this has frequently been 

accompanied by a loss of species (Allanson and Baird 1999).  

 

The locality of the Nhlabane system in a forestry dominated catchment means that the system does 

not yet suffer from the same fate as do most other estuaries around the world, i.e. industrial and 

residential encroachment, organic and inorganic chemical contamination and excessive nutrient 

loading. There is relatively little input of industrial chemical and solid waste,  agricultural fertilizer, 

and sewage related nutrients into the system. Huizenga and Van Niekerk (1998) considered the low 

nutrient levels in the estuary to be due to the absence of allochthonous nutrient input through 

freshwater inflow, demonstrated in the low nitrate and phosphate concentrations at the weir.  Results 

from this study also showed that trace metal concentrations in the water and sediment were low and 

within environmentally acceptable levels. 

 
The future health of South Africa’s estuaries is dependent on two main interrelated factors: their direct 

management and the quantity and quality of freshwater inputs (Hay and McKenzie 2005). Very little 

consideration has been given to either in the past, but both of these aspects are currently under review 

in South Africa. The management of estuaries now falls under Marine and Coastal Management 

(MCM), Department of Environment Affairs, and is regulated by the Marine Living Resources Act 

(Act 18 of 1998), while their water allocation is controlled under the new National Water Act (Act 36 

of 1998). Through the new Water Act, the Resource Directed Measures (RDM) was created as a legal 

framework to ensure a freshwater supply or ‘Reserve’ for estuaries to maintain their ecological 

functioning. Since the initial RDM methods were published, the process has been revised and an 

updated version of the RDM procedures for estuaries has been published (DWAF 2004), detailing the 

step by step process of setting the Reserve for estuaries. A detailed conceptual framework stipulating 

the monitoring procedures to be followed after the Reserve for an estuary has been implemented was 

also designed by Taljaard et al. (2003).  Further recent advances in estuarine management in South 
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Africa include a detailed assessment of the conservation importance of our estuaries (Turpie et al. 

2002, Turpie 2004), a water quality index for estuarine water quality management (Wepener et al. 

2006) and a procedure guide for managing estuaries in South Africa (Hay and McKenzie 2005). 

Considerable advances have thus been made at the policy making level for estuarine management in 

South Africa, but the implementation of these policies is sadly lacking far behind.   

 

Various studies have explored the importance of freshwater for estuaries and have shown that the 

timing, frequency, and magnitude of freshwater flows are critical features of estuarine biotic 

productivity (Currie and Small 2005, Whitfield 2005, Flemer and Champ 2006, Whitfield and Bate 

2007). Since much of the high biological variability in estuaries may be attributed to variations in 

freshwater flow, it is increasingly recognised that the natural dynamics of estuaries are vulnerable to 

upstream water extraction and diversion processes and that large-scale anthropogenic modifications of 

freshwater inflow to estuaries are threatening the existence of estuarine habitats. In some catchments 

in South Africa, the storage capacity of reservoirs exceeds the annual runoff from rivers feeding them 

(Schlacher and Wooldridge 1996, Whitfield and Bate 2007). As the ecological consequences of 

severely reduced river inflow on estuarine systems are predictably negative, it is imperative that water 

management plans incorporate a comprehensive assessment of down-stream effects. In particular, 

regulatory processes should consider the economic, social and environmental costs associated with 

reduced estuarine biodiversity and fisheries productivity (Currie and Small 2005).  

 

Construction of the Nhlabane weir deprived the Nhlabane Estuary of adequate freshwater. In an 

assessment of the effect of the weir on the hydrodynamics of the estuary, Huizenga and Van Niekerk 

(1998) reported that, prior to weir construction in 1978, flow from the catchment would have ensured 

that the system breached naturally at least once per year. During most years one or two breachings 

would have occurred and the mouth would rarely have been open four times or more per year, 

although during drought periods the mouth probably stayed closed for over a year. During post-

construction years, contrastingly, the weir overtopped only infrequently and as a result, the estuary 

was deprived of direct freshwater inflow for extended periods of time.  The Nhlabane weir therefore 

changed the natural flow regime of the system, with no breachings over the four year period 1991-

1995, while during 1998 and 1999, the mouth breached at least eight times. As seen during this study, 

the estuary will not breach by itself unless it receives inflow from the lake, but during below average 

rainfall periods, rainfall from the catchment is first absorbed by the lake. The lake needs to fill up 

before it will overtop into the estuary. Abstraction of water from the lake for mining purposes 

aggravates the situation, inhibiting any chances that the estuary would breach during any period of 

below average rainfall. In 1999, RBM raised the level of the weir to 6m amsl, which as shown during 

this study, resulted in even more water deprivation for the estuary. 
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Seepage around the weir and from the surrounding dunes is insufficient to allow the system to breach 

under these conditions and the estuary mouth remained closed from July 1991 to August 1995. The 

mouth was artificially breached in August 1995, after which above average rainfall allowed the 

estuary mouth to open more frequently. This assisted in re-establishing a salinity gradient in the 

system and contributed largely towards improving estuarine habitat quality. The functioning of the 

estuary and the state of its biotic communities are therefore largely dependent on the maintenance of 

the estuarine-marine link, which in turn are directly related to freshwater input from the lake. As 

shown in this study, the benthic community gradually recovered after the mouth was breached in 

1995. Recovery is, however, a long process and the benthic recovered to pre-drought conditions in 

1998 and 1999. 

 

6.2 Ecotoxicological status 

Ecotoxicological assessments of coastal regions have increasingly integrated data on measures of 

sediment chemistry, toxicity and benthic invertebrate assemblage to best explain  sediment quality in 

estuaries (Chapman et al. 1997, Chapman 2007a).  This resulted in the development of the Sediment 

Quality Triad (SQT), a conceptual framework for collecting synoptic measurements of sediment 

chemistry, toxicity and benthos, and the use of these measurements collectively to assess relative 

sediment quality (Chapman 1990). The SQT consists of three components: sediment chemistry, which 

measures contamination; sediment bioassay, which measures toxicity; and in-situ determination of the 

benthic community structure to measure alteration due to contamination. The information provided by 

each component is complementary as all three measures are essential for determining sediment 

quality, in terms of the integrated accumulation of contaminants in sediments and of biological 

responses. The basic principle of the SQT was applied during this study in that sediment chemistry, 

bioassays and benthic assemblages were used to measure estuarine habitat integrity in terms of water 

and sediment quality in the Nhlabane Estuary.  Results from this study showed that trace metal 

concentrations in the water, sediment and amphipod body tissues in the Nhlabane Estuary were lower 

than South African and international target values for coastal ecosystems, indicating that the Nhlabane 

Estuary was uncontaminated. The study also showed that local amphipods, notably Grandidierella 

lignorum, were suitable test organisms that could be used in sediment toxicity testing from 

contaminated estuarine areas. The relatively low trace metal concentrations in the water, sediment and 

body tissues recorded during this study also suggest that the Nhlabane Estuary would be a suitable 

reference site in future toxicity assessment of regional estuarine areas. The use of a reference area of 

suitable habitat quality is considered as a critical component in toxicity studies on aquatic ecosystems 

(Chapman 2007a). 
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6.3 Sediment toxicity test development in South Africa 

Because of increasing industrial and recreational demands on coastal areas, especially estuarine 

environments, there is an increase in habitat deterioration and pollution. This affects faunal 

communities, through direct contact of organisms with contaminated sediment or by resuspension of 

contaminated particles into the overlying water (Rainbow 2002, Bat 2005).  When introduced into the 

estuarine and marine environment, organic and inorganic contaminants, particularly heavy metals, 

eventually accumulate in sediment. Toxicity tests, particularly sediment toxicity tests, have been 

shown worldwide to be an appropriate way of increasing our understanding of the sensitivity of 

organisms to contaminated sediments and also have the advantage of being a time-integrated measure 

of the supply of the bioavailable fraction of a contaminant, which can be very different from the total 

amount present in the environment (Chapman and Wang 2001, Bat 2005). It is the bioavailable 

fraction only that is potentially toxic and of ecotoxicological relevance in biomonitoring studies of 

contaminated sediments (Rainbow 1995). This ecotoxicologically relevant fraction can be measured 

unambiguously through sediment toxicity tests. Such tests are now used widely to establish 

geographical and/or temporal variations in the bioavailable concentrations of heavy metals in coastal 

and estuarine waters (Rainbow 1995).  

 

South Africa has experienced an accelerated growth in its economy over the past decade which has 

resulted in an increase in the demand for bulk cargo and container handling capacity throughout South 

African ports. As an example, the Port of Richards Bay, the largest deep-water port in South Africa 

built  largely for the export of coal,  is set to enter a long-term expansion phase that will see a three-

fold increase in surface area and five-fold extension of existing quay length over the next 40 years. 

Despite being an important shipping facility for the import and export of bulk cargo, the port still 

serves as a fully functional estuary and contains ecologically highly important habitats for aquatic 

fauna. Richards Bay and the adjacent Mhlathuze Estuary have been shown to be of particular regional 

importance because between them they offer almost the complete range of habitat types found in tidal 

reaches of subtropical South African estuaries (Forbes et al. 1996, Weerts 2002). The port typically 

plays an important role in the life histories of many marine species that associate with estuaries at 

some stage in their life, by acting as nursery area for juveniles of many marine species (Weerts et al. 

2003). Port environments, such as Richards Bay, are amongst the most susceptible to contamination 

as many port and industrial associated operational activities have the potential to introduce 

contaminants to the estuarine environment. Storage, handling and spillage of unprocessed materials, 

especially metal ores, are particularly problematic. A variety of approaches can be used to evaluate 

the hazard posed by contaminated sediments to ecological receptors. These approaches include water 

and sediment chemistry measurements, sediment toxicity tests, benthic invertebrate community 
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surveys, and active bioaccumulation assessments (Rainbow 2002). Water and sediment chemistry data 

by itself are of limited value, unless such data can be linked to biotic responses or observed adverse 

biological effects,  thereby providing an efficient means for evaluating the ecological risk of sediment 

contamination (EPA 2005). Throughout the world, sediment toxicity tests are increasingly being used 

as important and relevant monitoring tools to assess the ecological risk associated with the potential 

toxicity of contaminated sediment. South Africa, unfortunately, is far behind the rest of the world in 

developing and incorporating sensitive sediment bioassays into biomonitoring programs. This study 

has shown that the amphipods G. lignorum and C. triaenonyx have potential to be used in assessments 

of sediment toxicity in estuarine environments, although further research is needed to address some 

issues related to laboratory procedures. In addition, much needed research must be done on other 

potentially suitable amphipod species, such as G. bonnieroides, in order to increase the array of 

suitable test organisms that can be used under different environmental conditions to assess the 

ecological relevance of sediment toxicity in our ever increasingly contaminated estuarine areas. 

 

6.4 Long-term Monitoring  

Because of their dynamic nature, the faunal composition of an estuary may vary considerably at 

spatial scales ranging from a few meters to a few kilometers and temporal scales of hours to years. 

Long-term monitoring programmes are essential for defining long-term trends of environmental 

degradation. Unfortunately, few monitoring programmes worldwide have studied long-term (>3 

years) changes in soft-sediment estuarine benthic communities related to human induced pressures, 

mainly due to the expense associated with the collection, processing and analyses of benthic infauna 

and toxicological samples. Truly long-term data sets with high spatial and temporal replication are 

therefore rare but invaluable in determining long-term trends in estuarine biotic integrity. 

Understanding long-term temporal and spatial change in invertebrate community structure, and the 

abiotic and biotic factors underpinning them, is essential to the better understanding and management 

of estuarine ecosystems. In an assessment of the state of scientific knowledge of South African 

estuaries, Whitfield (2000) concluded that, of the 250 systems assessed, the state of information on 

68% of the estuaries was “nil” to “poor”. Of the remaining estuaries, the state of information of 22% 

was classified as “moderate” while only 10% were regarded as having “good” or “excellent” 

information. Thus the necessary baseline information for most estuaries does not exist that would 

permit effective management of coastal resources. There is therefore an urgent need for information to 

be collected on the ecological functioning of these estuaries through monitoring of key elements.  

This study formed part of a long-term eight year investigation into the water quality, biota and 

ecotoxicology of the Nhlabane Estuary, which in the future will prove invaluable in our understanding 

of the ecological functioning of the system and in assisting estuarine managers to make decisions 
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based on sound scientific data if it can be continued. There is however a need for such long-term 

monitoring of the estuary to continue, given the ecological importance of the Nhlabane Estuary on the 

one hand and the adverse effect of continued freshwater deprivation due to the weir on the other hand. 

 

6.5 Ecological Integrity and Management options 

In an Estuarine Flow Requirement (EFR) study, which forms part of the Ecological Reserve 

Determination process for aquatic ecosystems in South Africa (Quinn 1999), water allocations were 

determined for the Nhlabane Estuary for drought flows during dry spells and maintenance flows 

during normal rainfall periods. The reference state for the Nhlabane Estuary was considered to be the 

pristine condition of the estuary, in other words, the state of the estuary prior to the construction of the 

weir and any alteration in freshwater flow patterns or volumes. Under these conditions the estuary 

was considered to be part of an estuarine lake (Whitfield 1992). As a clear estuarine lake, the 

Nhlabane was considered an important estuary due to its rarity of type, and because of its 

geographical location (35 km from the nearest adjacent estuary), it was considered to have high 

importance locally (Quinn 1999). The macrobenthos component of the system was considered to be of 

high importance, mainly due to the high densities of certain benthic organisms, while five endemic 

species at a national level were recorded in the estuary. These included Ceratoneries keiskamma, 

Grandidierella lignorum, Bolttsia minuta, Lepthanthura laevigata and Hymenosoma orbiculare. 

 

Table 6.1 Assessment of present state for the Nhlabane Estuary, as determined through the Estuarine 

Flow Requirement (EFR) study in 1999 (from Quinn 1999). 

 
 

COMPONENT 
 

 

 
RATING & 

CONFIDENCE (%) 

 

 
RATIONALE 

 

 
   

Physical D  60 • considerable changes have taken place 

Water quality B 80 • clearwater sytem, small number of localised impacts 

Vegetation C 60 • only lower basin significant 

Zooplankton 
Zoobenthos 

E 80 
E 80 

• extensive loss of habitat (80%) 

Macrocrustacea E 80 • extensive loss of habitat (80%) 

Fish E 80 • extensive loss of habitat (80%) 

Birds D 80 • extensive loss of habitat (80%) 

OVERALL 
SCORE 
 
 

 

D/E 
without fishway 

C 
with fishway 

 

Despite being an important system, the Nhlabane has been 
significantly impacted by development. However should the 
fishway work, the link with the lake will be established and most of 
the above components would be increased to a C category  
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Based on the present status of the estuary relative to the pristine condition of the reference state, the 

estuary was classified as a D/E category estuary, corresponding to a seriously to largely modified 

system (Table 6.1). The EFR study recommended the establishment of base flows throughout the year 

and a permanent connection with the sea through the construction and management of a fish ladder 

across the weir, that the provision of flood events and freshets should emulate natural conditions and 

that during droughts the system be permitted to close for a year, but that this was only acceptable 1 

year in 3. It was also recommended that mechanical breaching was required if the system remained 

closed for more than a year, and openings should coincide with spring and autumn equinoxes (Quinn 

1999).   

 
Since the EFR study was completed and the environmental flows determined for the Nhlabane  

estuary, little has, however, been done to improve the ecological integrity of the system. The 

recommended environmental flows for the estuary have not been implemented by DWAF and no 

allocation of water is allowed for the Reserve for the estuary as abstraction of water from the lake is 

still causing water levels in the lake to be consistently below overflow levels. Primarily due to this 

reason, the estuary has been closed from 2004 to present as there has been no outflow over the weir. A 

fish ladder was built across the Nhlabane weir, but operation of the weir is entirely dependent on 

water levels in the lake (Mastenbroek 2002) and as such, the fish ladder has not been in operation 

since 2004.  

 

Results from this and previous studies show that the Nhlabane Estuary, once regarded as one of the 

most pristine estuaries along our coastline (Begg 1978), has been adversely affected by human related 

actions to the point where it ceases to be a functional estuary for periods of time extending over a 

number of years (Vivier and Cyrus 1999b). Although this study has shown that the ecotoxicological 

condition of the estuary is generally good, the system is hydrologically stressed due to freshwater 

deprivation. There is currently no management plan for the estuary that can address these issues and 

that can ensure that the Ecological Reserve for the estuary, which was determined in 1999 at great 

cost in terms of financial resources and scientific input, can be implemented. It is a huge tradegy that 

the New Water Act of 1998, which was promulgated to ensure the ecological integrity of aquatic 

systems, has produced all the necessary tools in the form of the Ecological Reserve with which to 

legally and effectively manage the Nhlabane Estuary, and yet it still has not been implemented a 

decade later. All the policies and conceptual monitoring plans are in place and all the hard work has 

been done in setting the Ecological Reserve, but the implementation of the Reserve by DWAF is still 

required.  

 

As stated earlier, the future health of the Nhlabane Estuary is dependent on effective management and 
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the quantity and quality of freshwater inputs. Based on this, the following are regarded as key issues 

that should be addressed if the future ecological functioning of the Nhlabane Estuary is  to be ensured: 

�  Based on the legal framework created by the New Water Act, it is imperative that the Ecological 

Reserve for the estuary be implemented, as this will ensure that freshwater allocations for the 

estuary be adhered to. This will increase the frequency with which the estuary mouth breaches, 

thereby re-establishing the vital estuarine-marine link. 

�  A management plan should be designed for the estuary by the responsible management agency, in 

this case MCM, in which all stakeholders are represented. As noted by Hay and McKenzie 

(2005), who compiled a detailed recent framework and manual on estuarine management in South 

Africa, stakeholders include other state and provincial departments, local and district 

municipalities and traditional leadership, who, together with industry, should all be represented in 

a Nhlabane Estuary management forum. 

�  Management of the estuary should take place at both an estuary level, and at a catchment, or 

national, level. Regulation at the national level, regarding water supply and catchment 

management is a priority, mainly due to the fact that the system is hydrologically stressed. 

�  A monitoring program of key ecological components in the Nhlabane Estuary, which should 

complement the existing database and investigate long-term temporal and spatial changes in 

important biotic communities, should be regarded as a priority. This will allow management 

decisions to be made on relevant, up to date scientific information. Long-term monitoring 

programmes in estuaries are important in that they highlight long-term trends, help document 

ecosystem variability that is important for the interpretation of trends, generate hypotheses on 

fundamental ecological relationships and allow measurement of compliance to legal limits for fish 

and bait quotas (Hay and McKenzie 2005). The monitoring framework designed for the 

implementation of the Reserve should be followed as this will enable comparison of the biotic 

integrity  of the system once the Reserve has been implemented (Taljaard et al. 2003).  

�  Input of contaminants, particularly trace metals, into the estuary is limited. In this regard, the 

Nhlabane Estuary is considered to be of high conservation importance, as it is one of the few 

estuaries along the coastline that is not adversely affected by industrial development, other than 

dune mining, in its catchment. It is also the only estuary along a 70 km section of coastline 

between Richards Bay Harbour, a heavily industrialized port earmarked for considerable 

expansion in the near future,  and St Lucia, an ecologically severely stressed and degraded coastal 

lake during recent years. The ecological importance of the Nhlabane Estuary as an alternative 

sheltered estuarine area for marine migrant fauna in view of the substantial regional loss of 

estuarine habitat should be realised and motivation for the Nhlabane Estuary to be made a 

Estuarine Conservation Areas (ECAs) should be considered (Hay and McKenzie 2005).  
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